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Antimony (Sb) is a multivalent element with Sb(III) species [Sb(0H)3] dominant under 

reducing conditions arid Sb(V) species [Sb(0H)5] dominant under oxidizing conditions. 

Antimony (V) forms several polynuclear species in aqueous solutions; these species 

contribute significantly to the total Sb only at high Sb concentrations ( > 1 0 - 2 M ) . 

All of the known Sb compounds are very soluble; therefore, Sb concentrations are not 

expected to be solubility limited. Very little is known about adsorption/desorption 

behavior of Sb. Because of its anionic character under oxidizing conditions, 

adsorption by hydrous oxides at low pH values may be significant. 

RELATIVE STABILITY OF SOLID AND AQUEOUS SPECIES 

Antimony- a multivalent element^ exhibits -3, 0, +3, and +5 valence states. 

Antimony (III) and (V) are the stable oxidation states in aqueous solutions. Most 

of the Sb(V) compounds are very soluble and Sb in nature primarily occurs as Sb^S^ 

or Sb203 (Baes and Mesmer 1976). Thermodynamic data (see Appendix A, Table A-1) 

were used to predict the geochemical behavior of Sb. Figure 4-1 illustrates the 

dominant aqueous species for the Sb-H20 system. The Sb(V) species [Sb(OH)g] is 

predominant in oxidizing environments (pe + pH ̂  11.4) and at pH values >2.8. The 

Sb(III) species [Sb(0H)3] is predominant in relatively reducing environments (pe + 

pH i 11.4) at pH values between 1.5 and 11.2. 

The distribution of Sb aqueous species in equilibrium with Sb203 (cubic) is illus­

trated in Figure 4-2. As expected, Sb(0H)3 is the predominant hydrolysis species at 

low redox potentials with Sb(0H)g becoming increasingly important at high redox 

potentials. The species Sb2S^" will be important in reducing environments if the 

total sulfide concentration exceeds 10"°'^ Ĵ . Figure 4-2 also shows that the con­

centration of Sb in equilibrium with Sb203 will be a function of pH and Eh and will 

always be equal to or greater than 10"^'^ ]j_. 

Figures 4-3 and 4-4 show the distribution of Sb(V) species as a function of pH. The 

only known Sb(V) solid phase, Sb205(c), is highly soluble. Therefore, various total 

concentrations of Sb were examined. At 0.001 M_total Sb, Sb(OH)^ and Sb(OH)" are 

4-1 



10 ^ 

-20 

'̂"̂ •̂ .̂  

Sb(OH)° 

o 
n 
CO 

-

1 

^ ^ ^ ^ ^ ^ ^ ^ ^ 
^ ^ 

SblOH)i 

Sb(0H)5 ^ \ 

1 1 1 

^^^^^^ 

^ ^ ^ 

\ 

1 

- - ^ 

sb(OH); 

1 
10 12 

pH 

Figure 4 - 1 . pe-pH diagram for Sb-H20 system, 
at 25°C. The out l ined regions indicate the 
conditions under which the given Sb solut ion 
species is predominant. 

the dominant species with the polynuclear species Sb^2(0'^)64 ^"^ 5'^12('^^^65 P^^sent 

in very small quant i t ies . The Sb( I I I ) species [Sb(OH)°, Sb2S|-, Sb(0H)4] w i l l be 

unimportant except, in reducing environments. As with a l l polynuclear complexes, the 

importance of the Sb^2(0^^)x species increases as the to ta l Sb increases. In 

Figure 4-4, the Sb^2(0H)54 species is dominant near pH 2 when to ta l Sb is 0.01 _M. 

I t should be noted that at low pH, even though the concentration of Sb(OH)^ is 

s l i g h t l y higher than Sb^2(0H)54, the Sb^2(0'^)64 actual ly contains a far greater 

f rac t ion of the to ta l antimony because of the 12 Sb atoms per molecule of 

polynuclear complex. 

Even though f a i r l y high Sb concentrations were selected for Figures 4-3 and 4-4, the 

s o l u b i l i t y products of known Sb sol ids are never exceeded. The Sb species under, 

oxijdizing environments and the environmental range of pH are negatively charged; 

therefore, one would expect Sb to be highly mobile in oxidized environments. The 

s o l u b i l i t y of Sb as a funct ion of redox is fur ther i l l u s t ra ted in Figure 4-5 in 
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Figure 4-2. The activities of Sb(III) aqueous 
species along with a Sb(V) species [Sb(OH)g] 
in equilibrium with Sb203(c). 
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Figure 4-3. The equilibrium concentration of Sb(V) 
species in 0.001 M total Sb(V). 
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Figure 4-4. The concentration of Sb(V) species 
in equilibrium with 0.01 M total Sb(V). 

which the concentration of the dominant solution species in equilibrium with the 

least soluble Sb solid phase is plotted as a function of pe + pH. The solids are 

highly soluble in environments with redox potentials greater than pe + pH of 10. 

Even at pe + pH < 10, the solubility of Sb203 is fairly high (lO"'^*^ j;!̂ ). The 

antimony-sul fide solid, Sb2S3, will not'likely form because the S^" concentrations 

necessary to precipitate the solid will also form very high concentrations of the 

solution species Sb2S4" 

f PRECIPITATION/DISSOLUTION 

Although very limited literature is available for Sb behavior in the environment, 

all of the known Sb solids are fairly soluble. Thus, it appears that Sb concentra­

tions in geologic environments may primarily be controlled by adsorption/desorption 

reactions rather than precipitation/dissolution. 

ADSORPTION/DESORPTION 

Little is known of the adsorptive behavior of Sb in soil, subsoil, or ground water, 

though preliminary studies suggest it is a mobile constituent under diverse envi­

ronmental conditions (Shvartsev et al. 1974; Ames and Rai 1979). Antimony has been 
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Figure 4-5. The effects of redox potential (pe + pH) 
on the solubility of Sb203(c) and Sb205(s) and the 
nature of dominant aqueous species. 

used as an indicator species in hydrogeochemical prospecting because of its high 

mobility in various geochemical settings from oxygenated to highly reduced waters 

(Shvartsev et al. 1974). The two valence states [Sb(III), Sb(V)] are found pri­

marily in solution as neutral and negatively charged species [Sb(OH)^], [Sb(OH)g] 

over the pH range of about 3 to 12 (Figure 4-1). Low adsorption (Kd) is observed in 

soil from high salt, high pH solutions (Ames and Rai 1979). 

Migration has been rapid through soils following spillage of nuclear fuel reprocess­

ing wastes (Haney and Linderoth 1959, Haney 1967, Magno et al. 1970). Adsorption 

may become more significant under weakly acidic (pH 4 to 5.5) soil/subsoil or ground 

water conditions where amphoteric hydrous oxides are positively charged, encouraging 

adsorption of anionic Sb components. Considerable research is needed to define the 

magnitude of Sb adsorption from utility waste leachates under diverse subsurface 

conditions. 
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The fate of antimony in the aquatic environment is determined by a 
number of factors including pH, Eh, sorptive interactions, and biologically 
mediated methylation. • Due' to''the relatively high solubility of the anti-
monite and antimonate ions, most of the antimony introduced into the aqua­
tic environment is probably transported in solution to the oceans. Copre-
cipitation with iron and aluminum oxides, adsorption by mineral surfaces, 
and bioaccumulation may, however, be responsible for removing some antimony 
from solution. Biologically mediated methylation or reduction to stibine 
(SbH3) may occur in reducing environments, resulting in remobilization of 
antimony. The relative'importance of each of these processes varies widely 
among watersheds; but,•in general, transport of•dissolved antimony to' the 
oceans is the most probable dominant fate.. • ' ' 

5.2 Identification - Geochemistry of Antimony ' ' 

Antimony is an element occurring in concentrations of about 0,2-0.5 ppm 
in the earth's crust (A.D. Little, Inc. 1976). Important minerals'of anti­
mony are the native element Sb; stibnite Sb2S3; kermesite Sb2S20; senarmonite, 
Sb203; jamesonite, 2PbS-Sb2S3; boulangerite 5PbS-2Sb2S3; and the•sulfanti-
morids of copper, silver, and-nickel. Important artificial compounds include 
stibine, SbH3 (a noxious poisonous gas), the chlorides•SbCl3 and SbCls, the 
sulfides Sb2S3 and Sb2S5, and the oxides Sb203 and Sb205. 

Antimony has chalcophilic properties, and thus combines readily with 
sulfides. Antimony shows no marked preference for mafic or silicic rocks. 
Antimony becomes enriched-ih the early stages of magmatic differentiation 
in sulfide bodies. In addition,--antimony accumulates in late-stage grani­
tic pegmatites, together with niobrium and tantalum oxides, in granodio-
rites, and hydrothermal sulfide deposits. Antimony is also present in 
galena (a lead ore)V:in = amounts'up to 1%, where it replaces either the lead 
or the sulfur. Antimony may also substitute for arsenic in many minerals. 

ii 

IP' 
It: 

Little is known about the behavior of antimony during weathering. 'The 
antimony sulfides may-be converted to the corresponding oxides, and'if 
probably occurs in both'hydirolysate and oxidate sediments. Antimony may 
accumulate with heavy'elements in carbonaceous shales or become sorbed on 
clays and hydrous oxides!''' Thus, it may be enriched in manganese oxide ' 
sediments and black shales.^ • ' ' ' •• ' / 
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Antimony has an atomic number of 51 and•an atomic weight of 121.75. In 
i t s compounds, i t has a valence of +5, +3, or - 3 . When in the +3 s ta te i t 
has metal l ic c h a r a c t e r i s t i c s . Antimony's chemical properties are analogous 
to those of a rsen ic , which i s d i r ec t l y above-it in ; the periodic t ab le , and 
forms compounds with a number of other elements, siich as oxygen, hydrogen, 
su l fur , and the halogens (Weast 1977). • 

Antimony's CAS number i s 7440-36-0;,its^TSL number i s A167-6664. 

5.3 .Summary of Fate Data - -,. 

5.3.1 Photolysis : , 

Antimony compounds may undergo photochemical reac t ions , but none 
of these appear to be important in determining aquatic f a t e . Stibine 
(SbH3) reac ts with.sulfur a t 100°C in the presence .of l igh t to form a n t i ­
mony su l f ide . Under the same condi t ions, s t i b ine reacts with selenium to 
form antimony selenide (A.D. L i t t l e , Inc. 1976). Antimony t r ioxide can act 
as a photocatalyst for the oxidation of organic matter by .u l t rav io le t 
l i g h t , producing organic peroxides (Markham jet a l . 1958.) 

5.3.2 , Chemical Speciation : ; •. . 

The chemical propert ies of antimony resemble those of bismuth and 
a r sen ic . , , Antimony loses i t s 2(s) and 3(p) ,elect:rons readi ly , and'may exis t 
in the oxidation s t a t e s - 3 , +3, +5, and-0, although the existence of simple 
Sb"*"-̂  or Sb"̂ ^ ions i s improbable. In reducing environments, s t ib ine 
(SbH3) may be formed. Stibine i s a gas at room temperature, and i t i s 
qui te soluble in water (5,000 mg/1). . I t i s no t ; s t ab le : in aerobic waters 
and. i s hydroiyzed to form the oxide* .The formation of s t ib ine in bed sed i ­
ments- (which usually offer a-reducing environment) may resu l t in remobili­
zation.of antimony which had been removed from solution by.adsorption, co-
p rec ip i t a t i on , e t c . , • ;,- ' . : . ; 

. i Under moderately oxidizing conditions, . antimony has a valence 
of +3, and i t is.found in solution as the hydrated t r iox ide , 
Sb203(H20)j^. Unlike a r sen ic , which forms arsenious acid 
(H3ASO3) under mildly oxidizing condi t ions , the lower valence acid of 
antimony i s unknown; however, the antimonites are well defined s a l t s 
(Cotton and Wilkinson 1972). The higher acidj H3Sb04i does ex i s t . 
although i t does not appear to d issoc ia te completely to the Sb04~'̂  ion 
even in the most a lkal ine conditions (Cotton and Wilkinson 1972). This 
form of antimony, in which the element exhibi ts a valance of +5, i s found 
only in highly oxidizing environments. 
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Antimony salts, added to aqueous media, are hydroiyzed to the 
oxide or antimonic acid forms. Although the hydrolysis products are usu­
ally less soluble than the.original salts, the solubility is still suffi­
cient to keep antimony in solution, except for cases of extremely heavy 
loading. When the system is no longer saturated, any antimony^that pre­
cipitated out as the oxide will go back into solution. 

i 

The oxides, i.e., antimonite and antimonate forms, which are 
stable in the redox range typically observed in natural waters, all have 
sufficient solubility to keep antimony in solution at the levels of con­
centration normally found in natural waters. The calcium, magnesium, and 
sodium salts of the antimonates and antimonites are probably not a signifi­
cant control on antimony solubility; but, by analogy to arsenic, some of 
the trace metal compounds may exhibit limited solubility. Thus, one could 
speculate that the. presence of heavy metals (e.g., copper) in solution may 
reduce the mobility of antimony. 

i '; 

i 

i 

Sit? I 
i 11 

11 

5.3.3 Volatilization. 

Antimony may be volatilized when in the form of stibine or its 
methylated derivatives. Stibine can be formed by reduction of antimony in 
the.sediments. Although biomethylation of antimony has not been demon­
strated, there are no obvious thermodynamic or kinetic obstacles (Parris 
and Brinkman 197 5, 1976). Moreover, the elements Sn, Pb, As, Se, Te, which 
surround antimony in the periodic table, are subject to biomethylation, 
suggesting that biomethylation pathways could exist for antimony (Parris 
and Brinkman 1975, 1976). Stibine is rapidly oxidized in air or oxic water 
to form Sb203. It is likely then, that most of the stibine formed in 
the sediments reacts in the water column to produce the oxide, resulting in 
remobilization of antimony. 

The methylated forms of antimony are also subject to oxidation. 
Parris and.Brinkman (1976) estimate the rate of oxidation of trimethyl-
stibine as greater than 10"^ M"-'- s"-'-. The product of this reaction, 
(CH3)3SbO, is much more soluble than trimethylstibine; and, therefore, 
this oxidation would probably tend to reduce volatility. The rapid rate of 
oxidation implies that, if trimethylstibine is formed in natural systems, 
much of it would be oxidized before it volatilized and only a small amount 
of the volatile antimony compounds formed by either abiotic or biotic 
mechanisms would be liberated to the atmosphere. 

5.3.4 Sorption 

The extent to which sorption reduces the aqueous transport of 
antimony is unknown, but it is clear that sorption processes are normally 
the most important mechanisms resulting in the removal of antimony from 
solution. Antimony apparently has an affinity for clay and other mineral 
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surfaces. Coprecipitation of antimony with hydrous iron, manganese, and 
aluminum oxides may exert a significant control on antimony mobility in 
areas where there is active precipitation of these metals. Crecelius et 
al. (1975) studied the metal concentrations of Puget Sound, Washington, and 
found that, in uncontaminated areas, most of the antimony in the sediments 
was bound to extractable iron and aluminum compounds; Antimony bound in 
such forms would probably be susceptible to remobilization via bioaccumu-
lation, reduction, or biomethylation. Oh the other hand, antimony in 
heavily contaminated areas was found mainly in stable, unextractable forms. 
These forms might include the oxide or insoluble metal antimonates or anti­
monites. Crecelius ££ £l. (1975) found that less t:han 10% of the antimony 
in sediments from both the contaminated and uncontaminated sediments was 
bound to easily oxidizable organic matter. Since antimony has an anionic 
character in aqueous solution, it probably has little affinity for complex-
ation with humic and fulvic acidsj which are important complexing agents 
for metals. 

Maxfield e_t JlĴ. (1974), in their study of heavy metals in the 
Coeur d' Alene River of Idaho, found that antimony was concentrated and 
evenly distributed throughout the sediment. They, suggested that, although 
antimony is being adsorbed by all types of particulate matter, it is not 
being strongly bound in the sediments. The high levels of antimony that 
are characteristic of this region are due to former antimony mining acti­
vities; and the antimony found in the sediments probably entered the sys­
tem, not in the dissolved state, but rather on particulate matter. Max-
field £t̂  £JL. (1974) concluded that the results suggest that antimony is 
leaving the sediments; but since this is a diffusion controlled process, it 
proceeds slowly. 

Strohal ejt _£l. (1975) investigated antimony in the sediments of' 
the North Adriatic Sea. They- found that the fixation rate of antimony on 
various inorganic particles is rather small.' They found, however, that 
antimony could be accumulated by organic matter, especially humic acids. 
Unfortunately, sorption processes of antimony have not been studied in en­
ough detail to quantify the role of sorption in its aquatic fate. 

5.3.5 Bioaccumulatiion 

Antimony is only slightly bioaccumulated and has been little 
studied in aquatic organisms. Leatherland ££ J^« (1973) found low levels 
of antimony in various fishes and invertebrates collected off the northwest 
coast of Africa; antimony was generally present in higher concentrations in 
invertebrates than in fish. Aquatic organisms from the Danube River and 
Danube Canal in Vienna, Austria, were found to contain only background 

5-4 

• f i i . • 

«iii 



\m 

i?; 

I 

S'C^I 

levels of antimony (Rehwoldt et al. 1975). Similar results were obtained 
in clams, mussels, and shrimp by Bertine and Goldberg (1972). Table 5-1 
summarizes known bioconcentration factors for antimony. 

Table 5-1 

Bioconcentration Factors for Antimony 

Taxon 

Freshwater fish 

Freshwater invertebrates 

Marine fish •' 

Marine invertebrates 

Bioconcentration Factor^ 

40 

16,000 

40 

16,000 

Reference 

Chapman et^ a]^. 1968 

Chapman et^ £l. 1968 

Chapman et_ al^. 1968 

Chapman et al. 1968 

a. Concentration factors are.,defined by the ratio of the 
concentration of the element in the organism in ppm (wet weight) 
divided by the concentration of the element in water (ppm). 

5.3.6 Biotransformation 

'"^r. 

I , ' 

ii 
*"*! 

It has been reported that a species of bacteria, Stibiobacter 
senarmontii, utilizes the energy released by metabolically induced oxida­
tion of antimony (Lyalikova 1974), but the distribution and ecological 
importance of this organism is unknown. As previously mentioned, bio­
methylation of antimony has not been demonstrated, but it is thought that 
this process could occur in the environment (Parris and Brinkman 1976). 

m̂  

[• 

5.4 Data Summary 

Although the aquatic fate of antimony has not been comprehensively 
studied, it appears that most of the antimony introduced into aquatic en­
vironments is probably transported in solution to the oceans. Sorption 
processes act as temporary sinks for antimony, but bioaccumulation, re­
duction to stibine, and possibly biomethylation may act to remobilize anti­
mony in bed sediments. There is a possibility that heavy metals in solu­
tion could react with antimonite (H3Sb03, H2Sb03~, HSb03~2, 
Sb03"^) °^ antimonate (H3Sb04, H2Sb04", HSb04"2) species 
to form insoluble compounds, greatly reducing the mobility of antimony, but 
the importance of such reactions is unknown. The aquatic fate of antimony 
is summarized in Table 5-2. 

5-5 



i 

W. 

.h 

Environmental 
Process 

Photolysis 

Chemical 
Speciation^ 

Volatilization 

Sorption^ 

Bioaccumulation 

Biotransformation^ 

Table 5-2 

Summary of Aquatic Fate of Antimony 

Summary 
Statement 

Not important. 

Antimony is present as the 
soluble oxide or antimonite 
salt in most natural waters. 
In reducing environments, vola­
tile SbH3 may be formed. Most 
species of antimony are soluble 
and mobile in the aquatic environ­
ment. 

Important where SbH3 is stable. 

Antimony is adsorbed by clays 
and organic materials. 

Very slight. 

Biomethylation may occur. 

Confidence of 
Data 

Low 

Medium 

Medium 

Low 

Medium 

Low 

a. All of the noted environmental processes are important; however, their 
relative importance with respect to each other is uncertain for 
determining final fate. ' '̂ 
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INFLUENCE OF ACIDIFICATION ON THE CONCENTP^ATION OF LESS 

COmiON TRACE ELEMENTS IN DUTCH GROUNDWATER 

B.G. Arends, H.A. van der Sloot 

Netherlands Energy Research Foundation (ECN), 

Petten, The Netherlands 

W. van Duijvenbooden 

National Institute of Public Health and 

Environmental Hygiene, Bilthoven, The Netherlands 

ABSTRACT 

Thirty six rare trace elements were measured in groundwater at 31 lo­

cations in the Netherlands. Especially in sandy soils with a low pH, 

relatively high values of some metals are found, while concentrations 

of trace anionic species like As are decreasing. 

1. INTRODUCTION 

Knowledge of background levels of trace elements in groundwater is 

important as a reference in pollution events and in the assessment 

of groundwater acidification. 

Little information is available on a number of less common elements 

in Dutch groundwater. This relates to their background concentra­

tions, the variation in concentration and the dependence of element 

concentrations on soil type and groundwater pH. 

In this work less common elements in Dutch groundwater have been 

analyzed in relation to soil type. Concentrations are presented as a 

function of pH, which gives an indication of the consequences of aci­

dification, especially in sandy soils. Elements measured are: Ag, Al, 

As, Ba, Br, 01, Co, Cr, Cs, Eu, Hf, Hg, J, Mn, Mo, Ni, Rb, Sb, Sc, 

Se, Sr, Th, U, V, W, Zn and at some locations: Au, Ce, La, Lu, Nd, 

Sra, Sn, Ta, Tb, Yb. 
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2. SAMPLING AND ANALYSIS 

Sampling stations were selected from the national groundwater quality 

network of the National Institute of Public Health and Environmental 

Hygiene [1], figure 1. 

At 31 location samples were taken at 10 m and 25 m depth - using a 

vacuum pump system in order to minimize contamination [2]. A small 

sample was used for on-site pH-measurements. Analysis of trace 

elements requires special precautions to avoid contamination from 

sampling materials or particulate suspended matter. Immediately 

after collection the sample is filtered under nitrogen through a 0.45 

]im. membrane-filter using a full-teflon filtration apparatus [3]. 

and subsequently acidified with HNO to pH 2. 

In comparison with common practise to collect unfiltered samples the 

difference in final results is obvious. For La, for example, the con­

centration in groundwater ususally is less than 100 ppt. The 

concentration in clay is about 45 ppm [4]. Assuming that per liter 5 

mg of suspended particulate matter is dissolved by acidification to 

pH=2, this would lead to an incorrect dissolved concentration of 225 

ppb La. Other elements showing a similar behaviour are Ce, Co, Eu, 

Hf, Lu, Sc, Sm, Ta, Ti and Th. 

In our laboratory, neutron activation analysis was used after a pre-

concentration procedure, which has been applied in the determination 

of trace elements in sea water [5~8]. 

3. RESULTS 

Average values of the measured elements are listed in table 1, divi­

ded into three pH-ranges and two sampling depths. In this table no 

distinction is made according to soil type. 

Average pH-values in groundwater of three soil types clay, sand and 

peat are given in tabel 2. Especially under sandy soils a fairly wide 

pH-range has been observed. Low pH-values are measured under sand in 

the.south of the Netherlands (pH =3-8) in an area sensitive to soil 

and groundwater acidification. 
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In table 3i the concentrations of some important elements are given 

according to soil type and pH. As there is only a limited amount of 

samples in each group, the values show a great variation. 

The effect of increasing acidification of groundwater on the 

concentrations of less common elements in groundwater can be deduced 

from figures 2-5. Europium is an example of an element which is 

dissolved in acidic groundwater. Other elements behaving similarly 

are Co, Ni, Or , Zn, Sc and lanthanides. According to the results 

for Zn and Ni based on sampling of all 370 measuring points of the 

national groundwater quality network, highest concentrations and 

variations can be found in groundwater under sandy soils. Probably 

this is caused by wide pH ranges in and low cation exchange capacity 

of sandy soils. Aluminium shows a minimum in dissolved concentration 

at pH ~ 5-5. which is in agreement with the minimum solubility of Al 

phases at this pH [9]- Extremely high Al-concentrations can be found 

around a pH-value of about 4. 

Many trace oxy-anions like As, Mo or W show decreasing concentrations 

with increasing acidification. In this scope also the redox can be 

of importance, for example the reduced form As is more soluble. 

The As concentration may increase in reducing environments [10], 

particularly in deeper groundwater. 

Element correlation studies have shown a striking correlation of va­

nadium with total organic carbon. An explanation might be found in 

the combustion of oil, as oil ash may contain considerable amounts of 

vanadium (~ 5^) [H]- According to Pacyna [12] the atmospheric 

deposition of vanadium through oil firing is considerable. 

Moreover, relatively high V concentrations ( up to 100 ppb ) have 

been observed in rainwater, particularly in the more industrialized 

western part of the Netherlands [13]- The mobility of the oxyanion 

vanadium in soil is higher than that of trace metals, like Cu and 

Zn, which carry a greater potential for further dispersion into 

deeper groundwater. We did not measure sufficient locations to 

completely exclude dependence of vanadium concentration on soil type. 

Here further research is needed. Solubility relations are found for 

Ba and SO^, for Sr and CO^ and for U and C0_. High concentrations of 

the cation are only possible in water with low concentrations of the 

anion. 
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The limited number of data can already give an indication of the con­

sequences of increasing acidification of groundwater in the province 

of North Brabant and Drenthe, as described in the contribution of 

W. van Duijvenbooden [l4]. It shows that the concentrations of heavy 

metals like Zn, Co and Ni and also Al will increase with decreasing 

pH, while anions like Mo or As will decrease in concentration. As a 

result, an essential anionic trace element like Mo, might not be 

available in necessary concentrations for plants, leading to plant 

damage. More research is needed on the influence of acidification on 

trace element concentrations in groundwater in different soil types. 

On the other hand very high Al-concentrations may cause troubles in 

case of drainage of groundwater to surface waters. 

Information on the chemical form of trace elements in groundwater is 

important for a correct description of the behaviour of trace 

pollutants. Speciation techniques are available, but speciation has 

to be done in the field immediately after sample collection which 

requires the use of field laboratories. In this respect more 

information on the redox state of the sampled groundwater is 

required. 

Figure 1: Sampling stations for groundwater on different soil types. 
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Table 1. Average concentration of Dutch groundwater in ppb for three 

pH-ranges and two depths (10 m and 25 m) . X ^ A / C 

\ % \ •• 

• f ' l f • 
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Ele­

ment 

Al 

As 

Co 

Cr^^ 

Eu 

Hg 

La 

Mn 

Mo 

Ni 

Sb 

Sc 

Se 

Sr 

U 

V 

w 

Zn 

pH 3 

10 m 

1834 

0.31 

4.9 

0.55 

0.21 

0.026 

max91 

300 

0.23 

16.9 

0.32 

0.15 . 

0.014 

609 

0.43 

0.76 

0.019 

102 

.6-5 

25 m 

410 

0.43 

4.4 

0.53 

0.138 

0.014 

maxl05 

197 

0.34 

2.4 

0.04 . 

0.25 

0.011 

365 

0.29 

0.57 

0.035 

53 

pH 5 

10 m 

• 70 

2.0 

0.3 

0.7 

0.016 

0.02 

max2.1 

436 

0.14 

2.9 

0.05 

0.087 

0.034 

800 

0.16 

1.2 

0.5 

85 

-6 

25 m 

206 

0.9 

0.21 

0.61 

0.021 

0.019 

<0.1 

510 

0.14 

0.9 

0.031 

0.069 

0.009 

970 

0.02 

0.72 

0.08 

7 

pH 6 

10 ra 

69 

3.0 

0.16 

0.65 

0.004 

0.018 

<0.1 

440 

0.44 

2.9 

0.06 

0.031 

0.012 

870 

0.11 

0.84 

0.18 

23 

-7 

25 m 

290 

4.6 

0.15 

0.83 

0.005 

0.019 

<0.1 

430 

0.47 

1.2 

0.042 

0.052 

0.008 

1549 

0.04 

0.83 

0.22 

4.1 

range 

<20-5460 

<0.01-55 

0.01-19.3 

0.03-9.76 

<o.005-4 

0.01-0.05 

<o.1-105 

5-2060 

<o.05-2.1 

0.2-36.7 

<0.02-1.33 

0.05-0.84 

<o.005-0.179 

80-6050 

<0.01-1.3 

0.06-3.44 

<0.015-3.64 

<l-440 

H • 

Table 2. pH in Dutch groundwater for different soil types. 

lii, 

soil type 

mean pH 

standard deviation 

number of samples 

clay 

6.4 

0.3 

9 

sand 

5.7 

1.2 

17 

peat 

6.1 

0.3 

5 
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Table 3. Average concentrations of selected elements (ppb) for 

different soil types at 10 m depth. 

pH-range 

Al 

As 

Co 

Eu 

Mo 

clay sand peat 

5-6 >6-7 <5 5-6 >6-7 5-6 

<50 38 2300 <20 . 4l 

6.2 3.2 0.3 0.66 3.15 

0.27 0.16 6.20 0.29 0.15 

0.013 0.006 0.260 0.004 0.003 

<0.05 0.46 0.27 0.10 0.59 

>6 

200 113 

0.87 2.7 

0.40 0.16 

0.032 0.007 

0.35 <0.05 

I 

mi 
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CHEMICAL CHARACTERISTICS OF LEACHATE FROM 
MUNICIPAL SOLID WASTE LANDFILLS IN WISCONSIN 

P e t e r Kmet"! and Paul M. HcGinley^ 

A b s t r a c t 

Conection and treatment of leachate fron landfills has been 
practiced in Wisconsin for many years. During this time, 
numerous measurements have been made of leachate quality to 
determine the degree of waste stabilization, parameters of 
potential concern with regard to groundwater contamination, 
leachate treatability and treatment billing costs. 

Leachate quality data from 15 active municipal solid waste 
landfills, some of which have practiced co-disposal of hazardous 
wastes, is compiled and analyzed. Parameters sumr.iarized include 
pH, suspended solids, specific conductance, BOD, COD, hardness, 
alkalinity, sulfates, chlorides, numerous metals and priority 
pollutants. 

Data analysis includes time - concentration graphs for select 
parameters, determination of the range and median value for each 
parameter for. individual sites and histograms displaying the 
frequency of occurrence of site medians for each parameter. 
Leachate chemical characteristics are compared to that of 
typical municipal wastewater and water quality standards. 

The analysis confin.is that leachates from municipal solid \;aste 
landfills in Wisconsin are severely contaminated liquids with a 
strength greater than or equal to that of Municipal wastewater 
for most parameters measured and several contaminants exceeding 
drinking water standards. A significant degree of variability 
is also encountered and factors which may be influencing 
leachate quality at the individual sites are identified and 
discussed. 

Introduction 

Municipal solid \/astes are wastes generated primarily by 
residential activities but usually also include varying amounts 
of comr.iercial and industrial wastes, some of y;hich may be 
classified as hazardous. These wastes include a wide variety of 

\ 

^Environmental Engineer, Bureau of Solid Waste Management, 
Wisconsin Department of Natural Resources. 

^Environmental Specialist, Bureau of Solid Waste Hanageinewt, 
Wisconsin Department of Natural Resources. 
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discarded materials such as paper products, food wastes, garden 
wastes, glass and ceramics, various metals, plastic, wood, ash 
and dirt. Some industrial process solid wastes that often are 
disposed of in municipal solid waste landfills include papermill 
sludges, boiler ash and foundry sands. When landfilled in a 
humid climate like Wisconsin's these wastes begin to decor.ipose 
and leach. Sources of liquids which contribute to this leaching 
action can be percolating rainfall and surface water, 
infiltrating groundwater or the refuse itself. The resultant 
liquid called [municipal solid waste (MSW) leachate can be 
severely contaminated making it undesirable from both an 
aesthetic and toxicological viewpoint. 

The chemical composition of MSW leachate has been described by 
ranges in the literature which, while indicative of the 
variability, give little insight into the likely composition of 
a "typical" leachate in Wisconsin. The development and review 
of treatment proposals for MSW leachate are dependent on 
adequate characterization of leachate quality. Further 
knowledge of its chemical contamination potential is also 
necessary to insure adequate groundwater protection in the 
design of landfills. To help fill this gap, leachate quality 
information from several Wisconsin landfills has been gathered 
and analyzed. This sur.'mary is not intended to be the final 
answer to prediction of MSW leachate quality, but hopefully, 
when examined with other information available in the literature 
and with regard to site specific variables, a more accurate 
assessment of a given site's expected leachate chemical 
characteristics will be possible. 

Methods 

To initiate this study, several HSW landfills with leachate 
collection systems were identified through discussions with 
Department of Natural Resources Solid waste staff. Department 
files were then examined and available data on leachate 
characteristics was compiled. Where necessary , supplemental 
data was obtained through follow-up contacts with landfill 
operators and the wastewater treatment plants treating 
leachate. Figure 1 is a map of Wisconsin showing the 
approximate location of those sites where leachate data has been 
obtained. The numbers identifying sites on this map and 
throughout this paper are the license identification numbers 
used by the Department in its records. Additional information 
on each site is surnmarized in table 1. From this table, it 
should be noted that all of these sites are relatively young so 
that the leachate data compiled in this paper is respresentative 
of MSW landfills in their early stages of decomposition. 

Only data from leachate collection systems and leachate 
headwells has been included in this paper. These sample 
locations were selected because they were felt to be more 
representative of "true" leachate than leachate seeps, ponds and 
contaminated groundwater monitoring A^eJls. 
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SAMPLE SOURCES 

• COLLECTION SYSTEM 

A WELLS IN REFUSE 

« COLLECTION SYSTEM AND WELLS 

FIGURE 1: LOCATION OF MSW LANDFILLS INCLUDED IN THIS REPORT 
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TABLE 1: C h a r a c t e r i s t i c s of MSW L a n d f i l l s Included In This Report 

N> 
N> 
00 

L icense 
1 

307 
572 

611 

65Z 

719 

1095 

1678 

Nante 

WHI-Polk 
Land Redamat lo r 
LTO 
Winnebago Co. 

Tork 

D o l a f i e l d 
( l i n e d area o n l ) 

WHI-FrankHn 

"Will-Omega I H I I s 
( N o r t h ) 

Z358 Fond du Lac Co. 
(Area 11) 

i i M Outagamie Co. 
( p re -expans lon ) 

25fi9 firown County 
East 

7B?7 

2630 

T m 2 

2021 

2n92 

ZB95 

(DMSW = 

Super io r 
(Hoccasl . i Mike) 
Dane Co. 
(Verona) 
J a n e s v l l l e 

Eau C l a i r e Co. 
(7 M i l e Creek) 
Marathon Co. 

To ta l 
Design 
Volume 

(CY) 

0.5x106 
- 1 7 5 x 1 0 « -

4x10* 

nrrxiD«~ 
1x15« 

) 

"UTIB" 

lOxlOfl 

" o r n j f l " 
2x100 

"Tx i n * 

IJ .TxITl f t " 

1.5x10*~ 

0.7x100" 

O i l O f l " 

Trrxio«~ 
WII-Huskego 1.3x11)" 
( L i ned Area Only) 

Mun i c i pa l S o l i d Waste; IKD 

P r i n c i p l e ! 
Waste Types 

Received 

MSW 
HSH. TMD, 

HSW. IIJO 

HSW. IHO 

MSW 

HSW, IIJO. 

-wsvrnnir 

•^fsirrnnr 

"Hswrrnnr 
"HSW 

HSW 

HSW 

"HSW, THO 

"HSW ' 

HSW. IHO 

HSW 

•" Nnn llaza 

IIW 

IIV 

IIU 

rdo 

Type o f 
Design 

Clay Lined 
Zone of 
Saturation 
Zone of 
Saturation 
Cut Off 
Wall 
Clay l i ned 

Zone of 
Saturation 
7one of 
Saturation 
Zone of 
Saturation 
Zone of 
Saturation 
Clay Lined 

Zone of 
Saturation 
natural 
Attenuation 
Clay Lined 

Clay Lined 

Clay l i ned 

Clay Lined 

us Industr ia l 

Leachate 
Col lect ion System 

Hone Part. Fu l l 

X 
Y 

X 

y ' " " 

X 

X 

Waste; IIW 

X 

X 

X 

X 

" X ' 

X 

X 

X 

X 

X 

Date 
F i n i n g 

Began 

1970 
'"Pre 1970 

• Pre' 1970 

1970 

1975 ""'• 

Pre 1970 

1971 

1970 

1975 

"1976 

1976 

1977 

197fl 

197B 

' 1 9 0 0 ' 

1900 

" Hazardous Waste 

X Design 
Volume 
F i l l e d 

lOOl(Z) 
50? 

75? 

90J 

• 9 M " 

25t 

801 

751 

95t 

' 20? • 

60% 

701 

•""5oy 

30? 

20? 

40? 

Leachate 
Treatment 
Method 

Hone 
Racine 
STP 
Oshkosh 
STP 
Wisconsin 
Rapids STP 
Delahart 
STP 

Milwaukee 
MSD 
HIlMukee 
HSO 
Fond du Lac 
STP 
Appleton 
STP 
Green Bay 
MSD 
Superior 
STP 
Hone 

Janesvl l le 
STP 
Eau Cla i re 
STP 
Weyerhauser 
WWTP 

' Milwaukee 
MSO 

Sample 
Location 

Headwell 
Col lect ion 
System 
Col lect ion 
System 
Col lect ion 
System 
Headwells 
Col lect ion 
System 
Col lect ion 
System 
Col lect ion 
System 
Col lect ion 
System 
Col lect ion 
System 
Col lect ion 
S/$tera 
Col lect ion 
System 
Headwell 

Col lect ion 
System 
Col lect ion 
System 
Col lect ion 
Systen 
Col lect ion 
System 

•^nntl/ Closed 

m M' 



Samples from leachate collection systems have the advantage of 
being representative of leachate that is actually extracted froi.i 
a site for treatment. These are typically a single location 
such as a manhole or collection tank where all leachate within 
the site is directed to for removal. It is usually at this 
location where a sample would be collected for analysis. A 
second option would be to collect a sample from a truck at the 
time of delivery of the leachate to a treatment plant (if by 
truck). No distinction between these sampling locations is made 
in this report nor it is felt this difference is significant 
unless the leachate is stored for extended periods of time prior 
to sampling. 

Some sites extract leachate from several manholes, each 
connected to collection systems draining different portions of 
the landfill. In these instances, the leachate characteristics 
may v a r y considerably from manhole to manhole. 

Leachate head wells are monitoring wells that have been 
specifically installed to monitor the leachate head level and 
quality within a site. For sites without functioning leachate 
collection systems this is the only way of obtaining a sample of 
leachate for analysis. For some sites both leachate collection 
system and headwell samples were available. An important 
distinction between leachate headwells and contai.iinated 
groundwater monitoring wells is that the headwells are developed 
within r e f u s e , n o t in underlying soils or adjacent to the site. 
Thus, these wells should be obtaining a leachate sample that has 
not been subject to groundwater dillution or otherwise 
attenuated by soils underlying the site. 

Most of the leachate analyses summarized in this report are of 
samples that \/ere retrieved by the site operator or their 
consultant so the exact method of sampling is often not known. 
Most samples were probably retrieved by dipping a PYC bailer 
into the manhole, tank or headwell and transfer!ng the sample to 
one or more bottles for transport to a lab for analysis. Ph and 
conductivity are usually measured in the field on an unfiltered 
sample. Some samples have been filtered in the field prior to 
preservation but a majority appear to have been preserved and 
analyzed without filtering. These inconsistent procedures have 
undoubtedly contributed to the variability of the data although 
this is more of a problem for parameters which are \ / e r y 
sensitive to sampling methodology (e.g. iron) than for others. 

Once collected, the samples have been taken to different labs 
for analysis. Although not reported, it is expected most labs 
followed accepted procedures for analyses such as "Standard 
Methods for the Examination of Water and Wastewater" (1976). 
Since alternative analysis procedures are available, the 
variability in these results may be partially attributed to some 
labs using different methods. A range in detection limits 
because of this complicates further analysis of the data, 
particularly for trace contaminants. 
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In spite of these l imitat ions i t is f e l t the data sumr.iarized in 
this report is of reasonably Igood qual i ty. Although i t may not 
be equally precise i t does provide a good indication of these 
MSW leachate characteristics, part icular ly where multiple 
analyses are available. 

Results 

Table 2 sumarizes the analytical results for each parameter 
tested. Included are the total number of samples tested, the 
overall range of values encountered, a best estimate for the 
range within which most values fell and, for comparison, the 
overall range of values reported in this literature by several 
sources. The Wisconsin data includes analyses of samples from 
both collection systems and headwells. A brief discussion of 
each parameter follows along with presentation of site range and 
median values and time-concentration graphs for select 
parameters. To accomodate large variations in contaminant 
concentrations a logarithmic range scale was used for the range 
graphs of nany parameters. Where this scale was exceeded the 
highest values are indicated on the graph. The median values 
from each site are presented below the range graph in a 
histogram showing the frequency of occurance within a 
concentration range. 

pH 

The pH data from 12 Wisconsin landfills is sui.inarized in figure 
2. Only data from collection systems was included as headwell 
data was infrequent and extremely variable. 

From this figure it is apparent that significant variability 
exists between sites but median values fall within a relatively 
narrow range of 5.8 to 7.4 with most medians being slightly 
acidic. These acidic pH values are to be expected due to the 
abundance of volatile fatty acids and CO2 within a MSW 
landfill. 

These values are v/ithin the range reported in the literature for 
other MSW leachates although the extremes reported by some 
researchers were never witnessed. 

It is suspected that the highly buffered nature of MSW leachate 
would tend to dampen variation and confine the pH of a site 
within a narrow range. The variability is best addressed by 
examining the pH data of one of the more closely monitored sites 
through time. The pH data as a function of time for site #652 
is shown in figure 3. This plot shows that although the pH 
values can fluctuate over the entire range in several days, 
generally the daily and weekly fluctuations are a much smaller 
portion of this range. The changes in pH probably reflect 
subtle changes in fill metabolism or site conditions such as 
dilution by surface water or groundwater. 
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Suspended Solids 

The ranges and median values of suspended solids for 12 MSW 
landfill leachates are sho\/n in figure 4. A majority of this 
data was compiled from sewage treatment plants which accept 
leachate for treatment since suspended solids are not typically 
used to assess groundwater impacts. Only data from collection 
systems has been presented because headwell analyses were not 
available for this parameter. As figure 4 demonstrates, the 
ranges of reported concentrations for suspended solids were 
quite broad for most sites reflecting a large degree of 
variability for this parameter. However, the median values 
exceeded 1,000 mg/1 at only one site (2822) where only 2 values 
were reported. Median values were less than 500 mg/1 for more 
than half the sites. These values are comparable to those 
reported in the literature for other MSW leachates. 

The time variability of suspended solids is demonstrated by 
figure 5 which shows 12 months of weekly analyses for site 
#2895. The substantial fluctuation in these values demonstrates 
the difficulty in attempting to characterize a suspended solids 
concentrationfor MSW leachate in general or even that at a given 
site. While most values were 0-300 mg/1 the possibility of 
values exceeding'1 ,000 mg/1 cannot be discounted. 

Aside from sampling and analytical error one would not expect to 
see a great deal of variability in MSW leachate suspended solids 
analysis due to the nature of leachate collection systems. 
Leachate collection pipes are usually surrounded by a granular 
medium for conducting leachate and providing bedding for the 
pipe. Although percolating leachate would be expected to flush 
some solids from the refuse, when the leachate passes through 
this medium a degree of filtering \/ould be expected. One source 
of suspended solids may be surface water runoff which collects 
in the pipes prior to refuse deposition and is later washed 
through the system. Additional sources could include 
precipitation of ions, particularly iron, when the leachate is 
exposed to oxygen and floes of biological growth which may build 
up in the collection systen. 

Total Dissolved Solids 

Direct measurement of total dissolved solids (TDS) in MSW 
leachate is rarely performed in Wisconsin. Instead, since many 
of the soluable constituents in leachate a re electrolytes, 
specific conductance is used as an indirect indication of 
dissolved solids. Based on limited samples from 3 landfills 
where simultaneous determinations of TOS and conductivity were 
done for MSW leachate in Wisconsin it would appear an 
approximate relationship between the two is as follows: 

TDS (mg/1) = specific conductance (umohs/cm) x (1-1.2) 
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This is in general agreement with the relationship reported by 
Standard Methods (1976) for polluted waters. 

The conductivity ranges and median values for MSW leachate from 
12 landfills are displayed in figure 6. This includes data from 
both leachate collection systems and headwells. From this 
figure it is evident these leachates contain a substantial 
quantity of dissolved solids with values for conductivity as 
high as 10,000 umhos/cm not uncomr.ion. There is also a great 
deal of variability between sites. These values are comparable 
to those reported in the literature for other HSW leachates. 

The individual site variability can best be addressed by 
examining a plot of conductivity vs. time as shown in figure 7 
for site #652. Significant fluctuations are evident on a daily 
and seasonal basis. The seasonal peaks in the sui.ii.ier and winter 
months indicates this variability may be attributable in part to 
infiltration events flushing out varying amounts of dissolved 
constituents. Given the large daily variations it is apparent 
that detection of a pattern at any one site is dependent to some 
degree on the frequency of analysis. This variability, which 
exists on even a daily basis emphasizes the difficulty 
associated with predicting leachate quality. 

Organics (BOD & COD) 

The significant quantity of organic material in MSW leachate is 
reflected by its very high oxygen demand. The biochemical 
oxygen demand (BOD) test measures the oxygen depletion within a 
sample due to microbial activity and the chemical oxygen demand 
(COD) test uses a strong chemical oxidant. Not surprisingly, 
the COD is generally higher than the BOD, reflecting in part, 
the chemical oxidation of more recalcitrant organic compounds 
not subject to rapid biological utilization. 

The BCD ranges and median values for leachates from 12 landfills 
are presented in figure 8. These a r e analyses of collection 
system samples only and were measurements done primarily by 
sewerage treatment plants which accepted the leachate for 
treatment. The COD ranges and median values for leachates from 
12 sites are shown in figure 9. This data is less extensive 
since COD is commonly tested as a quarterly groundwater 
monitoring parameter by the landfill operator. Because the COD 
data was less extensive analyses of leachates froi.i both 
collection systems and headwells have been pooled together. 
These SOD and COD concentrations are generally consistent with 
those reported in the literature for other MSW leachates. 

From examination of this data two points are i[.mediately 
evident: (1) the BOD and COD of these MSW leachates is very 
high and (2) there is a considerable amount of variability in 
these parameters between sites and even within a given site. 
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The high organic strength of the leachates is of particular 
concern since this can result In a substantial organic loading 
on a treatment plant even though the dally quantity of leachate 
extracted may be relatively small (typically less than 
10,000 gpd). The between site variability is difficult to 
account for but is probably a reflection of several design 
factors such as dilution by Infiltrating groundwater (#652), 
dilution due to poor handling of surface water (#611), greater 
strength due to greater fill depth and codisposal of 
considerable quantities of high organic strength liquid 
Industrial wastes (#1678). 

a given site, 
on ranges might 
ity can best be 
select sites. 
Its for a year 
represents a grab 
a 1ift station 
achate can vary 
kload to 
0 be a seasonally 
in the late 

The variability of the organic strength within 
while generally not as great as the concentrati 
imply, can still be substantial. . This variabil 
examined with plots of BOD values vs. time for 
This data is shown in figure 10 where test resu 
have been ploted for 2 sites. Each data point 
sample for individual truckloads (#2895) or at 
(#652). From this figure-it can be seen the le 
considerably in organic strength even from true 
truckload. For site #2895 there also appears t 
related strength variation with a peak occuring 
sumer and fall. 

Nutrients (Nitrogen and Phosphorus) 

Of the nutrients in MSW leachate, nitrogen and phosphorus are of 
major concern, principally because of their importance in 
biological treatment. A major contributor to nitrogen in MSW 
leachate is the decomposition of complex nitrogenous compounds 
in the garbage fraction of the waste. Within fill nitrogen 
cycling probably occurs as a result of continuous assimilation 
and release by the landfill's microbiological community. Thus, 
it is not surprising that the nitrogen in MSW leachate can be 
present in several organic and inorganic forms. In reporting 
the nitrogen content of leachate both the total kjeldahl 
nitrogen, which includes the organic and ammonia forms, and the 
oxidized anionic nitrates and nitrites must be considered. 

The analysis of 11 MSW leachates for total kjeldahl nitrogen and 
atxionia nitrogen are depicted in figures 11 and 12. These 
figures show that both the total kjeldahl and ammonia nitrogen 
concentrations tend to fall in three groups of between 0-100 
mg/1, 200-500 mg/1 and one site (1678) at greater than 1000 
mg/1. As noted previously, site 1678 is a codisposal site which 
accepts a large quantity of liquid industrial wastes for 
disposal and this could contribute to its high nitrogen 
content. Comparison of these figures and of individual analyses 
indicates that a majority of total kjeldahl nitrogen appears to 
be in the ammonia form. This is consistent with data reported 
in the literature for other MSW leachates. 
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Concentrations of nitrate and nitrite - nitrogen found ^n MSW 
leachates is shown in figure 13. Although the overall range is 
substantial the median values for all but one site were In the 
0-2 mg/l range. These consistently low concentrations are not 
surprising when the reduced anaerobic nature of an MSW landfill 
Is considered. The few high values that were reported are 
suspected of being a reflection of improper sample preservation 
and handling rather than true values. 

Total phosphorus concentrations in the leachates of 6 sites is 
depicted in figure 14. In comparison to other parameters 
discussed so far these phosphorus concentrations are quite low. 
It Is suspected this Is a result of phosphorus being tied up 
within the fill due to absorption on cover soils and fixation 
due to reaction with metal complexes. This extremely low 
phosphorus level in MSW leachates is a characteristic commonly 
reported by several researchers. These low levels are of 
concern when considering leachate treatability as it is commonly 
estimated that to effectively treat an organic wastewater there 
must be a BOD to P ratio of 100 to 1. Most leachates have a 
ratio far in excess of this, indicating phosphorus addition is 
necessary unless the leachate is mixed with another wastewater 
stream with sufficient P content to compensate for this 
deficiency. 

Hardness 

Hardness, traditionally defined as a water's ability to 
precipitate soap, is a measure of the total quantity of 
polyvalent cat-ions in a water sample. In natural waters 
hardness is principally a reflection of the presence of calcium 
and magnesium although in MSW leachate iron and possibly zinc 
may also be important. 

The plot of the range and median total hardness values from ten 
MSW leachates in figure 15 shows that large ranges and some 
extremely high hardness concentrations were reported. Several 
sites reported hardness concentrations in excess of 10,000 mg/1 
with one sample as high as 225,000 mg/1. All site medians 
except one fell between 1,000-5,000 mg/1 as CaC03. These 
values include analysis of leachates from both headwells and 
collection systems. There is no readily apparent design or 
operational factor which appears to be causing sot.ie of the 
extremely high values. In general the hardness levels for these 
MSW leachates are consistent with those reported in the 
literature for other MSW leachates. 

Alkalinity 

As shown in figure 2 the pH variations at a given site are 
generally limited to a range of 1 to 1.5 pH units. This 
relatively low variability in pH can be attributed in part to 
these leachates' high buffering capacity. Total alkalinity is a 
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measure of this buffering capacity which for MSW leachates Is 
probably derived from the presence of substantial concentrations 
of carbonate - bicarbonate, hydroxide and organically derived 
fatty carboxylic acids. 

Analysis of the total alkalinity of leachates from 10 MSW 
landfills is shown in figure 16. Included are analyses of 
samples from both collection systems and head wells. The data 
Is somewhat limited In that several sites reported only 1 
analysis. The overall range of values reported was substantial 
at 4-10,600 mg/1 although individual site concentrations often 
span a considerably smaller range within these limits. Most 
values and site medians were clustered between 1,000 and 
10,000 mg/1. 

Chlorides & Sulfates 

Several researchers have shown the principle inorganic anions in 
MSW leachate are chlorides and sulfates. The predominance of 
these anions in MSW leachate is a reflection of their presence 
in many of the wastes disposed of and their high solubility. 
Chloride is particularly reflective of a landfill's leaching 
behavior due to its chemical stability, remaining as a free ion 
under a wide range of redox conditions. Sulfate leaching 
probably follows a more complex route than chlorides. The 
strong reducing conditions within an MSW landfill probably 
causes a reduction of some sulfate to sulfide, which is a 
powerful precipitant with many metals. In addition to metal 
precipitation, sulfur can be assimilated biologically so there 
is probably some biocycling of this element as leachate passes 
through the fil 1. 

The ranges and median values for chloride and sulfate analyses 
of several MSW leachates are shown in figure 17. Included are 
analyses from both collection system and head well samples. 
With the exception of two sites, chloride concentrations were 
generally less than 2,500 mg/1 with median values clustering 
between 600-2,500 mg/1. Sulfate concentrations had a somewhat 
smaller overall range with medians clustered mainly between 
70-500 mg/1. 

Iron 

I ron is a common metal in MSW leachate, with the reddish-brown 
color of many MSW leachates usually a t t r i bu ted to i t s presence. 
The indiv idual s i t e ranges and median values of i ron 
concentrations reported fo r 12 MSW leachates are shown in f igure 
18. As can be seen in th i s f i gu re , the overal l range of 
concentrations measured was substant ial as were the ranges at 
indiv idual s i t es . Median values were generally well d i s t r i bu ted 
throughout th is range although there was a c lus te r ing of several 
s i tes at 10-30 mg/1. 
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This wide range of i ron concentrations Is consistent with that 
reported In the l i t e r a t u r e . The considerable range encountered 
I s thought to be a re f l ec t i on of the sens i t ive nature of i ron 's 
chemistry. Due to the ac id ic , reduced state of fresh leachate 
I ron i s probably present in the soluble ferrous s ta te . However, 
upon re t r i eva l i f a leachate sample i s exposed to the a i r the 
ferrous ions caT) be rapidly oxidized to a low s o l u b i l i t y f e r r i c 
s t a te . I f f i l t e r e d af ter t h i s ox idat ion has occurred, 
p rec ip i ta ted iron w i l l be removed from the sample and not 
re f l ec ted in the analysis. In con t ras t , i f the leachate is not 
f i l t e r e d p r io r to acid preservat ion, natural so i l par t ic les 
re t r ieved with the leachate may contr ibute to I t s Iron content. 
These two factors alone can r e s u l t in considerable swings in a 
given s i t e ' s leachate i ron concentrat ion. 

Other Metals and Inorganics 

In add i t ion to the previously discussed parameters, MSW leachate 
i s known to contain a wide var ie ty of trace metals and other 
Inorganic contaminants. MSW leachate from several Wisconsin 
s i tes have been analyzed for many of these contaminants. The 
resu l t s of most of these analyses are presented in table 2. 
Where su f f i c i en t data was ava i lab le , the s i te ranges and median 
values have also been presented in f igures 19-31. 

This data confirms that analyse 
and potassium, followed by zinc 
inorganic cations in MSW leacha 
present a t substantial concentr 
high leve ls is sporat ic. Boron 
although with only two analyses 
leve ls needs conf irmat ion. The 
exception of occassional values 
concentrations of less than 1 m 
importance, however, since many 
t o x i c . 

s in the l i t e r a t u r e that sodium 
and manganese are major 

tes . Aluminum may also be 
ations although i t s presence at 
was next i n concentrat ion, 
repor ted, i t s presence at these 
remaining contaminants, with the 
were generally present in 

g / 1 . This does not lessen their 
of these contaminants are very 

These resu l ts are generally comparable to those reported in the 
l i t e r a t u r e for other MSW leachates, where such data was 
avai lab le for comparison. 

As wi th many of the other paramete 
codisposal of substantial quan t i t i 
waste at s i tes 1678, 1099 and 572 
a l te red the leachate charac te r is t i 
pa r t i cu l a r note are the fo l lowing 
apparent higher concentrations at 
s i tes are i den t i f i ed in parenthese 
(572), copper (1099), cvanide (572 
nickel (572 S 1678) and zinc (572, 
s i t e 1678 was more consistent ly hi 
codisposal s i tes probably r e f l e c t s 
va r ie t y of indust r ia l and hazardou 
s i t e . 

rs previously discussed, the 
es of indus t r ia l and hazardous 
appears to have s ign i f i can t l y 
cs a t these s i t es . Of 
parameters which liad readi ly 
these codisposal s i tes (the 
s) : arsenic (1578), chromium 
5 1678), lead (1099 i 1678), 
1099 & 1678). The fact that 

gher than the other two 
the larger quant i ty and wider 

s wastes disposed of at t-hls 
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Trace Organics 

MSW leachate contains considerable concentrations of organic 
compounds as reflected by Its high BOD and COD. These 
parameters can provide an overall Indication of the presence of 
organics but fail to identify specific compounds. Analysis of 
MSW leachates by several researchers has identified many organic 
compounds which are apparently by-products of the natural 
decomposition of waste. These include organic acids, phenolic 
compounds and longer chain organics such as lignins. Because of 
the wide variety of organic chemicals utilized In manufacturing 
processes and products one would expect to also find numerous 
synthetic organic compounds In MSW leachate. These man-made 
organics, generally found in wery small quantities, are of 
concern because of their possible toxic, carcinogenic or 
mutagenic properties coupled with their persistance in the 
environment. 

MSW leachate samples from 5 Wisconsin landfills have been 
analyzed for the 1.14 organic compounds which the U.S. EPA has 
proposed to designate as priority pollutants. MSW leachates 
from another 3 sites have been analyzed for a less extensive 
list of organics. Table 3 list those organic compounds that 
were detected in these leachates and presents the overall range 
and median values where sufficient data exists. This table 
shows that 36 of the 114 priority pollutant organics were 
detected in these leachates. 

The 114 priority pollutant organics have been divided into five 
classes which reflect the nature of the compounds on the basis 
of separation methodology. Division of the 36 identified 
organics in these leachates were: 3 of a possible 11 organic 
acids, 23 of 32 volatile organics, 8 of 46 base-neutral 
organics, 1 of 19 chlorinated pesticides and 1 of 7 PCB 
isomers. It should be noted that many of these compounds were 
detected in only one of the leachates tested and then only at 
extremely low levels so their actual presence is questionable. 
There were, however, 10 compounds which were detected in at 
least one-half of the leachate samples analyzed: phenol; 
methylene chloride; toluene; 1, 1 dichloroethane; trans 1, 2 
dichloroethane; ethyl benzene; chloroform; bis (2 ethyl hexyl ) 
phthalate; diethyl phthalate and dibutyl phthalate. Also of 
note are 3 compounds which do not fall into the above group but 
were detected at significant levels in at least one leachate; 
1, 2 dichloroethane; 1,1,1 trichloroethane and isophrone. 

Considering the nature of their uses it is not surprising that 
some of these compounds were detected in all the leachates 
analyzed. Methylene chloride, for example, is widely used in 
the manufacture of paint and varnish removers, insecticides, 
solvents and pressurized spray products. Phthalates are also 
widely used, primarily as plasticizers in the manufacture of 
various plastics. Another coixion Industrial compound, toluene, 
was also detected in all five leachates analyzed. 
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A more detailed comparison of the organic compounds detected at 
codisposal sites with other MSW landfills did not reveal any 
apparent Increase In the number of organic compounds detected, 
although some concentrations were higher in some codisposal 
sites. No data on other MSW leachates was available with which 
to compare these analyses. The lack of data on these compounds 
in MSW leachate and their environmental significance indicates 
the need for additional work in this area. 

Comparison to Municipal Wastewater Quality & Inhibitory Levels 

A summary of the contaminant concentrations In the MSW leachates 
discussed in this report is presented In table 4 along with 
values reported in the literature for a "typical" municipal 
wastewater. Also included in this table are levels at which 
these contaminants are reported to inhibit various types of 
biological treatment processes. 

An examination of this table shows that Wisconsin MSW leachates 
tested were substantially higher than typical municipal 
wastewater for a majority of the parameters reported, reflecting 
its highly contaminated nature. These high levels raise a 
concern that biological treatment processes could be upset by 
several contaminants in MSW leachate. One method to address 
this concern is to compare leachate contaminant concentrations 
with inhibitory levels reported in the literature for these 
contaminants. Table 4 presents such a comparison. Although 
interactions between parameters are not considered, it does 
provide a rough indication of which contaminants are of the 
greatest concern. This comparison reveals that the maximum 
limit of the range encountered for the raw leachate did, in 
fact, exceed the inhibitory levels for a number of parameters. 
When a comparison is made using a "typical" range as the 
expected concentration of contaminants in MSW leachate, however 
the number of parameters exceeding inhibitory levels drops 
considerably with only nickel and zinc likely to interfere with 
aerobic treatment processes and cadium, iron and zinc likely to 
interfere with an anaerobic digestion process. 

All MSW leachates currently generated in Wisconsin are being 
treated at existing municipal wastewater treatment plants (Table 
1). Since the leachate is mixed \/ith the plant influent and is 
a small percentage of the total flow the resultant dilution of 
the leachate contaminants should make exceedance of any 
inhibitory levels r a r e . However, close monitoring of leachate 
chemical characteristics to insure against treatment plant upset 
is desirable, esoecially considering the variability in these 
characteristics at many sites. 

Perhaps a more important factor in biological treatability of 
MSW leachate is its extremely high organic strength as expressed 
by its BOD and COD. Raw leachate is nutrient poor,especially in 
total P, and effective treatment of this organic strength could 
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Table 4: Conptrlson of HSW L t i c h i t i Conl i«1ninl Concentr i t lon i to Hunlc ip t i 
W i t tew i t t r Qual i ty and Inh ib i to ry Lcval t for Bio logical T n a t a t n t 

l ab ia S: Coaparlion of M n l e i c l i t U C e n t M l u R t C«nc«Rt r t t lMI 
to Dr inking Hi tar Standards 

o 

r a r a M t t r 

T. A l k a l i n i t y 
A lw lnua 
Ar ianic 
•OOj 
BorSR 
C i i k i l i a 
Calclua 
Chlor ld t 
T. Chroi lvn 
COO 
tojipgr 
Cyanldt 
I ron 
I t i d 
f i t gn t i l ua 
H<ngan«it 
H t rcury . 
Amonl i -K 
NnT«IMvN 
N l c k i l ' 
fhare l 
T. ^hoiphoroui 

Po ta i i l ua 
Sl lvar 
SodlUB 
10$ (3) 
ISJ 
S u l f t t t 
Zinc 

HSU LfACMAIC 
(Wl iconi ln Data) 

Ranoo 
i « g / l ) 

4-10630 
MD-8(.0 
NO-70.2 
67-«4S0a 
4.6-S.1 
NO-0.40 
200-2100 
2-5590 
M0-5.8a 
62-97900 
NO-3.56 
Na-0.40 
0.0«-I500 
NO-1.2 
120-780 
ND-20.S 
NB-0.01 
ND-1S9 
HD-25a 
NO-3.) 
0.48-112 
0.16-53 
5.8-7.66 
31-560 
HD-0.196 
33-1240 
480-24000 
5-18800 
NO-1800 
NO-162 

•17Slc" i l '^ 
Ia i9 /n 

500-10000 

ND-0.4 
400-40000 

HD-0.10 

100-2500 
ItO-l.f l 
500-50000 
NO-0.5 
NO-0.40 
NO-500 
ND-1.2 

HD-10 
NO-O.OOS 
0-350 
0-tQ 
NO-3.3 
2-20 
0-10 
5.8-7.6 

ND-O.OS 

1000-20000 
100-1000 
50-1500 
H t ^ l i 

T y p i c a l - ( I I 
Concentration 
In Hunlclpi 1 

Waltewater l a g / U 

280 (bicarb 
0.01-0.03 

200 

0.002-0.009 
10-100 
20-100 
0.1-0. \5 
400 
0.02-0.1 

0.12-0.2 
0.05-0.1 
10-40 
0.02-0.03 

only) 

0.00005-0.00015 
25-60 
0-1.0 
0.075-0.170 

5-35 
6-8.5 
7-15 

23-80 
250-850 
200 
15-80 
0.04-0.1 

IMII8M0RT CONCCNTRATION (2) 
AcHia teJ 

Sludge 
i « 9 / n 

15-26 
0.1 

0.05-100 
10-100 
2500 

Anatrobic 
Olgei t ton 

l -a' i i . 

1.6 

2 
0.02 

8000-15000 
SO 

1.0 
0.1-5 
1000 
0.1 

10 
0.1-5.0 
480-1600 

I.0-2.S 
200 

5 

16000 

0.08-10 

50-500 

I.O-IO 
4 
5 

1000 

I36t 
1500 

3500 

5-20 

' N i t r i f i c a t i o n 
1.9/1) 

0.00«-O.S 
0.34 

0.5 
SO 

0.2S 
4-10 

500 
0.08-0.S 

0 ) wrCF, ASCE 11977): K ie l t t at 11980) 
( t ) NTCf, ASCt (19771; Cckenfalder I Ford 11970); USCPA (1977) 
(3) A i i u M d (TOS • 1.0 « conduct iv i ty ) for t t i l t a n a l y i l i 

16S8S 

Parameter 

Ar ienic 

Bar(u« 

Ca ih l in 

ChroalUB 

Lead 

Mercury 

N i t ra te ( t i N| 

Se len tw 

Si lver 

Chloride 

Copper 

Iron 

Han^aneie 

pit 

Sulfate 

TDS2 

Zinc 

Dr inking N t t e r i 
Standard 

•9 /1 ) 
Pr lBary l 

0.05 

1.0 

0.01 

0.05 

COS 

0.002 

10.0 

0.01 

O.OS 

(Secondary) 

250 

1.0 

0.3 

0.05 

( .5 - S.S 

250 

500 

5.0 

f of SeapUl f (tt l i t * N tdUc t 
Ciceedlng [ > c t * d ( H 
Standard I Steitdard 

4 of 33 (121) 

1 of » ( H t l 

39 af 82 (75t) 

31 «r 44 | 7 0 t | 

33 of 45 ( i n ) 

4 of 27 (151) 

7 of 27 (26t) 

f o f 33 ( i n ) 

t of l a (71) 

SO of 106 (741) 

) of 40 (1.51) 

7> of 83 (*SI) 

( of 10 ( tO l ) 

245 of 43Z 1571)1 

26 of ( ( (391) 

347 of 34< ( l o o t ) 

12 of 44 (271) 

1 of 10 (101) 

1 of 1 (101) 

f or I t (101) 

7 of 11 ((41) 

7 of f ( 7 n ) 

0 of 1 (01) 

1 of J (111) 

I o f 1 ( m ) 

0 o( 1 (01) 

1 of I t (171) 

0 of I t (01) 

12 of I t ( t o o l ) 

t of 1 ( U l ) 

4 of I t O H ) ! 

4 or 11 (3<1) 

I t or I t (1001) 

1 of I t (101) 

l40 CFR Parti 141 and 143 

^Ajiuned (TDS.- 1.0 « conductivity) for ttili analyiU 

^A11 eiceedancei below itandard 
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not be achieved without nutrient addition. This high organic 
strength could also easily upset an existing municipal 
wastewater treatment plant unless precautions are taken to 
minimize organic load variation during discharge of leachate to 
the plant Influent. 

•Comparison to Drinking Water Standards 

A useful benchmark In obtaining a perspective on the contaminant 
concentrations In landfill leachate are drinking water standards 
(dws). the U.S. EPA has established standards based on health 
considerations ("primary" dws) and on aesthetic considerations 
("secondary" dws). Those standards for which data on MSW 
leachate was available are listed in Table 5 along with an 
Indication of the number of leachate samples and site medians 
exceeding each standard. 

As can be seen from this table, all primary and secondary dws 
were exceeded, although the percent of samples exceeding the 
standard varied widely from parameter to parameter. Those 
contaminant limits that were exceeded in at least 50% of the 
samples analyzed were: 

Primary dws .-.cadmium, chromium, lead 
Secondary dws - Chloride, iron, manganese, pH and TDS 

In general, these exceedances were well in excess of the 50« 
level. Of particular note are iron and TDS which exceeded the 
standard in over 90% of the MSW leachate samples tested. 

Although a comparison of individual samples to these standards 
Is revealing, the analysis can be overly influenced by one 
site's data. This problem can be avoided by comparing site 
medians with the standard as is done in the third column of 
table 5. This comparison reveals essentially the same pattern 
with the exception that selenium has been elevated to the 50" 
level and pH has dropped below the 50% level. 

This analysis is.also useful in evaluating the degree of 
protection provided by groundwater standards for .''ISW landfills 
based on drinking water standards. The U.S. EPA currently 
defines unacceptable groundwater contai.iination by a landfill as 
causing exceedances of primary dws at the waste boundary. At 
the time of the writing of this paper (June, 1982) a similar 
standard is being considered in Wisconsin. 

The lack of consistent exceedances of primary dws in the 
leachate itself raises a question as to whether a sufficient 
degree of groundwater protection is provided by such a standard, 
especially considering the lack of mobility of many of these 
contaminants in soils and groundwater. An analysis similar to 
one presented here, along with consideration of other factors, 
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has potential for use to determine the appropriateness of 
utilizing drinking water standards as performance criteria for 
municipal solid waste landfills. 

Summary 

This report has summarized data on the chemical characteristics 
of leachal:e from 16 municipal solid waste landfills in 
Wisconsin. The data was compiled from Department of Natural 
Resources files and represents analyses done primarily by site 
operators and wastewater treatment plants. Only analyses of 
samples from leachate collection systems and headwells have been 
Included. 

A summary of reported concentrations for the wide variety of 
contaminants in these leachates is provided in table 2. The 
overall ranges determined v/ere generally similar to that 
reported in the literature for other MSW leachate, although some 
of the extremes were not experienced. Where sufficient data was 
available a narrower range within which most values fell has 
been presented to provide a better indication of the likely 
composition of MSW leacha'te for design purposes. Care should be 
taken in using this sui.ii.iary, however, since considerable 
variability both between sites and within a given site was 
experienced.-

In general, these leachates were slightly acidic with very 
high organic and dissolved solids concentrations. Lesser but 
still substantial quantities of total kjeldahl nitrogen, 
hardness, alkalinity, chlorides and sulfate were also present. 
Iron was the major metal present in these leachates followed by 
zinc and manganese. Also present were a wide variety of other 
organic and inorganic contaminants, mostly at levels less than 
1 mg/1. This includes several priority pollutants, both metals 
and trace organics. 

Codisposal of substantial quantities of industrial wastes, both 
hazardous and nonhazardous appears to have increased the 
concentration of many contaminants in the leachates from these 
sites when compared to other MSW landfill leachates in 
Wi sconsi.n. 

Most of the contaminants in these leachates were well in excess 
of what one would expect to find in a typical municipal 
wastewater. With the exception of occassional high values these 
levels do not appear to be high enough to inhibit biological 
treatment, especially if the leachates are discharged to an 
existing wastewater treatment plant at a low percentage of the 
total influent flow. Close monitoring of leachate 
characteristics is still desirable, however, as some parameters 
do, on occassion, exceed inhibitory levels. Of greater concern 
appears to be the potential for treatment plant upset brought on 
by the high organic strength of these leachates. This should be 
avoidable through careful control of flow. 
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Exceedance of all primary and secondary drinking water standards 
d1(j occur although the frequency at which this occured varied 
considerably from parameter to parameter. Of those exceeded. 
Iron and TDS are the most consistent with nearly all leachate 
samples and all site medians exceeding established standards. 
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II-6.1 INTRODUCTION 

gill:-

• | ; | . 

The pollution of the natural environment changes the trace-element composition 
underground. The trace elements derived from pollutants move Into ground waters, 
directly from waste-disposal reservoirs and sewage systems from which leakage occurs. 
They also can be washed out by the rain waters infiltrating the soil zone, from solid 
waste materials deposited on the surface of the earth and pollutants distributed into 
the atmosphere. Some trace elements are essential for life, others toxic or cause 
disease from excess. 

The knowledge of the trace-element, environmental-background level and the 
changes occurring is essential to biologists and also to hydrogeologists when the 
concentrations exceed the maximum permissible levels in ground waters. The data 
collected on trace element occurrences in ground water may also enable the 
Identification of pollutant sources derived from urban-Industrial or agricultural impact 
and can be useful in tracing the pollution movement Into ground waters. 

Gross survey of trace elements In pollutant sources and in ground waters 
(polluted and unpolluted) has been carried out with the purpose of obtaining a picture 
of the present state of water pollution particularly In urban and industrial areas. 

The purpose of this case study is to show the correlation between water quality 
and trace element occurrences underground In urban and Industrial areas and the pattern 
of pollutant movement. The investigations are resricted mainly to Quaternary sand 
aquifers. The data have been collected during the years 1974-1976 from the central 
region of Poland. 

i i \ i i i t 

II-6.2 EXPERIMENTAL METHODS 

X-ray fluorescence and reactor neutron activation have been used to identify the 
elemental components In ground waters and industrial effluents. These techniques 
offering very good minimum detection limits and have the ability to determine 
simultaneously more than 20 elements. 

The samples representing the sources of pollutants have been taken from 
industrial and municipal sewage systems, industrial waste storage reservoirs and 
effluents released from several Industrial plants Including; chemical, textile, 
pharmaceutical, sugar, food, rubber, leather, cellulose, soda, metallurgical and alcohol 
distillation plants. The rivers were sampled downstream from the Industrial and 
municipal sewage outlets at a distance ensuring mixing of the river water. The samples 
representing unpolluted ground waters have been collected from deep Cretaceous and 
Tertiary aquifers (Tritium content below 5 TU) and from Quaternary waters of areas free 
of contamination. The sampling depth extended from 5 to 40 meters. 
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g^_ The polluted waters have been selected according to the results of the chemical 
W -̂ analysis reflecting the changes of water quality. About 120 wells have been sampled in 

Industrial and urban areas with populations of about 30,000 to 60,000. The sampling 
depth extended from 10 meters to 40 meters In partially-confined sand aquifers. 

j- Analytical results for 18 trace elements are summarized In Table II-6.1. 

j^^ The range and average concentrations In the unpolluted waters represent the 
jfe natural environmental level which can be used as a background In estimating the 
ll trace-element pollution underground. The analytical data obtained for Industrial and 
p urban areas shows a much broader range of concentrations and higher average values. For 
''" several elements, such as zinc, selenium, cobalt and barium the observed concentrations 

are from ten to one hundred times higher than In unpolluted waters. The movement of 
trace-element pollutants with ground water can be observed on the frequency distribution 
diagram shown In Figure II-6.1, constructed for Zn, Co, Cr, Sb, Se, Yb. The dashed 
lines divide the distributions in regions of naturally occuring trace elements (A) and 
pollutants (B). 

the data obtained for rivers and Industrial effluents show with respect to 
unpolluted waters ^ery high concentration levels (Table II-6.1). Visual Imprint of the 
composition and concentration levels can be obtained in a diagram shown in 
Figure II-6.2. It can be noted that the concentrations In polluted waters are up to a 
thousand times higher than In unpolluted waters. 

II-6.3 GROUND-UATER QUALITY AND TRACE ELEMENT OCCURRENCE 

The ground-water quality Is usually reflected In its physical and chemical Indicators. 
Knowing that trace element concentrations In ground waters partly originate from 
pollution one should search for correlation between physical and chemical Indicators and 
trace element occurrence. 

An Investigation was carried out on an urban-Industrial area. The wells were 
simultaneously sampled for chemical and trace element analysis. Cross section of the 
Investigated area and analytical results are presented in Figure II-6.3. A good 
agreement bewteen chemical and trace element data may be noticed, however the appearance 
of single indicators Is selective and one may observe several differences, which would 
require additiona'^ detailed examination. It can be also noted, that the high 
concentrations of trace elements reflect the industrial Impact. This can not be always 
stated regarding chemical Indicators. It can be seen In well No. 33, with a \/ery high 
concentration of chromium, which probably has originated at the metallurgical plant in 
this area (see also II-8). 

II-6.4 PATTERNS OF CONTAMINANT MOVEMENT 

11-6.4.1 Leakage from reservoirs 

Direct contaminant Input to aquifers can be caused by leakage from waste-disposal 
reservoirs and sewage channels from which large volumes of polluted water may infiltrate 
Into the aquifer. This can be observed In the data obtained from two following case 
studies (Figure II-6.4). 

The water seepage through an earth filled dam is contaminating adjacent ground 
waters. The concentration diagram presents a relative decrease of trace-element 
concentrations with the distance from the dam (Figure II-6.4A). 

297 



^^^^^fp??^l^^^p^)gs^ajj|^^^^^^ 

00 

TABLE II-6.1 Concentration of trace elements in ground waters, rivers and in industrial effluents 

Concentration (ug/litre) 

I 

Element Groundwaters Rivers Industrial Effluents 

Natural Environment Urban-Industrial Areas 

No. of No. of 

sampled sampled No. of No. of 

wells Range Average wells Range Average Samples Range Samples Range 

Scandium 

Chromium 

Cobalt 

Zinc 

Selenium 

Bromine 

Ruthenium 

Rubidium 

strontium 

Antimony 

Caesium 

Barium 

Lanthanum 

Cerium 

Ytterbium 

Hafnium 

38 

42 

12 

26 

38 

26 

18 

26 

26 

28 

28 

24 

32 

34 

16 

0.01 -

0.07 -

0.01 -

1.5 -

0.01 -

12 -

0.05 -

10 

0.13 -

0.003-

3 

0.02 -

0.04 -

0.001-

0.003-

0.35 

2.00 

0.13 

80 

0.08 

150 

2.5 

1240 

1.0 

0.027 

60 

0.47 

3.2 

0.2 

0.4 

0.07 

1.0 

0.03 

15 

0.05 

30 

1.5 

100 

0.3 

0.01 

15 

0.12 

1.0 

0.04 

0.12 

77 

98 

125 

111 

' 88 

66 

45 

26 

95 

67 

83 

48 

57 

74 

103 

42 

O.OI - 2.18 

0.2 - 15.2 

0.01 - 7.9 

1.5 - 6840 

0.05 - 7.5 

24 - 5290 

0.002 - 0.5 

0.03 - 13.8 

11 - 5070 

0.1 - 4.5 

0.003- 0.5 

3 - 913 

0.07 - 19.7 

0.1 - 11.0 

0.001- 0.6 

0.003- 0.9 

0.10 

3.0 

0.6 

310 

0.48 

530 

0.03 

2.4 

290 

1.0 

0.03 

85 

3.5 

2.7 

0.11 

0.04 

18 

17 

19 

30 

28 

19 

15 

20 

16 

8 

12 

32 

16 

0.005- 0.165 

0.5 - 22.9 

0.03 - 0.71 

3.0 - 57 

86 - 2130 

0.4 - 5.5 

0.9 - 394 

0.11- 1.4 

0.001- 0.26 

10.5 - 49.3 

1.3 - 9.5 

0.7 - 2.5 

O.OI- 0.41 

19 

24 

23 

24 

16 

16 

21 

22 

19 

12 

8 

6 

0.002- 0.47 

1.1 - 520 

0.02- 32.2 

7.0 - 2200 

0.07 - 4.4 

0.001-2200 

13.7 - 6700 

0.13- 36.8 

0.02- 33.1 

3 - 54.3 

0.07- 8.0 

0.001-1.6 
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Figure II - 6.1 The frequency distribution of Zn, Co, Cr, Sb, Se, Yb In ground water, sampled in urban-industrial 
areas. Dashed line indicates the maximum concentration observed in unpolluted water. Range "A" 
corresponds to natural occurring concentrations. Range "B" results from movement of pollutants 
to ground water. 
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Figure II - 6.2 Trace elements deriving from industrial effluents. The concentrations are shown with respect to 
unpolluted ground water. 
A - Phosphate plants, B - Metallurgical plants, C - Lead Processing D,.- Flotation plants, E -
Chemical factories, F - Pharmaceutical factory, G - Rubber production, H - Dyes factory, I -
Textile plants, K - Lether tannery, L - Cellulose plants, M - Soda plants, N - Food plants, 
0 - Alcohol distillation plants. 
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Figure I I - 6.3 Cross-section through an industrial-urban area, giving a direct visual 
imprint of the physical and chemical properties and trace element 
compositions of sampled wells. Fairly good correlation Is evident. 
The location of pollution sources is reflected selectively in high 
trace element concentrations In wells. 

301 



sEiu!. 

Ilk 
1 

)• 

I i : 

i 
m 

i 

0 M 

A 

100m 

- -

-

.-̂ v 

?-Peat 
S<-Sand. tine 
Sw-Sond med'um 
.=?-Reservoir 
D-'Dcm 

WATER SURraCE 

-' '-̂  ^ R 

• . • • . " ' . S M ' . V ' . • • • • • . • 

ap jyw 

DAM 

'Abter table 
Sf - Send fine 
C - D a y 

TDS Tl In Sn Se Sc Ba Ce Co Cs 

/ 
/ 

/ 

RESERVOIf^ WATER / ' " . J / 
If 

® " ' \ / 

/ / 

TOS Sr Rb Br Co Cs Sb Zn 

Wl 

Figure II - 6.4 Direct input of polluted waters to aquifer 
a -

b -

seepage from waste-storage reservoir. Diagram shows ground water 
composition with respect to reservoir water. 
leakage from flotation reservoir. Diagram shows the trace element 
composition related to reservoir water. Sr, Rb, Br, Co are in 
excess in reservoir water. Zn, Sb dominate in ground water. 
Sampling points are shown in cross-section. 

,'t . • 

302-

;i • 

• H i l l • 



antimony are In excess in the ground water. The crossing point shows the same 
concentration of cesium. 

II-6.4.2 Contamination from areal sources 

Selective movement of trace elements in ground waters can be seen on the concentration 
diagram Figure II-6.5A obtained for a sand aquifer In Kaszubska Valley, North Poland. 
The aquifer Is about 50 metres in depth, and recharged from nearby highlands. Point 7 
represents several wells simultaneously pumped for water supply. The water was of good 
quality and no sign of pollution has been found. However, In the vicinity several 
pollution sources have been observed. In the area o f wells No. 1, 2, 3, 4 an 
agricultural enterprise was located. The western part of the valley was cut by a 
municipal sewage channel. An observation of the diagram makes It evident that the 
concentration lines have different plots, as on the previously presented diagrams. The 
lines diverge showing selective movement of trace elements in ground waters. 
Concentrations, observed In wells No. 1, 2, 3, 4 are higher compared to concentrations 
In well No. 7 and thus reflecting pollution movement from the agricultural enterprise. 
Also well No. 6 shows high concentration of chromium, due to local contamination 
source. On contrary, no pollution was observed from the sewage channel. 

Selective movement of trace elements In urban and agricultural areas can be 
well observed on concentration diagrams presented In Figure II-6.5B. As a baseline the 
natural concentration level in unpolluted waters has been chosen. The points laying 
about this line Indicate the movement of pollutants Into ground water. It can be noted 
that in the industrial area cobalt moves very selectively in ground water, and also 
selenium in the agricultural region. 

II-6.5 CONCLUSIONS 

The data collected on trace-element occurrence in ground waters have given a picture of 
the present state of water pollution In urban-industrial areas. The trace-level 
analysis enables the identification of pollutant sources and facilitates the observation 
of pollutant movement In ground waters. The investigations carried out In urban and 
Industrial regions have proved the practical usefulness of trace-elemental analysis in 
water-pollution studies. 
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Transport of colloidal contaminants in groundwater: radionuclide 
migration at the Nevada Test Site 
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Abstract—Large-volume groundwater samples were collected at the Nevada Test Site from within a 
nuclear detonation cavity and from approximately 300 m outside the cavity. The samples were filtered and 
ultrafiltered, and the filtrates and various particle size fractions were analyzed for chemical composition 
and radionuclide activity. In samples from both locations, approximately 100% of the transition element 
(Mn, Co) and lanthanide (Ce, Eu) radionuclides were associated with colloids. Their presence outside the 
cavity indicates transport in the colloidal form. Distribution coefficients calculated for Ru, Sb, and Cs 
nuclides from both field sample Icoations indicate equilibrium partitioning on the 0.05-0.003/^m colloids. 
Calculation of transport efficiencies relative to colloid mass concentrations and dissolved neutral or 
anionic nuclides indicates that both the cations and the radiolabelled colloids appear to experience capture 
by or exchange with immobile aquifer surfaces. 

IJNTRODUCTION 

RADIONUCLIDES produced during weapons testing 
and from military and commercial activities are 
among a number of human wastes requiring isolation 
from the biosphere. Because many radionuclides 
strongly adsorb to mineral surfaces, one of the key 
assumptions adopted in transport models is that the 
radionuclides, once adsorbed, are immobile. How­
ever, considerable laboratory and field evidence indi­
cates that colloidal material is mobile in groundwater 
(McDowELL-BoYER et al., 1986), and it is possible 
that adsorbed radionuclides could be transported by 
these mobile colloids (CHAMPLIN and EICHHOLZ, 
1968). Following a review of the literature available 
on colloidal transport of radionuclides in the sub­
surface, field data will be presented that conclusively 
demonstrate radionuclide transport by colloids in 
groundwater flowing through fractured media at the 
Nevada Test Site (NTS). 

The potential for colloid transport is suggested 
because the submicrometer particles are far smaller 
than the pores in permeable and fractured media, 
and their high surface area per unit mass means that 
they will be effective sorption substrates. Colloid 
removal from solution by capture onto fixed media 
surfaces is controlled by the Brownian motion of the 
colloids and the attachment efficiency following colli­
sion. In general, for natural waters with low ionic 
Strengths, colloid attachment to surfaces is hindered 
by electrostatic repulsion, but predictions based on 
double-layer theory underpredict observed attach-

XG 3 : 5 - H 

ment by orders of magnitude (MCDOWELL-BOYER 
era/., 1986). 

Some radionuclides, such as Pu and Am, are 
known to form aqueous colloids with dimensions of a 
few nanometers (DAVYDOV, 1967; BENES etal., 1979; 
CLEVELAND, 1979). These colloids have been called 
"true colloids", while radionuclides adsorbed onto 
natural colloidal matter such as clay minerals and 
hydrated oxides were referred to as "pseudo-
colloids" (DAVYDOV, 1967; BENES et al., 1979). 
According to these definitions, a natural colloid 
becomes a pseudo-colloid when a radionuclide 
adsorbs to it. Although the chemical and physical 
form of radionuclides associated with colloidal 
material is importarit, the distinction between true 
and pseudo-colloids is inappropriate for particle-
oriented rather than nuclide-oriented studies and is 
awkward for application to a broad range of prob­
lems. We adopt and recommend a definition of 
colloids based on their physical properties (i.e. sub­
ject to Brownian motion, with a size between 0.001 
and 1 ̂ m) and not on their chemical history or the 
scientific discipline of their observer. 

The sources and properties of colloids that could 
transport radionuclides in natural and engineered 
systems are important. APPS etal. (1982) distinguish 
two processes for forming suspended colloids: (1) 
condensation or homogeneous nucleation of particles 
from dissolved species when a mineral phase is super­
saturated, and (2) release of particles from bulk 
material into a suspension of particulate solids. 
Release of particles from a bulk material can include 
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a number of separate processes: (a) disruption of 
fragile aggregates by changes in ionic strength or 
hydrodynamic force, (b) mechanical grinding of min­
eral surfaces, (c) mechanical disruption of secondary 
minerals present at mineral surfaces, and (d) release 
of less soluble colloids by dissolution of a more 
soluble matrix surrounding these colloids. Disaggre­
gation resulting from recharge with low ionic strength 
water has been held responsible for the release of clay 
minerals into groundwater (NIGHTINGALE and BIAN-
CHi, 1977) and for increases in virus concentrations in 
well waters following rainfall events (LANCE and 
GERBA, 1982). SIMMONS and CARUSO (1983) discuss 
mineral deposition and fracturing, and VELBEL (1986) 
presents a review of feldspar-weathering mechanisms 
that can include the formation of secondary minerals 
such as clays. Considerable research is also being 
conducted on the release of colloids when glasses 
dissolve (SALTELLI era/., 1984; SHADE era/., 1984; and 
LUTZE et al., 1983). These results indicate that sub-
micrometer colloids can easily be released from min­
eral and glass surfaces that are chemically, hydro-
dynamically, or mechanically stressed. A related sub­
ject is the possible involvement of colloidal transport 
in the formation of ore bodies (HORZEMPA and HELZ, 
1979; GIBUN eta/., 1981). 

In spite of the existence of submicrometer colloids 
in natural systems, there have been few studies of 
contaminant adsorption to colloids of this size, 
primarily because it is experimentally far easier to use 
large particles that can be efficiently separated from 
the solution. The presence of submicrometer colloids 
is known to interfere with radionclide and organic 
contaminant adsorption onto micrometer and larger 
particles. Following conventional filtration or centri­
fugation of large particles, the amount of contamin­
ant apparently remaining in solution is observed to 
correlate with "nonsettleable particles" or "colloidal 
organic carbon" concentrations (SHEPPARD et al., 
1980; GSCHWEND and Wu, 1985; BAKER etal., 1986; 

HiGGO and REES, 1986). 

One problem associated with the application of 
data and methodology developed from adsorption 
measurements on micrometer and larger particles to 
colloidal adsorption is that the linear isotherm 
expressed as 

= K,C (1) 

requires reevaluation. In Eqn (1), q is the activity of 
the radionuclide adsorbed per mass of solid matter, 
Kii is the mass distribution coefficient, and C is the 
equilibrium concentration of the dissolved nuclide. 
The isotherm relates solution activity to adsorbed 
activity per unit mass, so that if only the external 
surface area is accessible for adsorption, smaller 
particles would be expected to show a higher appar­
ent K^ than larger particles because of their greater 
specific surface (area per unit mass). JAMES and PARKS 
(1982) have summarized measurements of ionizable 
site densities for oxide minerals that show a relatively 

narrow range of 2-20 sites per square nanometer. 
Adsorption onto minerals expressed as adsorbed 
activity per unit surface area should exhibit relatively 
little variation other than dependence on surface 
group acidity because it is the ionizable sites that 
participate in adsorption reactions. Because of vari­
ations in specific surface area, adsorption isotherms 
that are measured on micrometer and larger particles 
and represented according to Eqn (1) are suspect in 
any case and in particular may not be applicable to 
adsorption onto colloids. 

Quite frequently in the literature there is reference 
to adsorption onto micrometer and large particles of 
species that exist as colloids. CLEVELAND (1979) has 
soundly denounced such an interpretation for the 
interaction of plutonium oxide colloids with glass 
surfaces. Colloid attachment is irreversible except 
under aqueous solution conditions that favor dissolu­
tion of the colloid, and the maximum Pu loading is 
controlled by the physical limit of colloid packing on 
a surface. Because such colloid-media associations 
cannot be described as ion-exchange phenomena, 
adsorption isotherms are completely inadequate 
mechanistic models. Studies of radionuclide cycling 
in lakes and oceans have recently acknowledged the 
importance of radionuclide association with colloids, 
and models for radionuclide attachment to settling 
particles are being developed based on coagulation 
kinetics (SANTSCHIWa/., 1986). 

No earlier reports of field investigations directly 
demonstrate radionuclide migration by colloid trans­
port. A number of field studies have observed 
anomalous, rapid transport of radionuclides that 
suggests mobile colloids are acting as carriers. TRAVIS 
and NUTTAL (1985) have summarized the available 
data and cited the reports on radionuclide transport 
from a low-level waste site at Los Alamos National 
Laboratory (LANL) where both Pu and Am 
migrated more than 30 m downward through un­
saturated tuff over the course of approximately 30 a. 
Laboratory experiments on the tuff suggested that 
colloidal Pu and Am were responsible for the rapid 
migration. 

Investigations of four waste plumes in groundwater 
at the Chalk River Nuclear Laboratories in Canada 
were described by CHAMP era/. (1984). The analytical 
procedures for separating y-emitting radionuclides 
distinguished only four forms: "particulate" species 
captured on 0.4-um filters, and nuclides <0.4/im that 
were retained on either cation or anion exchange 
resins or on an activated aluminum oxide bed. For 
' " C O , "Zr, '"*RU, and '"Sb, the anionic resin domi­
nated the the collection. The authors suggested that 
organic ligands enhanced the mobility of Co, Ce, Cs, 
Eu, Sb, and Zr. The detection of significant particu­
late nuclides on the 0.4-/^m filter was reported for 
^Co, "Zr , "'*Ru,.'"Cs, and "Ce. The mass of par­
ticulate matter in suspension was not reported; but 
because reported sampling flow rates were about 100 
ml/min with 30 min of purging, the particle concentra-
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tions were probably representative of groundwater 
conditions and not affected by near-well erosion. 

An in situ glass-block-leaching experiment is one 
of the four study sites at Chalk River. Field measure­
ments of '"Cs migration indicated transport four 
times farther than predicted from K^ values (CHAMP 
and MERRITT, 1981). Soil columns prepared from 
undisturbed, uncontaminated cores showed Cs trans­
port by 0.2-1.0 /dm particles. There was also an 
indication that microorganisms were involved in par­
ticulate Cs release and tranport. 

There are few published data on colloid concentra­
tions in groundwater. BARNES (1975) analyzed 0.1 
,«m-filtered samples from springs and oil wells for 
monomeric Al and Al species that would dissolve 
during storage for two weeks at pH 2. The acidified 
samples averaged 7/^g/1 greater Al concentration and 
indicated the presence of colloidal, microcrystalline, 
or polymerized forms of Al. Given Al is but one 
component of an Al-containing mineral phase, 
approximately 50 wg/l of the <0.1um Al colloids are 
indicated. Near a secondary sewage infiltration site 
GSCHWEND and REYNOLDS (1987) estimated colloid 
concentrations ranging from <1 mg/1 to 6.5 mg/1 
using light scattering measurements. Preliminary 
results of a survey of Nevada Test Site (NTS) ground­
water by the Desert Research Institute have shown 
that groundwaters in the Pahute Mesa drainage (both 
on and off NTS) have particle loadings >0.03//m of 
0.8-6.9 mg/l, and one NTS spring was found to have 
about 16.4 mg/l in the 0.4-0.03 /̂ m size range (R. 
JACOBSON, pers. commun.). Such results suggest that 

weapons-generated radionuclides adsorbed onto col­
loids could be transported by groundwater flow at the 
NTS, particularly because the ionic composition of 
NTS groundwater is not expected to coagulate clay 
colloids (APPS etal., 1982). 

FIELD SITE 

Field studies of radionuclide migration from under­
ground nuclear tests at the NTS have been ongoing 
since 1974. The research is carried out through the 
Radionuclide Migradon Program, funded and man­
aged by the U.S. Department of Energy, with scien­
tific participation by Lawrence Livermore National 
Laboratory (LLNL), LANL, the Desert Research 
Institute (DRI) of the University of Nevada, and the 
U.S. Geological Survey (USGS). A number of deto­
nation sites are being monitored by this program 
(BUDDEMEIER and ISHERWOOD, 1985), but our focus is 
on the Cheshire event (U20n) fired on 14 February, 
1976, with an announced yield in the 200-500 kiloton 
range. The site is on the Pahute Mesa within the 
Silent Canyon Caidera. The device was detonated at 
a depth of 1167 m in a formation consisting primarily 
of fractured rhyolitic lavas; the pre-shot water level 
was at a depth of 630 m. Figure 1 shows a vertical 
section of the installation and stratigraphy and the 
hydraulic head as a function of depth in a nearby well 
(U20-a No. 2 water well) prior to detonation. 

The Cheshire site is of interest to the Radionuclide 
Migration Program for three reasons. First, it is the 
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FIG. 1. Vertical section of Cheshire experimental site showing sampling locations, hydrogeological 
stratigraphy, and hydraulic head with depth (BLANKENNAGEL and Were, 1973). Horizontal dimensions are 
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only study site in fractured lava and tuff as opposed to 
alluvial or carbonate aquifers. Second, the detona­
tion was more recent and larger than 'most of the 
other shots under investigation, thus providing a 
larger source term and a better opportunity to study 
the behaviorof the short-lived radionuclides. Finally, 
the site is only 8 km from the western boundary of the 
NTS in a permeable formation with a water table 
trending southwest; this site is therefore a potential 
candidate for off-site transport of radionuclides. 

Subsurface access to the detonat ion cavity was by 
means of a slant-drilled re-entry hole that was even­
tually cased and perforated within the cavity. Cavity 
water was intermittently pumped and sampled. In 
May 1985, the well was plugged and reperforated as 
indicated in Fig. 1, and pumping was resumed. The 
new perforations were in zones with higher perme­
ability, approximately 250 m above the estimated 
upper boundary of the original detonation cavity and 
about 100 m laterally downgradient . Local ground­
water is expected to flow upward through the cavity 
and chimney, driven by the vertical hydraulic gradi­
ent , and then horizontally through the permeable 
zones toward the second set of perforations. For the 
mesa as a whole , W A D D E L L (1982) estimated trans-
missibility to be 9.4 x 10"'* m-/s, and a pump test near 
the Cheshire site indicated a transmissibility of 2 x 
10~- m-/s (BLANKENNAGEL and W E I R , 1973). The 

uncertainties in these values, especially as applied to 
specific strata in a heterogeneous formation, hinder 
precise estimation of groundwater transit times from 
the cavity to the external sampling location. 

SAMPLING AND ANALYSIS 

Samples were collected from a pressurized manifold con­
nected to the pump outlet at the well head. To minimize 
near-well and casing effects on the samples and hydraulic 
disequilibrium effects, samples were not collected until a 
minimum of several well volumes had been pumped; the 
casing volume below water table is 3.5 x lO'^'lor ~10''gal. 
Pumping rates were generally around 1201/min (30 gal/min). 
During the course of pumping from both the cavity and the 

formation locations, water was sampled and measured in 
the field for pH, temperature, dissolved oxygen, conduc­
tivity, and alkalinity. Small (1-51) samples were collected at 
intervals and returned to the laboratory for chemical or 
radionuclide analyses. The large-volume water samples that 
are the focus of this report were collected in new, plastic-
lined ~200 1 (55-gal) drums, sealed, and shipped at ambient 
temperatures to LLNL. 

The samples reported on in this paper were analyzed as 
part of a progressively evolving investigation initiated after 
significant levels of insoluble, strongly sorbing radionuclides 
were observed in water samples processed with conven­
tional (0.45 ,um) filtration. Because of the evolutionary 
nature of the study, the samples were not all treated identi­
cally; this section describes the procedure common to all of 
the samples; Appendix A details the specific individual 
procedures. 

In the laboratory, the samples were well mixed with a 
mechanical stirrer and pumped through a sequence of con­
ventional filters. Table 1 shows the filtration treatments of 
the various samples; Appendix A provides details of filter 
types and treatments. Filters were packed into standard 
containers and counted on low-background Ge(Li) detec­
tors. After being counted separately, the filters were ashed 
and the ashes representing all of the filters from a given 
barrel were combined and recounted as a check on the total 
filterable activity. 

Selected filtered samples were ultrafiltered through a 
Millipore XX42 Pellicon cassette system with either a 
100,000 or a 10,000 MWU ultrafilter (nominal pore sizes 
0.006 and 0.003 ,«m, respectively). The ultrafiltration typi­
cally produced approximately 200 1 of ultrafiltrate (that 
which passed the ultrafilter) and a few hundred ml of 
retentate containing the colloids that did not pass the ultra-
filter. The filtrates and retentates were evaporated to dry­
ness, weighed, packed in standard-volume counting con­
tainers, and gamma-counted. All gamma spectral data were 
processed using the GAMANAL computer code (GUNNINK 
and NiDAY, 1974). Laboratory tests showed that there was 
no significant loss of sample activity to either container walls 
or to the ultrafilter (BUDDEMEIER and ISHERWOOD, 1985). 
Because of the large surface areas involved in these tests, we 
believe that the results indicate that sorption onto the 
conventional filters was also negligible. 

All samples were analyzed for ^H by liquid scintillation 
counting techniques. Selected samples collected at the same 
time as samples B-4 and B-5 were also analyzed for '"Tc 
(SiLVA et al.. 1986, 1987). Aliquots of-various samples and 
stages of filtration were analyzed for cation content by 
inductively coupled plasma optical emission spectroscopy 
(ICP-OES) and for anions by ion chromatography. Selected 
samples of dried ultrafiltrates and retentates were also 

Table 1. Sample descriptions 

Sample 

B-1 
B-2 
B-3 
B-4 
B-5 

B-6 

Location 

Cavity 
Cavity 
Cavity 
Cavity 
Formation 

Formation 

Date 
collected 

9/8/83 
" ' 9/9/83 -

10/23/84 
10/23/84 
5/28/85 • 

5/28/85 

Cumulative 
water 

pumped ( I ) ' 

2.1 xlO^ 
5 x 1 0 ^ . 

1.1 X 10' 
I . l x 10' 
1.4x10' 

(1.04xl0*)t 
1.4x10' 

(1.05xl0*)t 

Filters 
(retention size ̂ m)t 

1.0-0.45-0.20-0.006 
0.45 
1.0-0.45-0.20 
1.0-0.45-0.45-0.20-0.05-0.003 
1.0-0.45-0.20-0.05-0.003 

1.0-0.45-0.20-0.05-0.003 

* Total volume pumped subsequent to installation of cavity sampling location. 
t0.006 and 0.003^m filters are 100,000 and 10,000 MWU ultrafilters, respectively. 
X Cumulative volume pumped at formation location after relocation of perforated interval and pump. 
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analyzed by X-ray diffraction (XRD) to determine the 
dominant mineral phases present and by X-ray flurores-
cence (XRF) for elemental composition. 

All reported concentrations (mg/l) and specific activities 
(i^Ci/m!) were based on the original sample volume before 
processing, and all activities were decay corrected to the 
time of detonation (To = 14 February 1976). This normali­
zation was necessary in order to compare activities mea­
sured at different times, but it means that the zero-time 
activities reported for the short-lived nuclides may be orders 
of magnitude greater than the actual measured values. For 
ease of comparison, nuclide half-lives are tabulated with the 
activity data. 

The GAMANAL code provides calculated standard 
deviations based on counting statistics, and provides an 
upper limit value if gamma-ray peaks of the requisite ener­
gies are not resolvable from background. These calculated 
uncertainties are appropriate for samples which approxi­
mate a massless point source, but are inadequate for assess­
ing the experimental uncertainties associated with larger 
samples (e.g. filters and salt samples). These calculations 
require the use of assumptions about sample homogeneity 
and self-absorption that may introduce additional uncer­
tainties. Experimental tests have shown that ±25% is a 
satisfactorily conservative estimate of the total uncertainty 
(one standard deviation) in the measured activity of such 
samples. In propagating the uncertainties reported in this 
paper, we used the larger of the GAMANAL-calculated 
uncertainty or 25% of the measured activity. 

RESULTS 

Figure 2 shows the history of •'H activities as a 

function of volume pumped and pumping times. 

Activity values indicate trend lines for both the cavity 

and formation samples that are similar and only 
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FIG. 2. Pumping history and -"H activity at the Cheshire site. 
Tritium counting uncertainties are typically <1%. Samples 
coded X are small-volume samples analyzed for ̂ H only. 
Samples B-7 through B-10 are large-volume samples not 
fully processed at the time of publication. Coded symbols 
represent intervals when pump was off: (1) 9/9/83 to 8/1/84; 
(2) 10/25/84 to 4/25/85; (3) 5/14/85 to 5/23/85; (4) 7/20/85 to 
9/11/85; (5) 10/1/85 to 10/8/85. (No water has been pumped 

since 11/7/85.) 

slightly offset (see THOMPSON, 1987, for a similar 
presentation of LANL data). The total volume 
pumped probably did not exceed 10% of the cavity 
water contents, and cannot account for the observed 
decrease in activity (THOMPSON, 1986). Natural flush­
ing of the cavity by the groundwater flow system is 
indicated by the secular trends in the data, the simi­
larity between cavity and formation activities of dis­
solved nuclides, and the obsen'ation that the mea­
sured activities are far less than the predicted source 
term (THOMPSON, 1986,1987). Preliminary data from 
a new test well several hundred meters downgradient 
show '-'Sb abd •'H activities in the uppermost water­
bearing zone that are similar to the activities reported 
here (LLNL unpublished data). This confirms the 
interpretation that hydrological transport is occurring 
in this vicinity. The •'H activity values deviate from a 
smooth curve by considerably more than detection 
uncertainties ( s l % ) can explain. Because ^H is a 
generally conservative tracer and is present at levels 
too high to be affected by sample contamination, we 
believe the scatter reflects spatial and/or temporal 
variability in the formation water. The scatter may 
also be amplified by the effects of intermittent pump­
ing or of integrated sampling over a substantial verti­
cal interval of a fractured aquifer. 

Results from the six large-volume samples desig­
nated B-1 through B-6 (see Table 1 and Appendix A) 
are emphasized here, supported as appropriate by 
data from other samples and reports. BUDDEMEIER 
and ISHERWOOD (1985) and MARSH et al. (1988) pro­

vide additional data and experimental information. 
For convenience and consistency of notation, 
ultrafilters are identified by their nominal equivalent 
pore size. Wellhead measurements indicated that 
cavity water had a pH of 8.6, a dissolved oxygen 
concentration of approximately 3 mg/l, and a temper­
ature of 4(>-42°C when stabilized by protracted 
pumping. For the formation samples, the field pH 
was 8.4 with 5 to 6 mg/l dissolved oxygen and a 
temperature similar to the cavity. The elevated 
groundwater temperatures are consistent with other 
observations on Pahute Mesa (CLAASSEN, 1976), and 
are believed to be due to natural geothermal sources 
rather than to nuclear detonation effects. 

Laboratory analyses showed that the groundwater 
is a sodium bicarbonate type with a substantial con­
centration of silica (BUDDEMEIER and ISHERWOOD, 

1985; MARSH et al., 1988). Chemical and radio­
chemical differences between samples were fre­
quently at or beyond the limits expected from analyt­
ical uncertainties and smoothed trends in the data. 
As with the ^H variations, this probably reflects 
spatial or temporal variability in the formation water, 
but may also be due in part to the influences of the 
rate and duration of pumping in particle recovery. 

Total dissolved solids (TDS) and colloid concentra­
tions were estimated from dried ultrafiltrate and 
retentate samples. Table 2 summarizes these results 
and indicates the considerable mass of submicrom-
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Table 2. Dissolved and colloidal material in Cheshire samples 

Sample 

B-1 
B-2 
B-3 
B-3 
B-4 
B-5 
B-6 

Location 

Cavitv 
Cavitv 
Cavity 
Cavitv 
Cavitv 
Formation 
Formation 

TDS 
(mg/l) 

260 
(260)* 
(265)-
(265)* 
265 
217 
219 

Colloid 
size 

range (fim) 

0.20-0.006 
0.45-0.006 
0.20-0.003 
0.20-0.05 
0.05-0.003 
0.05-0.003 
0.05-0.003 

Colloid mass 
concentration 

(mg/l) 

55 
(63)* 
(35)* 
(25)* 
10.1 
4.6 
4.3 

* Indicates an assumed value based on samples collected close in time to the 
indicated sample. 

eter colloids present in these pumped groundwaters. 
Because ultrafiltration was assumed to exclude all 
colloids, the derived ultrafiltrate is a measure of the 
TDS. Some extrapolation was necessary; this is indi­
cated by the numbers in parentheses in Table 2. For 
example, because the ultrafiltration TDS was not 
available for sample B-2, the value from B-1 was 
assumed. Similarly, sample B-3 was collected on the 
same date as B-4, so the TDS of 265 mg/l from sample 
B-4 was assumed for sample B-3. Dried retentate 
samples provided estimates of colloid mass concen­
tration. The 194.5 1 of 0.05 «m-filtered sample B-4 
was ultrafiltered, producing a retentate volume of 
0.245 1 with a dried mass of 2.04 g. Assuming the 
retentate has the same TDS value as the ultrafiltrate 
provides the estimate that 10.1 mg of 0.05-0.003,//m 
colloids are present per liter of the original sample. 
Samples with different filtrations prior to ultrafiltra­
tion provide colloid masses in the various size ranges 
given in Table 2. It is of interest to note that these 
original samples were not cloudy in appearance 
despite the high colloid concentrations. 

Data on radionuclide activities separated by vari­
ous stages of filtration and ultrafiltration and remain­
ing in the filtrates are compiled in Appendix B 
(Tables B-1 through B-6 for samples B-1 through 
B-6, respectively). The ''"K is a naturally occurring 
isotope with virtually no production by the detona­
tion; all other radionuclides are detonation products. 
Total activities and the fraction dissolved are based 
on summations of the individual fractions, with limit 
values treated as zeros. Where filters were all below 
detection limits but the ashed composite yielded a 
positive value, the ash value was used. Sample 
weights, volumes, and the details of processing are 
given in Appendix A. Sample B-2 was the first sample 
processed, and significant activities of the low-solu­
bility, adsorbing nuclides Mn, Co, Ce, and Eu passed 
through the 0.45-wm filters. This unexpected result 
provided the impetus for studies of filtration methods 
to separate dissolved from particle-associated 
nuclides, and of particle-associated transport in 
general. 

Sample B-1 included the ultrafiltration step for the 
first time, and the analysis indicated that colloidal 

material in the size range of 0.20-0.006 wm contained 
a significant fraction of the total activity of the 
radionuclides Mn, Co, Cs, Ce, and Eu. The final 
configuration for analysis of samples B-4 through B-6 
included the 0.05-wm step to provide further informa­
tion on radionuclide partitioning on the smaller 
colloids and single-pass filtration through the string 
of conventional filters. 

Different radioisotopes of the same element typi­
cally have different precursors and, in some cases, 
different production mechanisms (e.g. activation 
versus fission). Comparison of isotopic behaviors can 
therefore serve not only as a check on the collection 
and analytical procedures, but also as an indicator of 
the degree of geochemical equilibrium within the 
system. In general, radioisotopes ofthe same element 
are very similar in their distribution of activities 
among filter sizes. For example, in sample B-4 the 
fractions of total activity collected on the 1.0-//m filter 
were 0.111 and0.116 for '^''Cs and '-"Cs, respectively, 
and a similarly small variation was observed for the 
three Eu isotopes: 0.359, 0.364, and 0.345. Because 
'̂ ""Cs, '^"Eu and '^''Eu are (n, y) neutron activation 
products, '•"Cs is a fission product with volatile pre­
cursors, and '^'Eu is a fission product derived from 
refractory precursors, these results indicate that 
chemical and physical (sorption) equilibration occurs 
on a time scale short compared to the time elapsed 
since detonation. The results further suggest that 
potentially fractionating transport mechanisms (e,g. 
vapor phase injection) associated with the detonation 
or immediate post-detonation environment must be 
of minor importance compared to long term hydro-
logical transport. These results also indicate the 
absence of any real or apparent fractionation effects 
in the sample processing and counting procedures. 

Both the total activities and the particulate activity 
distributions, like the chemical analyses, suggest the 
existence of sample-to-sample variations that are 
greater than can be attributed to analytical uncer­
tainty or the long-term trends in the data. The discus­
sion that follows concentrates on ratios and large-
scale systematic differences that are insensitive to the 
level of noise in the experimental results. 

X-ray diffraction studies were undertaken for 
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Table 3. The results of X-rav fluorescence analvsis of sample 
'B-4 

Element 

K 
. Ca 

Mn 
Fe 
Ni 
Cu 
Zn 
As 
Br 
Rb 
Mo 
Cs 
Ba 
La 
Ce 
Pb 

Concentration passing 
0.05 um filter 

(umg/1) 

735 
784 

31 
140 

8.6 
2.9 

530 
13,1 
37 

7.0 
10.8 

<1.5 
8.7 

<1.5 
<2.2 
12.5 

Fraction colloidal 
0.05-0.003 urn 

size range 

0.36 
0.028 
0.!8 
0.40 
0.023 
0.064 
0.011 . 
0.016 
0.004 
0.28 
0.004 

>0 .H 
0.24 

>0.13 
>0.40 

0.26 

sample B-4 to gain some insight into the mineral 
composition of the colloids. The dried ultrafiltrate 
was composed of evaporite salts (halite, trona, 
aragonite) consistent with the dissolved species 
present, while the ultrafilter retentate solids in the 
0.05-0.003//m range were dominated by quartz and 
(Ca, K) feldspars. Approximately 10% of the dried 
ultrafilter retentate solids could not be identified by 
X-ray diffraction, but could be clay minerals formed 
as secondary minerals during feldspar weathering 
(VELBEL, 1986). Fourier-transform infrared spectro­
scopic characterizations being carried out at the 
Desert Research Institute tend to support the 
hypothesis that clays are present in the colloid frac­
tions (R. JACOBSON. personal communication). 

The distribution of trace elements between the 
ultrafilter retentate and the filtrate was measured for 
sample B-4 by X-ray florescence. Table 3 lists the 
elements detected, the total concentration per liter of 
groundwater passing the 0.05 um filters, and the 
fraction of that element that is present on 0.05-0.003 
//m colloids. For K, Mn, Fe, Rb. Cs, Ba, La, Ce, and 
Pb, between 10 and 40% of the amount of each 
element passing the 0.05 /.im filter is present on the 
small colloids. Detectability problems hinder a com­
parison of radionuclide association on colloids with 
elemental association, but X-ray fluorescence indi­
cates that 36% of the K passing through the O.Q5-/:im 
filter was colloidal compared to 32% of ^^K. For '̂ -"Cs 
and '"Cs, 18% and 12%, respectively, of the activity 
passing the 0,05-/<m filters was colloidal, while X-ray 
fluorescence indicates >11% colloidal. The results 
are consistent with each other and with chemical 
expectations within the uncertainties of these 
methods, and indicate that the observed colloidal 
associations of radionuclides are representative of a 
larger phenomenon of trace element partitioning. 

DISCUSSION 

Radionuclide transport from the cavity to the for­
mation is dependent on both physical and chemical 
factors. Figure 3 compares the ratio of formation 
(sample B5) to cavity (sample B4) total activity with 
the dissolved fraction for each nuclide in the cavity 
sample. Also included are ranges of ratio estimates 
for two nuclides conventionally treated as conserva­
tive (dissolved) tracers: ''H and "Tc. The "Tc point is 
based on the data presented by SILVA et al. (1987) for 
samples corresponding to B-4 and B-5; the ^H ratio 
and range was estimated by averaging the LLNL and 
LANL (THOMPSON, 1986) analyses of samples col­
lected within a week of each of the two large-volume 
samples. Although there is a slight overlap in the 
ranges, the •'H appears to be less diluted (86 ± 7% of 
the cavity value) at the formation sampling point than 
does the Tc (64 ± 21%). This may reflect different 
transport characteristics in the immediate post-deto­
nation environment (e.g. vapor-phase transport) or 
it may be an artifact of the untested assumption that 
the two nuclides are in fact completely dissolved, 
conservative tracers. 

For the Co, Ce, and Eu nuclides that are >98% 
associated with colloids, the activity at the formation 
location is <4% of the cavity level, indicating signifi­
cant colloid removal during solution transport. '""Mn 
has a formation/cavity ratio of 0.20 ± 0.21; because 
of the large uncertainty, the value was not plotted in 
Fig. 3. Because the formation colloid concentrations 
(Table 2) are approximately 50% of the cavity value 
and the particulate activities are approximately 2.5% 
of cavitv activities, it is evident that the loss and 
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acquisition of colloidal particles by the moving 
groundwater must be a dynamic process. If there 
were no chemical exchange between dissolved 
nuclides and suspended colloids or between dissolved 
nuclides and fracture surfaces, then the other 
nuclides ought to fall in the shaded range in Fig. 3 that 
connects the ''completely particulate" with the "com­
pletely dissolved" nuclides. The '"^Ru and '-^Sb 
values fall reasonably close to the range of values 
specified by the mixing curve of Fig. 3. Although a 
large fraction of the total ""Ru is in the particulate 
form, both Sb and Ru in the dissolved form are 
expected to exist as anionic species under the chemi­
cal conditions of NTS groundwater, and should 
behave in solution much as does '̂'Tc (BUDDEMEIER 
and ISHERWOOD, 1985). 

The other nuclides that exist at least partly in 
dissolved form do not fall in the shaded range of 
Fig. 3. For"Na,'^''Csand '-"Cs, there is lower activity 
in the formation compared to that expected if only 
physical dilution and colloid removal were operating. 
This suggests either adsorption of dissolved conta­
minants to fracture surfaces or exchange of a 
radionuclide with a naturally occurring stable ion. 
The •'"K values represent naturally occurring levels, 
and provide an indication of the chemical variability 
of natural constituents in both the particulate and 
dissolved forms. 

\ Adsorption and desorption of nuclides can be 
quantified for nuclides with detectable activities in 
the dissolved fraction and the 0.05-0.003 «m particle 
size range for which we have measured colloid mass 
concentrations (Table 2). The K^ values for '"*Ru, 
'-^Sb, '-"^Csand '"Cs are calculated from Eqn (1) and 
listed in Table 4 for the last cavity sample and the two 
formation samples. Uncertainties are one standard 
deviation, calculated from counting uncertainties 
only. The calculated distribution coefficients for all 
nuclides are identical within the calculated uncertain­
ties for the cavity sample and the first formation 
sample. Cesium adsorption onto montmorillonite has 
a measured A:rfOf 4.5 x 10̂  ml/g at 26°C in 2 mM NaCl 
(SILVAN a/., 1979), a Na concentration similar to that 
measured in groundwater at this site (3 mM), This is 
in satisfactory agreement with the field values, and is 
consistent with the hypothesis that alumino-silicate 
clays are a significant component of the 0.003-0.05 
um colloid fraction. Formation sample B-6 was 
consistently somewhat lower in K^ values for all the 
nuclides; the sample had solution activities and 

particle loading similar to B-5, but lower particulate 
activities. As discussed above, we cannot at present 
identify a reason for these between-sample vari­
ations. 

The results obtained in this study are critically 
dependent on filtration for size separation of colloids 
from solution. For groundwater samples containing 
colloids in dilute concentrations of the order of milli­
grams per liter, there are no alternative procedures 
for concentrating the colloids to the extent needed 
for radionuclide detection. We recognize a number 
of well-known problems with filtration for size 
characterization, but we conclude that these potential 
problems do not compromise the fundamental 
findings of this study. An overall evaluation of 
colloid-solution separation techniques for trace-
metal speciation studies has been provided by 
DEMORA and HARRISON (1983). For the type of con­

ventional (depth) filters used in this work, particle 
retention efficiency is only weakly dependent on 
particle size near the stated filter pore size. JOHNSON 
and WANGERSKY (1985) have shown that filter 
removal efficiency also depends on colloid stability; 
particles much smaller than the filter pore size were 
removed under the high ionic strength conditions of 
seawater, but there was no removal when the parti­
cles were suspended in distilled water. Another 
phenomenon hindering size separation by filtration is 
the partial clogging of filter pores as material is 
retained (DANIELSSON, 1982). Comparison of results 
between 0.45 «m etched Nuclepore filters (B-2, Table 
4) and bag-type filters (B-3, Table 5) indicates that 
some clogging may have occurred in the Nuclepore-
filtered sample. 

The intensity of fluid mixing, which could break up 
fragile aggregates into smaller aggregates or primary 
particles and result in an apparent shift of particles 
into the smallest size class is also an issue with filtra­
tion and ultrafiltration. Such disaggregation is not 
expected to increase the specific surface area for 
adsorption because new surfaces are not being 
formed. This sort of disaggregation may have occur­
red in sample B-1, which was ultrafiltered by repeti­
tively cycling the fluid through the entire filter string. 
The conventional filters for this sample consistently 
contained a smaller fraction of the total activity than 
was the case for the other cavity samples, which also 
serves to confirm that sorption of dissolved nuclides 
into the filters was not a major problem. 

Because colloid transport processes are size depen-

Table4. Calculated Kj values (ml/g) for 0.05-0.003,«m colloids 

Nuclide 

'"'Ru 
'"Sb 
"''Cs 
'"Cs 

Cavity.. 
B-4 

l . l ± 0 . 4 x 10' 
1.3 ± 0 . 5 x 1 0 ' 
7.6 ± 3.0 X 10' 

10.1 ± 4 . 1 x 1 0 ' 

Formation 

B-5 

1.7 ± 0.6 X 10' 
1.3 ± 0 . 5 x 1 0 ' 
5.3 ± 3.5 X 10' 
8.7 ± 3 . IX 10' 

B-6 

0.39 ±0.14 X 10' 
0.41 ± 0.14 X 10' 

2.6 ± 0 . 9 x 1 0 ' 
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dent, any procedure that alters colloid sizes would 
give results that could not be used for quantitative 
prediction of transport. We point out. however, that 
the effects of the filtration problems discussed above 
would be primarily on the size distributions of col­
loids, not on the partitioning of materials between 
the total colloid loading and the dissolved phase. 
NTS groundwater is oxygenated and low in organic 
matter, a substantial proportion of the colloidal 
material is apparently composed of stable, natural 
minerals, and both the Kj estimates and the isotopic 
comparisons indicate an equilibrated system. The 
samples are therefore expected to be reasonably 
stable during processing and storage. Our experience 
to date with Cheshire groundwater samples indicates 
that serial filtration and ultrafiltration provide 
reasonably consistent results that are suitable for the 
qualitative and semi-quantitative investigation of col­
loid characteristics and transport and for the monitor­
ing of radionuclide concentrations. 

These results raise a number of issues related to 
sampling, colloid characterization, colloid transport, 
and modeling of trace element and radionuclide 
migration in fractured media. Samples collected from 
subsurface environments are initially influenced by 
drilling and well development activities which are 
mechanically, chemically, and hydraulically disrup­
tive. It is not clear how these factors alter colloid 
generation, resuspension, and transport. At the 
Cheshire site, the time between initial drilling and 
sampling was 7 a. However, casing tests, shot perfo­
ration, etc. prior to the sampling produced some 
demonstrable effects on the characteristics of initial 
samples BUDDEMEIER and ISHERWOOD, 1985). In addi­
tion to the problems of groundwater and colloid 
sampling, this aquifier is repeatedly subjected to 
blast-induced pressure pulses that could erode col­
loids attached to fracture-wall surfaces. 

Groundwater was pumped at approximately 120 
1/min (30 gal/min) from a perforated interval more 
than 20 m long, and at least 2 x lOM were pumped 
after startup and prior to collecting large-volume 
samples. We believe that the aquifer was not 
hydraulically stressed under these conditions and 
that the effects of near-well environmental perturba­
tions were minimized. For these same reasons, how­
ever, we cannot claim that the samples represent 
either specific naturally occurring aquifer characteris­
tics or groundwater flow conditions. The pumping 
rate used necessarily induced flow velocities substan­
tially greater than normal groundwater velocities, 
especially in the immediate vicinity of the casing 
perforations. It is possible that this may have induced 
artificially higher colloid loadings in the pumped 
samples than in the actual groundwater. We assert, 
however, that neither the volume extracted nor the 
pumping rates can account for the presence of the 
labelled colloids at the formation sampling location. 
The existence of potentially mobile radio-labelled 
colloids at both locations demonstrates the reality of 

hydrological transport. Further, we note that artifacts 
should diminish with pumping time and volume as 
the zones subject to high pore velocities are cleaned 
out (analogous to well development). The ratios of 
the various nuclides to 'H in different samples at the 
same location vary only over a factor of about two, 
which suggests that our determinations are probably 
valid at least at the order-of-magnitude level. 

The colloids collected in the NTS groundwater at 
the Cheshire site are incompletely characterized. 
Obviously, better colloid characterization is neces­
sary, as is better understanding of the relations 
between sample characteristics and in situ ground­
water characteristics. However, due to dilute colloid 
concentration, heterogeneous distributions in size, 
chemistry and mineralogical composition, and in­
accessibility of the groundwater environment, 
advances in experimental techniques are needed. 

Because planning for radioactive waste disposal 
requires prediction of radionuclide migration for 
thousands of years, some predictive modeling is 
required. Although a number of colloid transport 
models for fractured media have appeared in the 
literature (TAVIS and NUTTAL, 1985; BONANO and 

BEYELER, 1985), there is as yet much uncertainty 
regarding water flow, conservative tracer transport, 
and mechanisms of colloid generation, deposition, 
and erosion. Extensive model development activities 
are premature without both a fundamental under­
standing of mechanism and data collection efforts in 
the laboratory and the field for model calibration and 
verification. 

SUMMARY AND CONCLUSIONS 

Filtration and ultrafiltration studies were carried 
out on groundwater samples from a seven-year-old 
nuclear detonation cavity at the NTS and from the 
fractured lava and tuff formation hydrologically 
down-gradient from the cavity. Substantial loadings 
of submicrometer colloids and significant radio­
nuclide concentrations were found at both sampling 
locations, with values in the formation water some­
what lower than those in the cavity. A substantial 
fraction of the radioactivity at both locations was 
associated with colloidal particles ranging in size 
down to 0.003 ^m; lanthanide and transition metal 
radionuclides were essentially completely particulate 
(ultrafilterable). Based on the data presented, we 
conclude that: 

(1) There is a strong association between colloidal 
solids and radionuclides, particularly in the case of 
elements that are strongly sorbing and/or insoluble 
under groundwater conditions, 

(2) Both the dissolved and colloidal radionuclide 
species undergo hydrological transport through the 
fracture-flow system, 

(3) A substantial proportion of the radionuclides 

mmmmm 
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associated with suspended colloids pass through the 
conventional (0.1-0.45 ,«m) filters traditionally used 
to distinguish between "par t iculate" and "dissolved" 
species. 

In addition to these primary conclusions, support­
ing studies and data interpretation point toward 
further conclusions that are not rigorously proven, 
but that we consider sufficiently interesting and 
important to put forward as hypotheses that merit 
further testing. These points are: 

(4) Measurements indicate that most of the colloi­
dal material consists of natural minerals. There is 
some evidence that the high colloid concentrations 
observed are not unique to the specific study site, but 
there is no basis on which to decide whether these 
levels are natural or are elevated because of the 
continued underground testing of nuclear explosives 
at the NTS. 

(5) Chemical analyses, isotopic comparisons, and 
Kj calculations all suggest that the radionuclides have 
chemically equilibrated with the groundwater sys­
tem, and that their behavior is representative of their 
stable analogs and of trace element geochemistry in 
general . 

(6) Colloidal nuclides and soluble cations are 
transported less efficiently than soluble neutral or 
anionic species, indicating that both colloids and 
cations experience some additional process of loss to 
or exchange with the aquifer during hydrological 
t ransport . 

We feel that these observations of a uniquely 
labeled groundwater environment have significant 
implications relative to both past and future studies 
of speciation and transport in aqueous media. 
Aspects of these findings are relevant to the problems 
of waste disposal (both nuclear and non-nuclear) and 
to a variety of natural geochemical processes. 
Although improved sampling and characterization 
techniques are needed, existing methods can be used 
to further our understanding of environmental 
colloid behavior and transport . 

Acknowledgements—We thank J. Rego, K. Marsh and 
R. Jacobson for their assistance and advice throughout the 
study. They also provided helpful comments on the draft 
manuscript, as did K. Knauss, M. Buchholz-ten Brink, 
V. Oversby, C. Savard. R. Silva, and the anonymous, 
reviewers. C. MacGregor and D. Hansen provided editing 
and production assistance. This work was performed under 
the auspices of the U.S. Department of Energy by the 
Lawrence Livermore National Laboratory under contract 
No. W-7405-Eng-48. 

Editorial handling: M. Gascoyne. 

REFERENCES 

APPS J. A. ,CARNAHAN, G . L . . LICHTNER P. C , MICHEL M. 

C , PERRY D . , SILVA R. J., WERES O . and WHrtE A. F. 

(1982) Status of geochemical problems relating to the 
burial of high-level radioactive waste. 1982. Lawrence 
Berkeley Lab. Publ. LBL-15103. 

BAKER J. E., CAPEL P. D. and EISENREICH S. J. (1986) 
Influence of colloids on sediment-water partition 
coefficients of polychlorobiphenyl cogeners in natural 
waters. Environ. Sci. Technol. 20, 1136-1143. 

BARNES R . B . (1975) The determination of specific forms of 
aluminum in natural water. Chem. C'eol. 15, 177-191. 

BENES P . , GLOS J. and GOSMAN A. (1979) Radiochemical 
study of the physicochemical state of trace cerium in 
aqueous solutions. Radiochim. Acta 26, 55-58. 

BLANKENNAGEL R . K. and WEIR J. E., Jr (1973) Geo-
hydrology of the eastern part of Pahute Mesa, Nevada 
Test Site, NYE Country, Nevada. U.S. Geol. Surv. Prof. 
Pap. 712-B, U.S. Government Printing Office. 

BoNANO E. J. and BEYELER \V. E . (1985) Transport and 
capture of colloidal particles in single fractures. In The 
Scientific Basis for Nuclear Waste Management VIII (ed. 
C. M. JANTZEN, J . A . STONE and R. C, EWING) pp. 
385-392. Materials Research Society, Pittsburgh. 

BUDDEMEIER R. W . and ISHERWOOD D . (1985) Radionuclide 
migration project 1984 progress report. Lawrence Liver­
more National Laboratory Publ. UCRL-53628. 

CHAMP D . R. and MERRITT W . F . (1981) Particulate trans­
port of cesium in groundwater. Proc. Canadian Nuclear 
Society, Second Annual Conf. Toronto (ed. F. N. 
MCDONNELL) pp. 66-69. 

CHA.MP D . R . , YOUNG J. L . , ROBERTSON D . E . and ABEL K. 
H. (1984) Chemical speciation of long-lived radionuclides 
in a shallow groundwater flow system. Water Pollution 
Res. J. Canada 19 (2), 35-54. 

CHA.MPLIN J . B . F . and EICHHOLZ G . G . (1968) The move­
ment of radioactive sodium and ruthenium through a 
simulated aquifer. Water Resour. Res. 4, 147-158. 

CLAASSEN H . C. (1976) Water quality and physical charac-
• teristics of Nevada Test Site water-supply wells. U.S. 

Geol. Surv. Open File Rep. USGS-. pp. 474-158. 
CLEVELAND J . M . (1979) Critical review of plutonium 

equilibria of environmental concern. In Chemical Model­
ing in Aqueous Systems, Symp. Series No. 93 (ed. E. A. 
JENNE) pp. 321-338. Am. Chem. Soc. 

DANIELSSON L . G . (1982) On the use of filters for distin­
guishing between dissolved and particulate fractions in 
natural waters. Water Res. 16, 179-182. 

DA>/YDOV YU. P. (1967) Nature of colloids of radioactive 
elements. Radiokhimiya 9 (1), 94-105. 

DEMORA S. J . and HARRISON R . M . (1983) The use of 
physical separation techniques in trace metal speciation 
studies. Water Res. 17,723-733. 

GiBLiN A. M., BATTS B . D . and SWAINE D . J. (1981) 
Laboratory simulation studies of uranium mobility in 
natural waters. Geochim. Cosmochim. /tew 45,699-709. 

GSCHWEND P. M. and REYNOLDS M . D . (1987) Mono-
disperse ferrous phosphate colloids in an anoxic ground­
water plume. 7. Coniam. Hydrol. 1.309-27. 

GsctrwEND P. M. and Wu S. (1985) On the constancy of 
sediment-water partition coefficients of hydrophobic 
organic pollutants. Environ. Sci. Technol. 19,90-96. 

GUNNINK R . and NIDAY J. B. (1974) Computerized quan­
titative analysis by gamma-ray spectrometry. Lawrence 
Livermore National Lab. Publ. UCRL-51061. 

HiGGO J. J. W. and REES L . V. C. (1986) Adsorption of 
actinides by marine sediments: effect ofthe sediment/sea-
water ratio on the measured distribution ratio. Environ. 
Sci. Technol. 20, 483-490. 

HoRZEMPA L. M. and HELZ G . R . (1979) Controls on the 
stability of sulfide sols: colloidal covellite as an example. 
Geochim. Cosmochim. Acta 43, 1645-1650. 

JAMES R . O . and PARKS G . A. (1982) Characterization of 
aqueous colloids by their electrical double-layer and 
intrinsic surface chemical properties. Surface Colloid Sci. 
12,119-216. 



Radionuclide colloidal migration. Nevada Test Site 545 

JOHNSON B . D . and WANGERSKY P. J. (1985) Seawater 
filtration: particle flow and impaction considerations. 
Limnol. Oceanogr. 30.966-971. 

LANCE J. C. and GERBA C. P. (1982) Virus removal with land 
filtration. In Water Re-use (ed. E. J. MIDDLEBROOKS) pp. 
641-660. Ann Arbor Science. 

LUTZE W . . MALOW G . , RABE H . and HEADLEY T . J. (1983) 
Surface layer formation on a nuclear waste glass. In 
Scientific Basis for Nuclear Waste Management VI (ed. D. 
G. BROOKINS) pp. 37-45. Elsevier. 

MARSH K. V., BUDDEMEIER R . W . , REGO J. H.. HUNT J. R. 
and SILVA R . J. (1988) Radionuclide migration project 
1985-86 progress report. Lawrence Livermore National 
Laboratory Publ. UCRL-53779, in press. 

MCDOWELL-BOYER L . M . , HUNT J. R. and SITAR N . (1986) 
Particle transport through porous media. Water Resour. 
Res. 22. 1901-1921. 

NIGHTINGALE H. I. andBiANCHiW. C. (1977) Ground-water 
turbidity resulting from artificial recharge. Ground Water 
15,146-152. 

SALTELLI A . , AVOGADRO A. and BIDOGLIO G . (1984) 
Americium filtration in glauconitic sand columns. Nuc. 
Technol. 67, 245-254. 

SANTSCHI P . H . , NYFFELER U . P.. Li Y,-H. and O'HARA P. 
(1986) Radionuclide cycling in natural waters: relevance 
of scavenging kinetics. In Sediments and Water Inter­
actions, Proc. Third Int. Symp. on Interactions Between 
Sediments and Water (ed. P. G. SLY) pp. 183-191. 
Springer. 

SHADE J. W., AMES L . L . and MCGARRAH J. E. (1984) 
Actinide and technetium sorption on iron-silicate and 
dispersed clay colloids. In Geochemical Behavior of Dis­
posed Radioactive Waste. Symposium Series 246 (ed. 
G . S. BARNEY, J. D. NAURATIL and W. W. SCHULTZ) pp. 
67-77. Am. Chem. Soc. 

SHEPPARD J. C , CAMPBELL M . J., CHENG T , and KITTRICK 
J. A. (1980) Retention of radionuclides by mobile humic 
compounds and soil particles. Environ. Sci. Technol. 14, 
1349-1353. 

SILVA R . J., BENSON L. V., YEE A. W . and PARKS G . A. 
(1979) Waste isolation safety assessment program, task 4: 
collection and generation of transport data, theoretical 
and experimental evaluation of waste transport in 
selected rocks. In: Annual Progress Report, Lawrence 
Berkeley Laboratory Publ, LBL-9945. 

SILVA R . J., EVANS R . , REGO J. H. and BUDDEMEIER R. W . 
(1986) Technetium analysis in the radionuclide migration 
project. In: Nuclear Chemistry Division FY86 Annual 
Report, Lawrence Livermore National Laboratorv Publ. 
UCAR 10062/86, pp. 3-14-3-16. 

SILVA R . J., EVANS R . , REGO J. H. and BUDDEMEIER R . W . 
(1987) Methods and results o f ' 'Tc analysis of Nevada 
Test Site groundwaters. Lawrence Livermore National 
Laboratory Publ. UCRL-96399. 

SIMMONS G . and CARUSO L. (1983) Microeracks and radio­
active waste disposal. In Scientific Basis for Nuclear Waste 
Management VI (ed. D. G. BROOKINS) pp. 331-338. 
Elsevier. 

THOMPSON J. L. (ed.) (1986) Laboratory and field studies 
related to the radionuclide migration project, 1 October 
1984-30 September 1985. Los Alamos National Labora­
tory Publ. LA-10644-PR. 

THOMPSON J. L. (ed.) (1987) Laboratory and field studies 
related to the radionuclide migration project, 1 October 
1985-30 September 1987. Los Alamos National Lab. 
Publ.LA-11081-PR. 

TRAVIS B . J. and NUTTAL H . E . (1985) A transport code for 
radiocolloid migration; with an assessment of an actual 
low-level waste site. In Scientific Basis for Nuclear Waste 
Management VIU (ed. C. M. JANTZEN, J. A. STONE and 
R. C. EWING) pp. 969-976. Materials Research Society. 

VELBEL M . A. (1986) Influence of surface area, surface 
characteristics, and solution composition on feldspar 

weathering rates. In Geochemical Processes ai Mineral 
Surfaces. Symposium Series No. 323, pp. 615-634. (ed. 
J. A. DAVIS and K. F. HAYES). Am. Chem. Soc. 

WADDEL R. K. (1982)Two-dimensional, steady-state model 
of ground-water flow, Nevada Test Site and vicinity, U.S. 
Geol. Surv., Nevada-California Water Resour. Invest, 
82-4085. 

APPENDIX A: SAMPLE TREATMENT 

Unless otherwise noted, all prefilters (nominal pore size 
1.0.um) were felt bags and all 0.45 urn and 0.20 um filters 
were hydrophilic terpolymer bag filters (Fin-L-Filter) 
supplied by Cole Parmer. The 0.05 um filters were large flat 
filters of mixed cellulose acetate an cellulo.se nitrate com 
position supplied by Millipore. Samples were normally 
pumped through a manifold with the coarser filter in series 
and then through a filter holder that contained eight 0.05-/im 
filters in parallel. 

Samples are listed in the order processed (filtered) rather 
than the order collected. 

B-2: sampled 9 September 1983; volume pumped 5 X 
10' 1 (1.3 X 10' gal); processed 12 December 1983. Filtered 
through 0.45 um polycarbonate Nuclepore filters only; filter 
clogging and/or breakthrough believed to have occurred. 
Original sample volume 200 1; weight of evaporated 0.45/;m 
filtrate 63.8 g. 

B-1: sampled 8 September 1983; volume pumped 2.1 x 
10' 1 (5.6 X lO-* gal); processed 27 July-15 August 1984. 
Filtered through prefilter, 0.45 um, 0.20/^m; ultrafiltered 
through 100.000 MWU (0.006 um) system. During ultra­
filtration, the water not passing the ultrafilter was recycled 
through the entire filter string. Sample volume 1881; reten­
tate fluid volume 3.0 I; dried retentate weight 11.2 g; 
ultrafiltrate salt weight 48.1 g. 

B-3: sampled 23 October 1984; 1.1 x 10' I (volume 
pumped 3 x 10'' gal); processed 1 February 1985. Filtered 
through prefilter, 0.45,0.20,um. Sample volume 1661, dried 
0.2 um filtrate weight 49.5 g. 

B-4: sampled 23 October 1984; volume pumped 1,1 x 
10' 1 (3 X 10*' gal); processed 12-25 April 1985. Filtered 
through prefilter, 0.45, 0.20 and 0.05 um filters in a single-
pass operation; filtrate was then ultrafiltered (without 
recycling through filters) with a 10.000-MWU filter (0.003 
.um). Two 0.45 um bag filters were placed in series; the 
second filter collected approximately 50% as much activity 
as the first. Data from the two filters were added and 
reported as a single 0.45/im value. Conventional filters were 
ashed for the first time (previously processed samples were 
subsequently retreated in the same way) and combined for 
recounting after being counted individually; difficulty was 
experienced with ashing the 0.05/^m filters, which reduced 
to a bead rather than a uniform ash. Sample volume 194.51; 
retentate volume 245 ml; dried retentate weight 2.04 g; 
ultrafiltrate salt weight 51.5 g. 

B-5: sampled 28 May 1985; processed 13-20 August 
1985. Sample collected 1.4 X 10 ' l (3 .7x 10''gal) from start 
of pumping, 1.1 x 10' 'l(2x lO'gal) from restart of pumping 
at formation sampling point. Processing like B-4 except that 
only one 0.45/im filter was used and the 0.05/^m filters were 
ashed before counting. Sample volume 184 I; retentate 
volume 328 ml; dried retentate weight 0.92 g; ultrafiltrate 
salt weight 39.8 g. 

B-6: sampled 28 May 1985 (same pumped volumes as 
B-5); processed between 20 November 1985 and 14 January 
1986. Processing same as B-5. Sample volume 200 I; reten­
tate volume 350 ml; dried retentate weight 0.94 g; filtrate 
salt weight 43.7 g. Gamma counting of filters believed to 
have been compromised by use of ̂ "Na calibration source in 
counting room; ashed filter values used to determine total 
paniculate ~Na. 

wmemttrnm 

http://cellulo.se


546 Robert W. Buddemeier and James R. Hunt 

iiMi 

'^•m 

-m 

Mi 

5t*iJ 

m 

APPENDIX B: RADIONUCLIDE ANALYSES 

Table B-1. Cheshire nuclide analysis for cavity sample B-1 

Nuclide 

'H 
--Na 
4 0 ^ 

'^Mn 
^'Co 
'°*Ru 
'^'Sb 
"^Cs 
'"Cs 
'^Ce 
"-Eu 
"^Eu 
" 'Eu 

Half 
life 
(a) 

12.26 
2.605 

1.3 X 10' 
0.855 
5.272 
1.020 
2.760 
2.065 

30.170 
0.778 

13.40 
8.50 
4.73 

Total 
activitv 

(uCi/ml)* 

0.615(1) 
7.57 X 10"'(24) 
2 .67x10- ' (18) 
1.18 X 1 0 - (25) 
5 .53x10- ' (16) 
1.25 X 10"' (16) 
5.27 X 10-'(24) 
2.18X 10-" (17) 
3.I9X 10-'*(16) 
1.20 X 10-"* (17) 
9.51 X 10-'(17) 
1.64 X 10"*(17) 
4.10X 10-^16) 

Fraction of total activitv retained bv 

Prefilter 0.45 um 

na na 
<0.001 0.061 
<0.02 <0.02 

0.503. 0.069 
0.576 0.082 
0.189 0.084 
0.007 0.003 
0.055 0.020 
0.084 0.024 
0.280 0.074 
0.281 0.071 
0.286 0.073 
0.313 0.082 

0.20 um 

na 
<0.001 
<0.02 

0.059 
0.071 
0.067 
0.002 
0.016 
0.016 
0.055 
0.052 
0.053 
0.059 

0.006 um 

na 
<0.06 

0.625 
0.369 
0.271 
0.578 
0.039 
0.322 
0.326 
0.591 
0.596 
0.588 
0.547 

Fraction 
dissolved 

1.000 
0.939 
0.375 

<0.14 
<0.004 

0.082 
0.949 
0.587 
0.550 

<0.01 
<0.01 
<0.01 
<0.01 

* All activities decay-corrected to Tn = 14 February 1976. Values in parentheses are the % uncertainties (± I a) based on 
counting uncertainties for the individual samples: 

na = not analyzed. 

Table B-2. Cheshire nuclide analysis for cavity sample B-2 

Nuclide 

• ' H 

^-Na 
4 0 ^ 

'^Mn 
'^Co 
"*Ru 
'^'Sb 
"^Cs 
'"Cs 
'"•Ce 
"^Eu 
"^Eu 
" 'Eu 

Half 
life 
(a) 

12.26 
2.605 

1.3x10' 
0.855 
5.272 
1.020 
2.760 
2.065 

30.170 
0.778 

13.40 
8.50 
4.73 

Total 
activity 

(uCi/ml)' 

0.614 (1) 
9 .79x10- ' (23) 
5.24 X 10-'(19) 
1.20 X 10"'(22) 
6.07 X 10-'(18) 
1.48 X 10"' (21) 
6.27 X 10-° (25) 
2.68 X 10-^ (21) 
3.40 X 10-'(20) 
1.49 X 10-»(20) 
1.20 X 10-'(21) 
1.90 X 10-^(21) 
6.10X 10-" (21) 

Fraction of 
total activity 

retained on 0.45 um 

na 
0.079 
0.269 
0.341 
0.332 
0.185 
0.007 
0.182 
0.212 
0.209 
0.197 
0.169 
0.191 

Fraction of 
total activity 

<0.45,um 

1.000 
0.921 
0.731 
0.659 
0.668 
0.815 
0.993 
0.818 
0.788 
0.791 
0.803 
0.831 
0.809 

* All activities decay-corrected to T̂  = 14 February 1976. Values in parentheses are the 
7o uncertainties (± 1 a) based on counting uncertainties for the individual samples, 

na = not analyzed. 
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Fraction 
dissolved 

1.000 
0.939 
0.375 

<0.14 
<0.004 

0.082 
0,949 
0.587 
0.550 

<0.01 
<0.0I 
<0.01 
<0.01 

(?) based on 

Table B-3. Cheshire nuclide analysis for cavity sample B-3 

j 
i 1 

Nuclide 
4 

'H 
< «Na 

•« 'K 

, '--Mn 
1 «Co 

"*Ru 
'^'Sb 
"^Cs 

' '"Cs 
' • " C e 

"^Eu 
" • •Eu 

' "Eu 

Half 
life 
(a) 

12.26 
2.605 

1.3 X 10' 
0.855 
5.272 
1.020 
2.760 
2,065 

30.170 
0.778 

13.40 
8.50 
4.73 

Total 
activity 

O'Ci/ml)* 

0.504(1) 
8.02 X 10-'(25) 
3 .58x10- ' (24) 
9 .64xl0-»(64) 
3.42 X 10-'(22) 
1.14 X 10-'(23) 
6.77x10-^(25) 
2 . 7 0 x 1 0 - ^ 3 7 ) 
4.60 x 10- '(24) 
1.01 X 10-' (24) 
7 .52x10- ' (23) 
1.31x10-** (23) 
3.87 x 10"'* (23) 

Fraction of total activity retained by 

Prefilter 

na 
0.019 

0.45/im 

na 
<0.008 • 

[combined filters 
[combi 

0.068 
0.029 
0.001 
0.008 
0.009 
0.051 
0.047 
0.044 
0.044 

ned filters 
0.035 
0.029 
0.002 
nd 
0.007 

<0.004 
0.024 
0.025 
0.022 

0.20/;m 

na 
<0.002 

0.03] 
0.128] 

0,031 
0,025 
0.001 
nd 
0.008 

<0.003 
0.027 
0.026 
0.023 

Fraction of 
total activity 

<0.20fjm 

1.000 
0.981 
0.097 
0.872 
0.866 
0.917 
0.996 
0.992 
0.976 
0.949 
0.902 
0.905 
0.911 

' All activities decay-corrected to Tg = 14 February 1976. Values in parentheses are the % uncertainties (±1 
a) based on counting uncertainties for the individual samples, 

na = not analyzed, 
nd = not detected: no limit calculated. 

Table B-4. Cheshire nuclide analysis for cavity sample B-4 

Nuclide 

'H 
^-Na 
4 0 ^ 

' • •Mn 

"'Co 
"*Ru 
'^'Sb 
"^Cs 
'"Cs 
'"Ce 
"^Eu 
"^Eu 
'"Eu 

Half 
life 
(a) 

12.26 
2.605 

1.3x10' 
0.855 
5.272 
1.020 
2.760 
2.065 

30.170 
0.778 

13.40 
8.50 
4.73 

Total 
activitv 

(uCi/ml)* 

0.504 (1) 
8.50 X 10-'(23) 
4.15 X 10-' (20) 
3.31 X 10-" (36) 
3.12 X 10-'(25) 
1 .05xl0- ' (22) 
7.30 X 10-' (24) 
2.67 X 10-'(19) 
4.39 X 10-'(19) 
9.56 X 10-' (25) 
6.75 X 10-' (25) 
1.17X10-" (25) 
3.45 X 10-" (25) 

Prefilter 

na 
<0.18 

0.198 
0.750 
0.368 
0.321 
0.006 
0.111 
0.116 
0.362 
0.359 

.0.364 
0.345 

Fraction of 

0.45/^m 

na 
<0.01 

0.039 
0.250 
0.129 
0.129 
0.005 
0.038 
0.041 
0.132 

• 0.127 
0.130 
0.118 

total activity retained 

0.20,um 

na 
0.022 
0.079 

<0.14 
0.155 
0.158 
0.004 
0.048 
0.055 
0.140 
0.162 
0.161 
0.148 

0.05 ,um 

na 
0.013 
0.330 

<0.12 
0.123 
0.070 
0.003 
0.067 
0.068 
0.071 
0.135 
0.127 
0.109 

by 

0.003 um 

na 
0.037 
0.084 
nd 
0.204 
0.178 
0.014 
0.057 
0.075 
0.295 
0.209 
0.218 
0.280 

Fraction 
dissolved 

1.000 
0.928 
0.270 
nd 
0.021 
0.144 
0.968 
0.679 
0.645 

<0.05 
0.008 

<0.01 
<0.03 

* All activities decay-corrected to Tn = 14 February 1976. Values in parentheses are the % uncertainties (j 
counting uncertainties for the individual samples, 

na = not analyzed, 
nd = not detected; no hmit calculated. 

1 ff) based on 
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Table B-5. Cheshire nuclide analysis for formation sample B-5 

Nuclide 

'H 
"Na 
4 0 ^ 

'••Mn 
"•Co 

"»Ru 
>^'Sb 
"^Cs 
' " C s 
' " C e 
"^Eu 
"••Eu . 
' " E u 

Half 
life 

(a) 

12,26 
2.605 

1.3X10' 
0.855 
5.272 
1.020 

• 2.760 
2.065 

. 30.170 
0.778 

13.40 
8.50 
4.73 

Total 
activitv 

CuCi/mlV 

0.433 (1) 
1.07x10- ' (24) 
2.94 X 10-' (20) 

7 x 1 0 - ' (72) 
1.06x10-'" (25) 
2 .67x10- ' (20) 
3.93 X 10-' (25) 
1.91 X I0- ' (25) 
7 .43x10- ' (22) 

<7 .5x 10-" 
1.65 X 10-'° (25) 
2.99x10- '° (25) . 
8.80x10-'° (25) 

Prefilter 

na 
<0.02 

0.047 

0.441 
0.162 
0.003 
nd 
0.018 
nd 
0.237 
0.245 
0.173 

Fraction of total activitv retained 

0.45 ,um 

na 
<0.02 
<0.01 

[com 
<0.05 

0.071 
0.002 
nd 
0.005 
nd 

<0.07 
<0.02 

0.034 

0.20 .um 

na 
0.057 

<0.01 
bined filters 

0.097 
0.055 
0.004 
nd 
0.007 
nd 

<0.08 
<0.02 

0.066 

0.05 um 

na 
<0.28 

0.118 
.1.0] 

0.294 
0.289 
0.004 
nd 
0.050 
nd 
0.458 
0.466 
0.382 

by 

0.003 um 

na 
<0.20 

0.083 

0.168 
0.205 
0.006 
0.024 
0.035 
nd 
0.305 
0.289 
0.345 

Fraction 
dissolved 

1.000 
0.943 
0.752 

<0.01 
<0.04 

0.217 
0.985 
0.976 
0.884 
nd 

<0.06 
<0.07 
<0.13 

* All activities decay-corrected to TQ = 14 February 1976. Values in parentheses are the % uncertainties (j 
counting uncertainties for the individual samples, 

na = not analyzed, 
nd = not detected; no limit calculated. 

1 a) based on 

Table B-6. Cheshire nuclide analysis for formation sample B-6 

Nuclide 

'H 
-̂-Na 

40K 

'••Mn 
'"Co 
""Ru 
'-'Sb 
" • • C s 
i"Cs 
'"Ce 
"^Eu 
"^Eu 
'"Eu 

Half 
life 
(a) 

12.26 
2.605 

1.3 X 10' 
0.855 
5.272 
1.020 
2.760 
2.065 

30.170 
0.778 

13.40 
8.50 
4.73 

Total 
activity 

{/iCi/miy 

0.433(1) 
1.49 X lO-*" (19) 
2 .79x10- ' (21) 

< 6 x 10-' 
5.30 X 10-" (25) 
1.79 X I0- ' (12) 
3.98 X 10-' (25) 
3.52 X 10-'" (25) 
5 .46x10- ' (23) 

< 9 x 10-" 
8 .98x10-" (16) 
1.92x10"'" (15) 
5.24 X 10-'" (16) 

Prefilter 

na 

0.036 
nd 
1.000 
0.292 
0.003 
nd 
0.029 
nd 
0.404. 
0.453 
0.367 

Fraction of total activ 

0.45 um 

na 

0.20 um 

na 
combined filters, < l 

<0.01 
nd 

<0.10 
0.084 
0.001 
nd 
0.007 
nd 

<0.10 
0.120 

<0.04 

<0.01 
nd 

<0,10 
0.039 
0.001 
nd 
0.005 
nd 

<0.10 
<0.02 
<0.03 

ty retained 

0.05//m 

na 
0] 

0.094 
nd 

<0.10 
0.217 
0.002 
nd 
0.044 
nd 
0.492 
0.342 
0.537 

by 

0.003 um 

na 
<0.01 

0.020 
nd 

<0.05 
0.053 
0.002 
nd 
0.010 
nd 
0.104 
0.085 
0.096 

Fraction 
dissolved 

1.000 
>0.99 

0.850 
nd 

<0.09 
0.315 
0.991 

>0.90 
0.905 
nd 

<0.24 
<0.12 
<0.39 

* All activities decay-corrected to 7"o = 14 February 1976. Values in parentheses are the % uncertainties (±1 a) based ( 
counting uncertainties for the individual samples, 

na = not analyzed, 
nd = not detected; no limit calculated. 
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Abstract 

Investigations at Pinal Creek, Arizona, evaluated routine sampling 
procedures for determination of aqueous inorganicgeochemistry 
and assessment of contaminant transport by colloidal mobility. 
Sampling variables included pump type and flow rate, collection 
under air omit rogen, and filter pore diameter. During well purging 
and sample collection, suspended particle size and number as 
well as dissolved oxygen, temperature, specific conductance, 
pH, and redox potential were monitored. Laboratory analyses of 
both unfiltered samples and the filtrates were performed by 
inductively coupled argon plasma, atomic absorption with graphite 
furnace, and ion chromatography. Scanning electron microscopy 
with Energy Dispersive X-ray was also used for analysis of the 
filtered particulates. 

Suspended particle counts consistently required approximately 
twice as long as the other field-monitored indicators to stabilize. 
High-flow-rate pumps entrained normally nonmobile particles. 
Differences in elemental concentrations using different filter-
pore sizes were generally riot large with only two wells having 
differences greater than 10 percent in most elemental 
concentrations, although trends showed increasing 
concentrations with increasing filter pore sizes in most wells. 
Similar differences {> 10%) were observed for some wells when 
samples were collected under nitrogen rather than in air. Fe^V 
Fe^ ratios for air-collected samples were smaller than for samples 

'U.S. EPA, Robert S. Kerr Environmental Research Laboratory, Ada, 
OK , "U.S. Geological Survey, Tucson, AZ, and =NSl Technology 
Services Corporation, Ada, OK. 

collected under a nitrogen atmosphere, reflecting sampling-
induced oxidation. 

Introduction 

Ground-water samples that are representative of actual ground­
water quality are, at best, difficult to obtain (Claassen, 1982). 
Disturbance of the subsurface environment ,is unavoidable 
during well construction activities. Additional disturbance during 
sample collection may drastically alter ground-water chemistry 
due to oxidation, sorption, mixing, and turbulent flow resulting in 
Inaccurate estimations of contaminant bading and transport 
predictions. A common study objective is to determine what 
constituents are mobile in an aquifer. Many ground-water 
samples are filtered to exclude particles dislodged from the local 
well environment, because those particles are not mobile at 
ordinary ground-water velocities. Because geochemical models 
are based on the thermodynamics of dissolved constituents, 
small pore-diameter filters have been preferred as the best way 
to separate dissolved from particulate constituents. 

In practice, 0.45-p.m filters are commonly used to balance 
between the objectives of isolating dissolved constituents and 
permitting reasonable use in the field. Unfortunately, particle 
sizes do not have an express lower bound so that the right filter 
can perfectly separate particles from solutes. Particles with 
diameters from 0.003 to 10 jim, referred to as colloids, may form 
in certain environments and be mobile atground-water velocities. 
Use of 0.45-^m filtration may exclude an important component 
of the contaminant load at some waste sites, particularly where 
highly toxic metals are involved (Puis and Barcelona, 1989). 
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Many studies have demonstrated contaminant transport by 
colloidal mobility (Gschwend and Reynolds, 1987; Eichholz et al. 
1982; Enfield and Bengtsson, 1988; Robertson, 1984). There Is 
increasing concern that current methods of ground- water sample 
collection may excludethiscomponentofthecontaminant loading 
in a given system. If the purpose of sampling is to estimate 
contaminant transport, substantial underestimations of mobility 
may result, because of colloidal associations. Numerous studies 
attest to the strong sorptive capabilities of secorxjary clay minerals; 
hydrous Fe, Al, and Mn oxides; and humic material of colbidai 
dimensions. Takayanagi and Wong (1984) determined that 
more than 70 percent of the total Se in river waters adjacent to the 
Chesapeake Bay was associated with organic and inorganic 
colloidal particles. Buddemeier and Rego (1986) found that 
virtually all the activity of Mn, Co, Sb, Cs, Ce, and Eu was 
associated with colloidal particles in ground-water samples from 
underground nuclear-test cavities at the Nevada Test Site. 
Colloidal particles generated in batch experiments by Sheppard 
et al. (1979) and Puis et al. (1989) were shown to retain substantial 
proportions of radionuclides. Further work by Sheppard et al. 
(1980) concluded that the transport of radbnuclides by colloidal 
clay particles should be considered in contaminant-transport 
models. 

Filtration is part of this concern; but other factors, such as sample 
exposure to atmospheres different from aquifer environments 
and pump-induced disturbance of the sampling zone, are also 
important. Oxidation-induced precipitation and sorption 
processes, many of which are kinetically rapid (seconds to 
minutes), may cause prevbusly dissolved species to be removed 
during filtration, resulting in lower metal concentrations than are 
actually present in the aquifer. Fitter loading and cbgging with 
fine particles may also occur, reducing the nominal pore size of 
the filter and introducing errors due to changing effective pore 
size (Danielsson, 1982). 

Background 

A workshop was convened at the Robert S. Kerr Environm^tal 
Research Laboratory (RSKERL) of the U.S. Environmental 
Protection Agency in 1988 to examine these Issues and provide 
technical guidance based on currently available scientific 
information. A Superfund Ground Water Issue Paper resulting 
from the workshop emphasized the importance of well construction 
and sampling methodology in obtaining representative water 
chemistry data (Puis and Barcelona, -1989). Workshop 
recommendations in the area of ground-water sampling are 
briefly summarized below: 

Purging 

Water that remains In the well casing between sampling 
periods is unrepresentative of water in the formation opposite 
the screened Interval. It must be removed by purging or 
Isolated from the collected sample by a packer arrangement 
prior to the collection of representative water samples. It is 
Important to purge the stagnant water at flow rates below 
those used In development to avoid further development, 
well damage or the disturtjance of accumulated corrosion or 
reaction products in the well. 

Isolation of Sampling Zone 

Isolatbn of the sampling zone is necessary to minimize the 
purge volume as well as to minimize air contact. This is 

especially important since Eh/pH conditbns of the formation 
waters are often sensitive todissolved-gas content. Inflatable 
packers can be used to achieve isolation of the sampling 
zone. 

Pumping for Sample Collection 

It is recommended that a positive displacement pump be 
used. Other types of sample collection (e.g. bailing) may 
cause displacement of non-mobile particles or substantially 
alter ground-water chemistry leading to colbid formation 
(e.g. vacuum pumps). Surging must be avoided, and a flow 
rate close to the actual ground-water fbw rate should be 
employed. While an initial approximatbn, flow rates around 
100 to 500 ml/min have been used to successfully sample 
ground waters in a quiescent mode. 

Assessment of Water Constituents During 
Purging and Sampling 

Monitoring for dissolved oxygen, temperature, specific 
conductance, pH and turbidity during purging and sampling 
is recommended to determine baseline ground-water quality 
conditions prior to sampling. 

Filtration 

For estimates of contaminant mobilrty, filtration with coarse 
filters (> 2 um) using the same procedures as above or 
collection of unfiltered samples is recommended. Filtration 
for accurate estimations of geochemistry should be performed 
In the field with in-line pressure filtration using a large (e.g. 
142 mm) polycartxjnate-type (thin with sharp pore-size 
cutoff) 0.1 um filter. Air contact should be minimized and 
entirely excluded for some samples. Acidification of samples 
to < pH 2 should be performed Immediately. The filter holder 
should be non-metallic. Holders made of steel are subject 
to corrosion and may introduce non-formation metals into 
samples. Prewashingoffilters should be routinely performed. 

In an effort to test the efficacy of these recomm.endations, a joint 
study by the U.S. Environmental Protection Agency and the U.S. 
Geological Survey was begun in the spring of 1988. Collection 
of representative unfiltered samples is quite challenging in many 
systems because of the difficulty of excluding nonsuspended or 
artifact particulates. Because no sampling technique is totally 
passive, all contaminant-mobility estimates based on unfiltered 
samples are biased toward overestimation. An attempt was 
made to minimize this bias by carefully following the workshop 
recommendations. 

Purpose and Objectives 

The specific objectives of the study were to evaluate perturbations 
to the ground-water geochemistry during sample collection and, 
in particular, to identify those factors that caused significant 
differences in elemental concentrations or concentrations and 
size distributions of suspended particles in samples collected for 
analysis. Samples for both dissolved and suspended 
contaminants were collected. Filters smaller than 0.45 ^m were 
used to sample for dissolved constituents and for comparison 
with the unfiltered or coarsely filtered samples. This document 
summarizes the results of the study and addresses the efficacy 
of the 1988 RSKERL filtration workshop recommendations on 
ground-water sampling for metals analyses. 



Study Site 

The study site is located at Pinal Creek, near Gbbe, Arizona, 
about 130 km east of Phoenix and about 170 km north of Tucson. 
Copper has been mined since 1903 from granite porphyry 
adjacent to an aquifer at the site. A band of unconsolidated 
alluvium 300 to 800 m wide, as much as 50 m thick, and about 
20 km bng forms the upper, central part of the aquifer in a valley 
abng Miami Wash and Pinal Creek (Figures 1 and 2). Most of 
the sediment in the alluvium ranges In size from fine sand to 
coarse gravel, but clay and boukJer lenses also are present. 
Alluvial basin fill more than 100 m thick forms the remainder of 
the aquifer beneath and adjacent to the unconsolidated alluvium. 
Peterson (1962) described the geology of the area. 

During 1940-86, ackJic mining waste solutions were discarded in 
an unlined lake formed behind waste and tailings piles. In 1986, 
pH at the lake surface was about 2.7 and the lake volume was 
about 5.5x10* m'. By May 1988, virtually all the lake water had 
been spread on Inactive tailingspilesto evaporate. Contamination 
of ground and surface waters in the area has been described by 
Eychaner (1989). The distributbn of pH in the aquifer was used 
as a guide in selecting wells to sample for this study (Figure 1). 

Water levels and chemical quality have been monitored since 
1984 in several groups of observation wells (Figure 1). Each 
group consists of separate wells indivbually completed with 10-
cm-diameter polyvinylchloride casing and a single well screen. 
Most of the well screens are 0.9 m long; the longest screen in a 

well sampled for this study is 6.1 m. Most of the wells were drilled 
by the hydraulic rotary method using bentonite-based drilling 
mud; five wells were drilled by the holtaw-stem auger method. 
The annulus in the screened Interval was packed with washed 
pea gravel from a nearby uncontaminated area. The gravel pack 
was capped with a 1 -m layer of bentonite pellets. Each well was 
developed by jetting high-pressure air through the screen to 
dislodge and remove fine-grained material. Comprehensive 
data from the study area are available (Eychaner et al, 1989). 

In the alluvium, hydraulic conductivity is on the order of 200 m/d 
on the basis of cross-sectbnal area, hydraulb gradient, and 
measured outflow (C.C. Neaville, hydrobgist, U.S. Geobgical 
Survey, written commun., 1990). For thbk sections of basin fill, 
hydraulb conductivity was estimated from aquifer tests of two 
wells to range from 0.1 to 0.2 m/d (Neaville, written commun., 
1990). 

Near the sampled wells, hydraulic conductivity was estimated on 
the basis of measured water-level declines and pumping rates 
during sampling periods using the solution of the unsteady 
ground-water fbw equation (Lohman, 1979, eq. 44). The 
estimates are within an order of magnitude at best, but are useful 
for comparisons among the wells because of the similarities in 
construction. The estimates range from 10 to 150 m/d for wells 
in the alluvium or uppermost basin fill. Estimated hydraulic 
conductivity for well 105, deeper In the basin fill, was 0.5 m/d. On 
the basis of hydraulb gradients that range from 0.005 to 0.008 
and assumed porosity of 0.2 or 0.3, average ground-wafer flow 
velocities near the wells range from 0.02 to 3 m/d. 
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Figure 1. Hydrogeologjc Section of the Aquifer 
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Instrumentation and Methods 

Ground water was collected during two field seasons from 
twelve wells selected to represent the range of pH, solute 
concentratbn, and hydraulb conductivity abng Pinal Creek 
(Figures 1 and 2). Three different pumps were used (Table 1). 
At the bwest discharge, velocities induced at the borehole face 
were estimated to range from 1 to 5 times the average ground­
water velocity close to each well in the alluvium. In the basin fill 
underlying the alluvium, even the lowest discharge resulted in 
vebcities more than 400 times that of the ground water. 

Water that remained in the well between sampling sessions was 
purged, as it was judged to be unrepresentative of formation 
water. An inflatable packer was used wKh the bladder and low-
rate submersible pumps to reduce necessary purge volumes. 
During purging, a Hydrolab Surveyor IP with a flow-through cell 
was used to monitor temperature, specific conductance, pH, 
dissolved oxygen, and oxidation-reduction potential (Pt 
electrode). Samples were collected only after each indicator 
reached an acceptably stable value, generally a value that 
changed by less than its measurement uncertainty during one 
purge volume. From 3 to 24 volumes were purged before 
sampling, and the high fbw rate submersible pump generally 
purged the larger volumes. 

During the second field season, a Malvern Autosizer lie was 
used to measure suspended particles in the diameter range from 
0.003 to 3 Jim. The instrument determines the size distribution 
of suspended particles in this size range using laser light 
scattering techniques together with photon correlation 
spectroscopy. Partble-concentratbn estimates were based on 
calibration curves constructed using linearcorrelatbn(t*» 0.999) 
between photon counts by the instrument and known 
corv^entratbns of kaolinite, a secondary clay mineral. The 
kaolinite used was a reference standard obtained from the Clay 
Minerals Repository at the University of Missouri. Kaolinite was 
identified by Scanning Electron Microscopy with Energy 
Dispersive X-Ray (SEM-EDX) on many of the filters from the 
sampled wells. Other particles captured on fitters and bentified 
by SEM-EDX included iron oxides, smectite, jarosite, silica, and 
gypsum. Although the assumption that minerals in the reference 

standard adequately represent the sum total of all the colloids in 
the aquifer is not entirely true, photon counts provide at least a 
relative measure of suspended partble concentrations. 

Colloid concentrations took longer to stabilize than other field 
indicators, about 50 percent bnger than dissolved oxygen or 
redox potential, and about twice as long as specifb conductance, 
pH, or temperature. Well 107 was representative ofthe variation 
of the indicators during purging at most of the wells (Figure 3). 
Stable values of the indicators at selected wells are listed in 
Table 2. 

Samples were collected both in air and under nitrogen using a 
field glove box. Unfiltered and filtered samples were collected, 
the latter using 142-mm-diameter Millipore and Nucleopore 
membrane filters ranging in pore size from 0.03 to 10.0 \im. 
Samples were acidified in the field Immediately after filtering with 
double distilled concentrated nitric acid to pH < 2. Working in the 
glove box was difficult, and handling thin membrane filters with 
latex gloves was partbularly cumbersome. 

Elemental analyses were performed wKh inductively coupled 
plasma (ICP) for most elements; atomb absorption with graphite 
furnace (AAGF)for Cd, Pb, and As; and bn chromatography (IC) 
for chloride and sulfate. Analytical precision on the ICP ancd 
AAGF were < ±10 percent, and on the IC < ±5 percent. Scanning 
Electron Microscopy with Energy Dispersive X-Ray (SEM-EDX) 
was used to identify colloidal material captured on the membrane 
fitters. 

Effects of Sampling Variables 

Pumping Rates 

Differences in pumping rates were expected to cause differences 
in the concentrations and size distributions of colloidal particles 
in suspensions and differences in elemental concentratbns after 
filtration. Ten wells were purged and sampled with as many as 
three different types of pumps in June 1988 and March 1989. 
Pumping rates ranged from 0.6 to 92 L/min, corresponding to 
velocities of 25 to 3900 m/d at the well screens. Samples were 
filtered in air through 0.4-jim filters, filtrates were analyzed for 

Table 1. Pumps used In ground water sampling. 

Brand' 

GeoTech 

Keck 

Grundfos 

Type 

bladder 

submersible 

submersible 

Power 
Supply 

compressed 
air 

IZVdc 

240 Vac 

Diameter 
(mm) 

44 

44 

95 

Discharge 
(L/min) 

0.6-1.1 

2,8-3.8 

12-92 

' Use of brand names is for ldentifk»tk>n purposes only and does not imply endorsement by any agency of the 
United States Government. 
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Figure 3. Changes In Water Quality Indicators During Purging of Well 107 (Keck Pump, 3/89) 

Table 2. Ground-water quality Indicators for selected wells. 

Well: 

pH (units) 

Sp.Cond,(nS/cm) 

Temp.(°C) 

Oxygen(mg/L) 

Redox Pot,(v) 

Colloids (mg/L) 

104 

3.92 

3020 

18,0 

0.39 

0.44 

— 

105 

6.08 

4300 

19.0 

— 

0.28 

0.4 

107 

3.48 

7070 

18.4 

0.14 

0.44 

0.3 

303 

4.27 

3210 

19.0 

0.01 

0.37 

— 

403 

5.05 

3200 

18,8 

0.07 

0.38 

— 

451 

4.73 

4060 

18.9 

0,24 

0.25 

20 

503 

5,74 

3620 

18.9 

0.22 

0.32 

0.1 



cations using ICP, and the filters were examined using SEM-
EDX. Particle concentrations and size distributbns were 
monitored in 1989 for five wells on unfiltered samples. 

Cation concentrations differed by less than 10 percent between 
pumping rates for seven of the ten wells. These seven wells 
generally had bw particle counts, and bw filter bading was 
observed using SEM-EDX. Well 503, in the alluvium, was 
representative of the seven wells. Figure 4 illustrates changes in 
water-quality indicators in well 503, where the bladder pump was 
used to purge and sample, followed by use of the low-rate and 
high-rate submersible pumps. The well therefore was purged 
with the bladder pump prbr to placement of the latter two pumps. 
Colloid concentration stabilized at 0.1 mg/L during pumping at 
1 ;1 L/min and increased to 0.7 mg/L when discharge increased 
to 3.8 L/min before stabilizing again at 0.1 mg/L. When discharge 
increased to 30 L/min, however, collob concentratbn initially 
increased to 4.4 mg/L before finally stabilizing at 0.2 mg/L. 
Partble-size distributions for the final sample with each pump are 
also shown in Figure 4. The low-discharge pumps produced 
monomodal distributions of the same size particles. The highest 
discharge produced larger and slightly more partbles in abimodal 
distribution because of increased turbulence. The predominant 
mineral identified on the filters from well 503 was gypsum, which 
was accompanied by some iron oxide, kaolinite, and other 
partbles that contained Fe+AI-hS. Analytical concentrations of 
metals did not differ significantly but db reflect the observed 
mineralogy. 

For samples from the three wells where observed cation 
differences exceeded 10 percent, measured particle counts and 
filter bading were also significantly higher than for the other 

seven wells. Particle counts differed by factors of 5 to 130 
between pumping rates. Cation concentrations differed by as 
much as 50 percent for both major and trace elements. Cation 
concentrations were generally highest in samples with the bwest 
counts (leastturbid), but some anomalous k>ehavbr was observed 
for some elements (Table 3). Pump-Induced entrainment of 
colloidal particles could decrease dissolved cation concentrations 
by sorption on freshly exposed surfaces of particles which had 
been retained on filters. 

Differences in cation concentrations were especially noticeable 
at well 105. In March 1989, pumping at 2.8 L/min mobilized 13 
times more partbles and decreased Ca, Mg, Mn, and Sr 
concentrations by 10 to 25 percent, compared to pumping at 0.9 
Umin (Table 3). For equal volumes of filtrate, SEM photographs 
showed that the proportion of the area of a 0.1 um filter covered 
with particles was about 1 percent forthe bwer pumping rate and 
about 30 percent for the higher rate. In June 1988, pumping at 
12 Umin decreased concentratbns of Ca, Mg, Mn, Co, NI, and 
Sr by 20 to 50 percent compared to pumping at 1 L/min. Well 105 
is screened in the basin fill, which has the bwest ground-water 
flow velocity in this study. Even at the lowest pumping rate, the 
velocity induced at the borehole face was more than 400 times 
the normal ground-water velocity. Water pumped from well 105 
was visibly murky at times. 

Pumping well 451 at 0.8 L/min produced seven times more 
particles than pumping at 3.4 L/min and decreased concentrations 
of six cations by 10 to 50 percent. Again, the less turbid water 
generally had the larger concentrations, but the higher pumping 
rate unexpectedly produced the less turbid water. This well had 
the highest colloid concentrations of any well (Table 4). The 

Table 3. Cation and colloid concentrations, mg/L, after purging al different rates (March 1989, 0.4 ̂ Jn filter, sampled In air). 

Well 

Discharge (lymin) 

Coltokis 

Ca 

Mg 

K 

Fe 

Mn 

Al 

Cu 

Co 

NI 

Sr 

Zn 

105 

0.9 

0.3 

579 

149 

40 

<.4 

6.6 

<.4 

<.4 

<.4 

<.4 

1.6 

0.7 

105 

2.8 

4.0 

478 

117 

37 

<.4 

5.0 

<.4 

<.4 

<.4 

<.4 

1.4 

0.9 

451 

0.8 

20 

586 

150 

16 

156 

108 

6.5 

6.4 

1,5 

0.3 

1.9 

3,0 

451 

3.4 

3.0 

623 

162 

13 

151 

113 

10.0 

12.4 

1.8 

0.4 

2.1 

3.9 

503 

1.1 

0.1 

703 

148 

12 

<.4 

76 

<.4 

<.4 

<.4 

0.6 

2,3 

0,06 

503 

3.8 

0.1 

704 

146 

11 

<.4 

76 

<.4 

<.4 

<.4 

0.6 

2.3 

0.04 

503 

30 

0.2 

704 

147 

11 

<.4 

73 

<.4 

<.4 

<.4 

0.6 

2.3 

0.04 
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Table 4. Pumping rate data for selected wells and pumps. 

Well Date 
Sampled 

Pump 
Discharge 
(L/min) 

Intake 
Velocity 
(m/d) 

Formation 
Velocity 
(m/d) 

105 

303 

403 

451 

452 

503 

6-14-88 

3-7-89 

6-15-88 

6-15-88 

3-9-89 

3-9-89 

6-16-88 

3-8-89 

1.0 
12 
0.9 
2.8 
0.7 
24 
0.8 
27 
0.8 
3.4 
0.8 
28 
1.0 
45 
1.1 
3.8 
30 

42 
510 
38 
120 
30 
1000 
34 
1100 
26 
110 
28 
980 
42 
1900 
47 
160 
1300 

0.012 

1.33 

2.93 

0.25 

0.75 

1.63 

Relative 
VelociV 

460 
5500 
410 
1300 
2.9 
99 
1.5 
51 
5.3 
22 
1.8 
61 
3.4 
150 

3.7 
13 
100 

Collob 
Concentration 

(mg/L) 

0.3 
4.0 

20 
3.0 
0.2 
10 

0,1 
0.1 
0.2 

I 
fe 

g; 

' Ratio of induced velocity at the borehole face to average ground-water velocity in the adjacent formation. 

samples collected in March 1989 were noticeably turbid, even 
after 2 hours of purging with the bladder pump. In fact, bwer 
particle counts by the slightly higher rate pump may have resulted 
from the additbnal purge time, as the latter was Inserted following 
purging and sampling with the bladder pump'. Two factors may 
contribute to the high colloid concentrations at well 451: 

• It is in relatively fine grained sediment in the alluvium, 
and 

• it is in a part of-the aquifer where pH is changing 
rapidly and iron oxide coatings on colbidai clay are 
dissolving. 

For this data set, particle concentrations were not predictable 
from pumping rate, purge volume, flow velocity at the screen, or 
the ratio of vebcity induced at the borehole face to bcal ground­
water flow velocity. Measured partble concentratbns appear to 
depend on interactions of these factors as well as geobgy, well 
constructbn, and water chemistry. 

Filtration Differences 

Concentration differences among samples filtered through pore 
sizes ranging from 0.1 to 10 |im were generally less than 10 
percent. Only wells 303 (Table 5) and well 503 had differences 
ofgreaterthan 10 percent In most elemental concentrations. The 
larger differences commonly were associated with use of the 
high-rate submersible pump, and concentrations generally 
increased wKh increasing fitter-pore size. 

Differences less than 10 percent generally were obsen/ed for 
waters that have pH less than 4, whbh does not favor colloid 
formation. The largest observed differences for well 403, for 

Table 5. Cation concentrations, In mg/L, for well 303 using 
different filters (June 1988, 24 L/min, sampled in air). 

Element 

Ca 

Mg 

K 

Fe 

Mn 

Al 

Co 

Cu 

Ni 

Zn 

0.1 um 

391 

91 

4.73 

171 

37.7 

6.74 

0.68 

15.0 

0.68 

2.75 

0.4 um 

424 

100 

5,49 

87 

40,8 

7,61 

0.75 

16,7 

0.75 

3.27 

lOum 

492 

20 

9,76 

211 

45.5 

9.93 

0.86 

19.2 

0.88 

4.13 

example, were for Al, Cu, Fe, and Mg, but no consistent trend of 
concentration with filter pore size is apparent (Table 6). 

Filtrationdifferencesof greaterthan 10 percent were also generally 
associated with use of the high-rate submersible pump because 
of the increased entrainment of particulates as observed above. 



Table 6. Cation concentrations. In mg/L, for well 403 using 
different filters (June 1988, 0.8 L/mIn, sampled in air). 

Table 7. Cation concentrations. In mg/L, for samples collected in 
air and nitrogen under atmosphere (mg/L, 0.40-)im filter, 
< 1 L/mIn). 

Element 

Ca 

Mg 

K 

Fe 

Mn 

Al 

Co 

Cu 

Ni 

Zn 

0.1 )jTn 

533 

133 

5.58 

0,45 

34,6 

1.22 

0.36 

1.62 

0.41 

0.90 

0,4 um 

533 

113 

5.47 

6.63 

34.9 

1,91 

0.36 

2.14 

0.42 

0.95 

lOjun 

554 

116 

5.65 

1.22 

34.7 

1.17 

0.37 

1.57 

0.44 

1.60 

Element 

Fe 

Mn 

Cd 

Co 

Cu 

Ni 

Zn 

u / o r o r i o t o f 

air 

177 

37.4 

0.02 

0.69 

15.5 

0.70 

2.53 

m ' t n o A VAJ 

Well 30a 

nitrogen 

215 

44,7 

0.02 

0.82 

18.6 

0,84 

3,11 

r t h i n r t n £ i XAiaexl^ r\4 o 

WPII 503 

air 

0.04 

68.3 

0.01 

0.01 

0.01 

0.47 

0,21 

nitrogen 

0.09 

68.7 

0.01 

0.02 

0,04 

0,48 

0.30 

Oxidation of Samples 

Oxidation of samples during sample collection, filtration, and 
preservation generally resulted in substantial differences in most 
wells between samples collected under nitrogen or in air. Work 
by Holm et al. (1988) showed that diff usbn of atmospherb gases 
through pump tubing can introduce measurable concentrations 
of oxygen into waters initially low in dissolved oxygen. This 
source of possible contamination for both sets of samples was 
minimized by collection of samples adjacent to the wellhead. 
Samples collected in air were directly exposed to atmospherb 
gases during filtration and acidificatbn procedures. Signifbant 
differences (>10 percent) were observed in many of the wells. 
Variations in differences from well to well may have been caused 
by a number of different factors including: 

• slightly different exposure times to air, depending 
on water-table depth and duration of filtration and 
preservation, 

• dissolved-oxygen level, 

• redox potential (Eh), and 

• dissolved iron concentratbn. 

Large differences in concentrations were measured for well 303, 
where dissolved iron concentration was greater than 200 mg/L 
(Table 7). Differences similar to those for well 303 were also 
observed in wells 51,104, and 403. In contrast, the differences 
were small for well 503, where the dissolved iron concentration 
was less than 0.1 mg/L. 

Another indication of the extent of oxidative effects on sample 
integrity was reflected In Eh values determined by various 
methods for well 51 (Figure 1). The fieb-measured Eh value 
using a R electrode was 0.43 V. Acalculated Eh value, assuming 
equilibrium between Fe** and Fe(OH)3, was 0.57 V (Stollenwerk 

In March 1989, Fe^*and Fe, . . for well 51 
total 

and Eychaner, 1989). 

computed by difference, and Eh was calculated from the ratio of 
Fe^ to Fe^*. The calculated Eh was 0.51 V for the sample 
collected and analyzed in a nitrogen atmosphere and 0.76 V for 
the sample collected in air. Samples collected in the glove box 
were transported in nitrogen-pressurized containers, and the 
determinations were performed in laboratory glove boxes also 
pressurized with nitrogen. 

Several possible errors are associated with all these Eh evaluation 
methods. Lindberg and Runnells (1984) showed that many field 
Eh measurements may not reflect true redox conditions in 
ground waters. However, in acbb waters such as these, field 
measurements using R electrodes may be valid (Nordstrom et 
al. 1979). Values calculated from equilibrium constants rely on 
the assumption that Fe(0H)3 Is the predominant solubility 
controlling phase. Stollenwerk and Eychaner (1989) used the 
equilibrium expression: 

Fe»* -I- 3HjO -*- Fe(OH)3 -h 3H* bg K j - -4.891. 

although other values have been reported for this reaction. 
Samples collected under nitrogen may have received some 
exposure to oxygen during sample collection, processing, and 
analysis. The Fe^ values for March 1989 were small differences 
between two large numbers and are uncertain. Irrespective of 
these and other limitations in estimating Eh, the large difference 
observed between 0.76 V for the sample collected in air and the 
other Eh values for well 51 demonstrates the extent of oxidation 
that can occur if care is not taken to limit oxygen exposure during 
sample-collectbn activities in suboxicand anoxb environments. 

Conclusions 

Research at this site indicates that monitoring of water-quality 
indicators during well purging and sampling is important. In 
addition to the Indicators most often monitored, turbidity also 
needs to be evaluated before collecting samples. In lieu of the 
use of a turbbimeter, purging for twice the time required for 
dissolved-oxygen equilibration may be a good rule of thumb. 
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The use of a bw flow rate pump can minimize entrainment of 
nonmobile suspended particulates, oxygenation of formation 
water, and mixing of adjacent, possibly geochemically distinct, 
ground waters. Collectbn and processing of anoxic or suboxb 
ground water excluding atmospheric gases to the extent possible 
is desirable for representative and accurate water-chemistry 
data. The glove box used for collectbn of samples under 
nitrogen was cumbersome and difficult to use, especially in 
handling the thin membrane filters. If tubing of minimum length 
and maximum thickness were used, in-line fittratbn wouW probably 
mitigate the oxidation effects observed in the present study, 
making the use of a field glove box and accompanying nitrogen 
cylinders unnecessary. Although fittratbn differences generally 
were not signifbant at this site, trends indbate that care needs to 
be taken in selection of filter pore size and that samples need to 
be filtered in the field. Additional research is needed at sites with 
distinctly different hydrology, geology, and chemistry before final 
recommendations can be made concerning filtration. In the 
interim, collec:tion of filtered and unfiltered samples forcomparison 
purposes is suggested for at least a fraction of the samples 
collected. Filtered samples are needed for accurate aqueous 
geochemistry estimations, and unfiltered samples provide 
conservative estimates of contaminant mobility. 

The sampling recommendations proposed by the RSKERL 1988 
workshop participants were realistb and relatively easy to apply 
in the present study. Additional time was required for purging and 
sampling, but the additional care was warranted to obtain ground­
water chemistry data which were as representative as possible. 
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ABSTRACT 

Contaminated soils underlying the Petroleum Products Corporation 
National Priority List site in Broward County, Florida, exhibit lead and 
petroleum hydrocarbon concentrations exceeding 20,000 and 100,000 ppm, 
respectively. In contrast, chromium concentrations never exceed 100 ppm. 
Despite this difference in soil load, all three shallow groundwater conta­
minant plumes enconpass the saire concentration range and coincide in lat­
eral extent, showing limited offsite migration. The enhanced aqueous phase 
partitioning of chromium relative to lead and organics reflects several 
factors: 1) lead and petroleum hydrocarbons were loaded into the system as 
a relatively coherent, inpermeable mass (oily sludge); 2) formation of low 
solubility organolead complexes and polymerized organics during the waste-
generating processes; 3) formation of low solubility lead carbonate in the 
calcareous soils; and 4) depletion of more n d b i l e , lower-molecular-weight 
organic species during the waste-generation processes; this fractionation 
also increases the viscosity of the residual long-chain aliphatic hydrocar­
bon mix by eliminating the "fluidizing" conponents. In contrast, the fact 
that the shallow groundwater chromium plume coincides with the less mcbile 
lead and petroleum hydrocarbon plumes reflects the very flat hydraulic gra­
dients (0.00013) and low groundwater flow velocities (0.0008 feet/day) that 
characterize this transmissive system. Hence, dispersion and diffusion 
rather than advection appear to be the primary mechanisms of contaminant 
-transport. 
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INTRDDUCTICN 

The Petroleum Products Corporation (PPC) National Priority List sitje 
is located in Pentoroke Park, Florida, approximately 0.2 mile west of Inter­
state 95, 1.5 miles north of the Broward Coun1:y-Dade County line, and 10 
miles south of the City of Ft. Lauderdale (Figiore 1). The area surrounding 
the site is highly developed and contains a high-density residential popu­
lation as well as a variety of comnercial/industrial activities. The site 
lies within the radius of influence of two major municipal well fields: the 
Hallandale Well Field, ̂ sproximately 2 miles east-southeast of the site, 
and the Hollywood Well Field, approximately 3 miles northwest of the site. 
The combined pumpage at these well fields is on the order of 22 to 27 mil­
lion gallons per day (GPD). 

PPC operated from approximately 1958 to 1971 under various company 
names as a processor and broker of used pefuroleum and otiier hydrocarbon 
products. Sludges generated by the recycling process were disposed of in 
unlined pits that covered a fairly extensive area. Between 1970 and 1971, 
PPC sold most of its property, covered the pits, and reportedly spread con­
taminated fill across the southern half of the site. After 1971, PPC oper­
ations were restricted to the southeast comer of the site, v^ich 
reportedly functioned only as a storage/distribution facility until com­
plete deactivation in 1985. During this period, the remainder of the orig­
inal PPC property was developed as cormercial/industrial warehouse conplex. 
Several of the warehouses were constructed over the abandoned large primairy 
and smaller secondary disposal pits (Figure 2). 

The soils and groundwater underlying the PPC site are heavily contami­
nated with a variety of inorganic and organic conpounds. Lead and long-
chain aliphatic petroleum hydrocarbon homologous conpounds are by far the 
predominant soil contaminants. The preponderance of these more conplex 
hydrocarbon conpounds prevented the acctarate determination of priority pol­
lutant and hazardous substance list organic loads. 

Extensive soil contamination is restricted to the southern half of the 
original PPC property and immediately adjacent areas. This lateral distri­
bution corresponds to the main area of PPC site activity and reflects the 
extent to v̂ iich contaminated fill was spread across the site. In the dis­
posal pit areas, hi^ly contaminated sludges occur locally to depths of 
almost 28 feet; furthermore, at one location elevated contaminant concen­
trations were still present in the underlying soils 15 feet below the bot­
tom of the pit. 

Lead and chromium are the predominant inorganic groundwater contami­
nants. However, only lead represents PPC-derived contamination; chromium 
and several associated metals represent at least two different past or pre­
sent sources of contamination. The groxmdwater also contains a variety of 
priority pollutant organic contaminants at low to moderate concentrations. 

Lead, chromium, and organic concentrations exceeded State of Florida 
groundwater standards in a number of the shallow (20-foot) monitoring well 
samples. The shallow groundwater contaminant plumes in all three cases, 
however, coincide with the msdn area of soil contamination and have not 
migrated very far offsite. The limited extent of contaminant transport is 
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Figure 1 Location of Petroleum Products Corporation (PPC) Site 
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primarily controlled by the relatively flat hydraulic gradient (0.00013) 
and associated lew groundwater flow velocity (0.0008 feet/day). In addi­
tion, a combination of factors acts to limit the effective nt±>ilization of 
lead and the organic species from the heavily contaminated soils and 
sludges. As a result, dispersion and diffusion rather than advection may 
be the primary mechanisms of contaminant transport. 

HYDROGBC3L0GY 

Regional 

The Biscayne Aquifer is the source of all fresh groundwater supplies 
in Broward County, Florida. The aquifer consists of a highly permeable 
sequence of interbedded limestones, sandstones, and sands (with interbedded 
or intermixed clays and marls) that range in age from Late Miocene to 
Pleistocene. Bearden (1974) and Wedderburn (1982) reported that the 
aquifer attains a maximum thickness of approximately 200 and 160 feet, 
respectively, along the coast, thinning to the west. However, more recent 
work (Cousaras 1985) indicates that the aquifer can be on the order of 500 
feet thick in Broward County. The Biscayne Aquifer is underlain by a 
500-to 600-foot-thick section of Miocene age marls and clay vrtiich separates 
it from the Floridan Aquifer. 

The Biscayne Aquifer exists under water table conditions and is 
recharged by the direct infiltration of rainfall. Water levels are on the 
order of 5 feet below land surface. Water table isopleth maps develĉ )ed by 
the United States Geological Survey (USGS) for the Biscayne Aquifer in 
southeast Broward County indicate a regional flow gradient to the northwest 
and distinct cones of depression associated with the Hollywood and Hallan­
dale well fields which would clearly aiffect local flew patterns (Figures 3 
and 4). The effect of well field pumpage is shewn by comparison of the 
USGS dry season map (May 16-17, 1985; Figure 3) with the wet season map 
(October 22, 1985; Figure 4). This effect is reflected in increased draw­
downs, larger cones of depression, and bowing of the upgradient isopleth 
between the well fields to create relatively "steep" local hydraulic gra­
dients to the northwest (Hollywood Well Field). Most of the well field 
production wells are screened at intervals between 50 and 80 feet below 
land surface, although some screens are set as deep as 152 feet. 

Regional hydraulic gradients are extremely flat, rarely exceeding 
0.0002 even vrfiere well pumpage effects are most pronounced. The Biscayne 
Aquifer is highly productive, with transmissivities generally exceeding 1 
million GPD per foot (Wedderbxam 1982). Specific yield is usually esti­
mated at 0.20-0.25, and wells coirpleted in the Biscayne Aquifer can gener­
ally be expected to yield up to 7,000 gallons per minute (Wedderburn 1982). 
Pumpage at the Hallandale Well Field is on the order of 5 to 7 million GPD, 
and at the Hollywood Well Field on the order of 17 to 20 million GPD. 

Site 

The upper 8-10 feet of soils in the vicinity of the PPC site consist 
of a laterally and vertically heterogeneous mixture of calcareous sands. 
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Figure 3 Dry Season Water Level Isopleths (feet above MSL) for the Biscayne 
in Southeast Broward County, May 16-17, 1985 Aquifer 
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Figure 4 Wet Season Water Level Isopleths (feet above MSL) for the Biscayne Aquifer 
in Southeast Broward County, October 22, 1985 
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silts, peat (usually consisting predominantly of vegetative detritus), peb­
ble- and gravel-sized coralline limestone fragments, and occasional layers 
of clay. The main thickness of the primary disposal pit was defined by a 
heterogeneous, stratified, conplex lithologic sequence of oily calcareous 
sands and silts, sludge, peat (vegetative detritus), and gravel-sized lime­
stone fragments. Occasionally, non-oily, unstained, "cleaner-appearing" 
lithologies were inter layered between visibly contaminated horizons. Many 
of the sludge and peat layers were very dry and even powdery at depths well 
below the water table. Between 0.5 and 3 feet of seemingly clean fill was 
present above the visibly contaminated horizons. 

The soils underlying the pit were defined by calcareous sands, silts, 
gravel-sized limestone fragments, and moderately to well-indurated lime­
stones. The heterogeneous stratification of clearly contaminated zones 
with cleaner-appearing units, combined with the presence of oily or stained 
horizons at depth, made determination of the actual pit bottom difficult. 
Hence, the bottom of the pit was determined to be the depth where a more 
xmiform, non-oil-saturated calcareous sequence was encountered, even if 
materials below this depth exhibited evidence of contamination. The pit is 
thickest across its central portion (20 feet) and thins out (10-12 feet) 
along its southern and northern, extensions. 

The texture of the sludges encountered in the 28-foot-deep secondary 
disposal pit was unusual in ccsiparison to previously encountered disposal 
pit lithologies. First, there was very little lithologic stratification; 
oil-coated calcareous fine sands and silts conprised approximately 85% of 
the scuiple by weight. Secondly, these sludges were wet and either plastic 
or runny, textures that had not been conmonly encountered at previous loca­
tions, v^ere the sludges were often tight and dry. 

The bedrock unit in the area consists of a hard, coral reef limestone 
that is usually encountered at depths of 10 to 15 feet. This unit is visi­
ble in outcrops along the banks of the large excavated lake west of the 
site. At that location, the unit is present at a depth of 5 feet below 
land surface. At several shallow monitoring well locations, the limestone 
bedrock was not encountered by the completion depth (20 feet). 

The intermediate and deep monitoring well borings indicated that, 
above approxinately 30 feet, the limestone is intermixed with higher per­
centages of sand, silt, clay, and shell fragments. This upper unit was 
described by the driller as a soft limestone, and it was visibly easier to 
cut through than the underlying harder unit. The coral reef limestone 
locally has undergone significant post-depositional weathering. This 
weathering resulted in the formation of a naturally undulatory bedrock sur­
face overlain ty a less consolidated, softer, occasionally marly mixture of 
calcareous sand, silt, and coralline limestone. This overlying unit may 
have been deposited after the initial weathering of the coral reef lime­
stone or could represent weathering residuum. In either case, land surface 
topography probably became a subdued reflection of the bedrock surface 
undulations, with low-lying land areas overlying the bedrock depressions. 
These areas also may have been subject to subsequent periods of erosion. 
The PPC primary and secondary disposal pits were probably located to take 
advantage of these natural low areas and were developed as the operational 
needs of the facility increased. 
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The coral reef bedrock limestone sequence is much more permeable than 
the overlying materials, as evidenced by the drilling mud losses observed 
upon penetration of the lower unit and confirmed by the results of downhole 
geophysical logging. Hence, wells screened below a depth of 30 feet should 
exhibit the pumping characteristics of wells open to the most productive 
zones of the Biscayne Aquifer. The decreased transmissivity of this upper 
material reflects the absence of voids and cavities, as well as the fine­
grained texture of these soils. 

The occurrence and movement of groundwater at the PPC site are influ­
enced by a conplex combination of several factors: punpage at the Hallan­
dale and Hollywood well fields; presence of thick accumulations of rela­
tively inpermeable waste sludges that act as barriers to groundwater flow; 
presence of variable thicknesses of heterogeneous fill material overlying 
the highly permeable lithologies of the Biscayne Aquifer; asphalt or con­
crete coverage of large portions of the site, precluding the direct infil­
tration of rainfall; the presence of local recharge zones as a result of 
culvert drains and wells, drain fields, and other unpaved areas; and the 
presence of lakes around the site. These factors interact to produce 
extremely variable and rapid changes in shallow flow conditions. Figure 5 
shows the general water table configuration in the PPC vicinity. However, 
based on information gathered from the field, it is not these factors that 
control the migration of contaminants at the PPC site, but rather the 
nature of the contaminants, the textural characteristics of the contami­
nated soils, and the very flat lateral and vertical hydraulic gradients. 

SITE CCNTAMINATION 

Soils 

Soil data for the PPC site are based on analyses of 0-8 foot soil conpos-
ites (indicated by circles on Figures 6 and 7) and of 0-5 and 5-10 foot 
soil conposites (indicated by squares on Figures 6 and 7). The latter com­
posite sample sets were obtained to characterize soil contamination above 
and below the water table. However, the actual sanpling intervals were 
determined not only by the elevation of the water table, but also by the 
lithologic cheiracteristics of the soils and the presence of contaminated 
horizons. 

The vertical extent of soil contamination was evaluated by means of a 
series of six deep soil borings within the known disposal pit areas and 
three deep borings in other areas of known shallow soil contamination. Of 
these nine borings, eight were conducted to a depth of 20 feet and one, 
located in the center of the primary disposal pit area, was conducted to a 
depth of 35 feet. Five of the disposal pit borings were composited to 
yield sanples of soils within and below the pit. The 35-foot disposal pit 
boring and the three borings outside the pit area were composited to yield 
sanples over five foot intervals. 
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Metals 

In general, metals that were analyzed for in PPC soils can be divided 
into three groups: 

Group 1 - Metals that are almost certainly derived from the soil 
matrix, i.e., calcium, magnesium, sodium, and boron; 

Group 2 - Metals that are almost certainly derived from contaminant 
sources (although not necessarily PPC-related sources), 
i.e., antimony, arsenic, barium, cadmium, chromium, cobalt, 
lead, mercury, nickel, selenium, silver, thallium, vanadium, 
and cyanide; and 

Group 3 - Metals that could be derived from either the soil matrix or 
contaminant sources, i.e., aluminum, beryllium, copper, 
iron, manganese, and zinc. 

The Group 1 metals, since they are derived from the soil matrix, were 
of limited concern. 

Several Group 2 metals (cobalt, silver, and thallium) were not 
detected in any sanple, and several others (arsenic, mercury, selenium, 
vanadium, and cyanide) were detected in a very few sanples at concentra­
tions slightly above the detection limits. These metals were thus of lim­
ited concern. 

Lead was definitely a PPC-related contaminant. The occurrence of the 
remaining Group 2 metals, i.e., barium, cadmium, and chromium, and Group 3 
metals will be evaluated in conparison with lead levels. 

Barium, cadmium, and chromium were detected in a number of sanples. 
Cadmium was usually detected only in sanples exhibiting high lead concen­
trations, and never occurred at a level above 10.6 jpm. Consequently, this 
metal is of limited significance. Barium was also associated with sanples 
exhibiting elevated lead concentrations, but in contrast to cadmium, can 
attain concentrations as high as 1,500 ppm. However, even in these 
sanples, lead concentrations are at least 4 to 10 times as high as the bar­
ium concentrations. Hence, the distribution of barium is reflected in the 
distribution of the lead. Chromium was present in most sanples at rela­
tively low concentrations (<57 ppm), and sanples that exhibited relatively 
elevated chromium concentrations were usually also highly contaminated with 
lead. 

Of the Group 3 metals, beryllium was not detected in any sanple. Man­
ganese was present in most sanples at low concentrations (<90 ppm), but its 
occurrence was not associated with that of lead. Consequently, the 
detected manganese appears to be derived from the soil matrix. Copper was 
also present at low concentrations (<e5 ppm), but was usually detected only 
in highly lead-contaminated sanples. Zinc was found at concentrations as 
high as 943 ppm in lead-contaminated sanples. However, as in the case of 
barium, the lead levels greatly exceeded the zinc concentrations. Based on 
the above, it appears that the detected copper and zinc are primarily 
derived from contaminant sources. 
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The remaining Group 3 metals, i.e., aluminum and iron, present a more 
conplicated picture. Both metals occur at very high concentrations in soil 
sanples v*iere low concentrations of lead occur. However, the hic^ly lead-
contaminated sanples exhibit even higher concentrations of iron and alumi­
num than the soils not contaminated with lead. For exanple, the mean alu­
minum and iron concentrations in sanples with less than 10 ppm lead are 713 
and 1,021 ppm, respectively. In contrast, the mean concentrations in 
sanples with greater than 1,000 ppm lead are 1,688 and 2,407 ppm, respec­
tively. Consequently, aluminum and iron appear to be derived from both the 
soil matrix and contaminant sources. 

In summary, of the entire set of metal parameters, only lead, alumi­
num, barium, chromium, copper, iron, and zinc appear to be significant soil 
contaminants. Furthermore, the occurrence of the highest concentrations of 
aluminum, barium, chromium, copper, iron, and zinc is closely associated 
with the occurrence of lead, which always appears as the primary metal con­
taminant. Consequently, lead was the major metal of concern in the soils 
underlying the PPC site. 

Figure 6 delineates the extent of lead contamination of shallow soils 
across the PPC site; three levels of contamination are delineated: >1,000 
ppm; >500 ppm; and >100 ppm. 

It is clear from Figure 6 that the area of greatest lead contamination 
of shallow soils is almost exclusively restricted to the southern half of 
the site (i.e., the primary area of PPC activity). Outside of this area, 
only tMD sanples exhibited extremely high lead concentrations (16,900 and 
225 ppm). The lithologic logs for these borings provided no indication of 
a source for these high concentrations. Although it is certainly possible 
that the detec±ed lead is PPC-derived, the possibility of other local 
sources cannot be discounted, given the extent of industrial and other 
activities in the area (e.g., people often change their automobile oil on-
site) . Several of the other sanples outside the main area of contamination 
eadiibit lead concentrations above background, which is estimated at a 
slightly elevated level of 10 ppm for this area. 

Within the main area of contamination, lead concentrations are 
extremely variable. For exanple, the five sanples (X>llected adjacent to 
the primary disposal,pit exhibit lead concentrations ranging from 347 ppm 
to 22,400 Epm. Although these results certainly suggest extreme lateral 
heterogeneity of lead distribution, such results could also reflect: 
1) vertical heterogeneity and "diluti(^" of heavily contaminated zones by 
less-contaminated horizons during sanple conpositing, and 2) the difficulty 
of attaining conplete sanple hc»nogenization and thus the selection of an 
unrepresentative aliquot for analysis. 

The deep soil borings indicated that elevated lead concentrations were 
present at depth within and adjacent to the disposal pit areas. At 15-20 
feet, lead concentrations as high as 10,700 ppm were detected. The 30-35 
foot sanple exhibited a lead concentration of 91 ppm, significantly above 
the background level of 10 ppm. 
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Figure 7 shows the distribution of total organic concentrations in the 
shallow soils underlying the PPC site and surrounding area. Three levels 
of contamination are shown: >10,000 ppm; >1,000 ppm; and >100 ppm. 

It is apparent from a comparison of Figures 6 and 7 that the distribu­
tion of the total organic concentrations closely matches that of lead. 
Furthermore, as in the case of lead, the organic concentrations vary over a 
wide range (between 1,000 and 10,000 ppm in the main area of contamina­
tion) , indicating the potential heterogeneity of contaminant load distribu­
tion within the area. However, heavy contamination of the PPC site is gen­
erally restricted to the main area in v*iich the facility operated. 

Organics 

A variety of organic compounds was detected or tentatively identified 
in a number of the soil sanples. However, the distribution and concentra­
tion of any one compound are extremely variable, and hence, it is inpos-
sible to describe the extent of soil contamination from the perspective of 
individual conpounds. Furthermore, such a description would be very mis­
leading, given that, in general, a major percentage of the contaminant load 
consisted of hydrocarbon conpounds that could not be identified. This was 
esp)ecially true for heavily contaminated sanples. For exanple, examination 
of the results for the highly contaminated disposal pit sanples revealed 
that the compounds listed under "total unknown hydrocarbons" comprised, on 
average, 28.5% of the total volatile load and 62.8% of the total semi-
volatile and PCB load. Furthermore, the total semi-volatile and PCB load 
in these sanples was generally 17 times greater than the total volatile 
load. These are the same types of relationships that were exhibited by oil 
samples collected at the site, and in those sanples the total volatile and 
semi-volatile load accounted for less than 1% of bulk conposition. 

Based on this general trend, it was determined that organic contamina­
tion of soils would be evaluated according to total organic contaminant 
load. This is not meant to inply that the priority pollutant organics are 
not of concern at the PPC site, but only that it is almost inpossible to 
present a concise and meaningful description of organic contamination of 
PPC soils from the perspective of priority pollutant conpounds. A number 
of priority pollutant volatiles, semi-volatiles, and PCBs were detected 
across the full suite of soil sanples. Furthermore, the high total organic 
loads and associated matrix effects combine to elevate the detection limits 
for these conpounds or otherwise mask their presence. 

Similar to lead, the deep soil borings indicated that elevated total 
organic concentrations were present at depth within and adjacent to the 
disposal pit areas. At 15-20 feet, total organic concentrations as high as 
140,000 ppm were detected. The 30-35 foot sanple exhibited a total organic 
concentration of 1,400 ppm. 

Groundwater 

Groundwater sanples were collected from 22 PVC shallow (20-foot) moni­
toring wells, 5 PVC intermediate (50-foot) monitoring wells, 2 PVC deep 
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(100-and 200-foot) monitoring wells, 5 private wells in the imnediate vici­
nity of the PPC site, and 5 of the culvert drainage wells on the northern 
half of the site. Of the private wells sanpled,: one is known, to be 
screened, between 101 and 107 feet below land surface, and; two are 
reportedly 57-60 and 75 feet deep,, respectively. The depths of the. remain­
ing, two private wells are not known, but it is. believed that they are 
between 50 and 100 feet deep. 

All of the intermediate wells were clustered with shallow wells, and 
the two deep wells were part of four-well cluster. The culvert drainage 
wells consisted of 2-inch-diameter PVC pipes with slotted caps and upper 
casing. These wells had been; installed at 10 locations across the northern 
half of the site below grade in culvert drains, and varied in depth between 
40 and 72 feet. The purpose of these wells was to improve surface drainage 
of the site. Culvert drains were also present on the southern half of the 
site, but did. not contain wells. The discharge point for all of the cul­
vert drains is unknown, and they may simply drain into the subsurface 
soils. Three runoff water sanples were obtained from the southern culvert 
drains. 

Metals 

Table 1 summarizes the ranges of individual metal concentrations 
detected in all classes of water sanples collected during this investiga­
tion.. It is clear from this table that highly elevated metal concentra­
tions were detected primarily in the shallow monitoring wells, drainage 
wells, and surface water runoff. Boron, calcium, magnesium, sodium, and 
zinc concentrations were comparatively uniform over all of the sanple 
classes, which suggests that these metals are derived from the soil matrix. 
However, even for these metals, groundwater samples from the shallow wells 
appear to exhibit somê Aiat elevated concentrations, indicating that to some 
extent these metals may also be derived from a contaminant source. Antim­
ony, cobalt, mercury, thallium, and cyanide were not detected in any 
sample. 

Lead and chromium are the major metal contaminants in the shallow well 
samples, attaining concentrations of 5,150 ppb .and 1,100 ppb, respectively, 
which greatly exceed the Florida groundwater standard of 50 ppb. Iron and 
manganese are the only other metals to have been detected at concentrations 
in excess of established Florida standards (reconmended limits of 300 ppb 
and 50 ppb, respectively). Selenium was present in two sanples below the 
measurable detection limit of 25 ppb, and hence may exceed the Florida 
standard of 10 ppb. Standards have not been established for several of the 
metals (aluminum, nickel, and vanadium) present at high levels in the shal­
low groundwater sanples. 

There is no direct correlation between the occurrence of high lead and 
high chromium concentrations (e.g., the sanple that contained the highest 
lead level exhibited the third lowest chromium concentration). This sug­
gests that lead and chromium are not derived from the same primary source. 
Chromium concentrations were also relatively lew in soils with high lead 
levels. 
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T a b l e 1 

METAL CONCENTRATION RANGES (ppb) IN ALL CLASSES OF COLLECTED HATER SAKPLES 

U l 

Metal 

A lun i fxn 
Antinony 

Arsenic 
Barlua 
Bery l l iuB 
Boron 
Carinlun 
Ca lc i ta 
ChroaiM 
Cobalt 
Copper 
I r on 
Lead 
NagrtesiiB 
Manganese 
Mercury 
Nickel 
SeleniuB 
S i l ve r 
Sodiui 
Tha l l iun 
Vansdiun 
Zinc 
Total Cyanide 

Shallow Monitor ing 
Nel la 

647 - 376,000 

<60 

<10 - 19.B 
<200 - 447 
<5 - 11.3 
80.4 - 535 
<5 
86,200 - 2,020,000 
<10 - 1,100 
<50 
<25 - 107 
1,960 - 77,100 
<5 - 5,150 
3,540 - 92,200 
57.1 - 308 

<0.2 
<40 - 174 
<5 - <50 (<25) 
<10 - 12.2 
5,780 - 44,300 
<5" 
<50 - 239 
45.4 - 379 
<10 

In te rned ia te 
Moni tor ing Ne l la 

<200 - 2,560 
<60 
<10 
<200 
<5 
56.1 - 206 

<5 - 6.14 
82,800 - 129,000 
<10 - 11.3 
<50 
<25 
207 - 757 
9.2 - 22.1 
2,790 - 17,300 
<15 
<0.2 
<40 
<5 
<10 
14,700 - 37,300 
<5 
<50 
<20 - 112 
<10 

Deep Moni tor ing 
Mella 

<200 

<60 

<10 
<200 
<5 
65.4 - 120 
<5 
66,300 - 64 
<10 
<50 
<25 
175 - 283 

<5 - 13.3 

,800 

3,250 - 5,810 
<15 
<0.2 
<40 
<5 
<10 
18,200 - 55 
<5 
<50 
<20 - 53.6 
<10 

,800 

Pr ivate Ne l l s 

<200 
<60 
<10 
<200 
<5 
57.8 - 262 
<5 
71 ,3X - 95,200 
<10 
<50 
<25 
1,080 - 7,930 

<5 - 10.9 
1,720 - 6,690 
<15 - 30.9 
<0.2 
<40 
<5 
<10 
9,320 - 17,500 
<5 
<50 
<20 - 492 
<10 

Drainage 
Nel la 

„ 

— 
~ 
— 
— 
— 
— 
— 
33 -

— 
— 
— 
627 

~ 
55 -

— 
— 
— 
— 
— 
— 
— 
— 
— 

1,760 

- 5,990 

362 

Lakes 

<200 

<60 
<5 
<200 

« 
63.5 - 104 

<5 
17,300 - 89,300 
<10 - 13.2 
<50 
<25 - 70.8 
<100 - 162 

<5 - 8 
1,540 - 4,180 
<15 
<0.2 
<40 
<5 
<10 
7,900 - 11,600 
<5 
<50 

<20 - 33.4 
<10 

Runoff 

— 
~ 
~ 
— 
~ 
— 
— • 

<10 

~ 
— 
~ 
<10 - 320 

~ 
<15 - 60 
— 
— 
— 
— 
~ 
— 
— 
— 
— 
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Table 2 

CORRELATION BETWEEN CHROMIUM AND OTHER METALS 
IN GROUNDWATER SAMPLES 

Sanple 

PbW08A 

PNWIOAD 

PMWIOA 

P^W03A 

rWJ04A 

PMWOIA 

PMW07A 

PtW02A 

PMW05A 

PMW12A 

PfWllA 

P^«06A 

Cr 

1,100 

580 

519 

474 

468 

218 

193 

139 

35.9 

23.4 

13.7 

<10 

Al 

376,000 

192,000 

171,000 

202,000 

169,000 

93,400 

60,500 

44,100 

10,500 

5,680 

3,600 

647 

Be 

10. 

7 . 

6. 

6. 

1 1 . 

<5 

<5 

<5 

<5 

<5 

<5 

<5 

2 

3 

1 

1 

3 

Fe 

77,100 

61,400 

59,600 

27,000 

34,600 

19,000 

15,900 

11,700 

5,250 

3,210 

1,950 

8,130 

Ni 

174 

62.6 

69.6 

80.4 

110 

47.2 

43.2 

<40 

<40 

<40 

<40 

<40 

V 

239 

194 

167 

83 

156 

59.3 

<50 

56.2 

<50 

<50 

<50 

<50 

In general, only the zinc and barium concentrations appear to corre­
late with lead; however, this correlation is not very well-defined. In 
contrast, five metals (aluminum, beryllium, iron, nickel, and vanadium) 
exhibit an extremely well-defined correlation with chromium. The co­
occurrence of these metals is readily seen from the list of sanple metal 
concentrations presented in order of decreasing chromium concentjrations in 
Table 2. 

The Table 2 correlations become extremely significant given that the 
three highest lead concentrations (5,150; 2,580; and 1,800 ppt)) are all 
associated with relatively low chromium concentrations. Given that the oil 
sludges and contaminated soils clearly associated with the PPC opseration 
exhibited relatively low concentrations of chromium conpared to lead, it is 
clear that the chromium and associated metals in the shallow groundwater 
sanples are not derived from the same source as the lead. Hence, the pres­
ence of lead in soils and groundwater is direct evidence of PPC-derived 
contamination within the inmediate area of the site. 
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Moreover, not only does it appear that there must be more than one 
source of chromium and associated metals within the inmediate site area, 
but there must also be a source of these metals and lead at the background 
sanple location. The requirement of two sources on the warehouse reflects 
the wide separation between the main areas of chromium contamination: 
immediately north-northeast of the disposal pit areas (519-1,100 pj±)), and 
in the southwest comer of the warehouse conplex, extending onto the Bamboo 
Paradise Trailer Park (468-474 ppb). The north-northeast location is 
within an area of varied activities, but no spiecific contaminant source has 
been identified. In contrast, the southwest location is in the intttediate 
vicinity of both a former anodizing plant and a former spray-painting oper­
ation currently under a separate enforcement action. Either of these for­
mer facilities would constitute likely sources. 

It is clear that a source of contamination must also be present at 
the background location, approximately 3,000 feet south-southwest of the 
site. This sanple contained high levels of both lead and chromium (161 ppb 
and 218 ppb, respectively) as well as elevated concentrations of the metals 
that acconpany chromium. Although the presence of contamination in a back­
ground lcx:ation within an active comnercial/industrial area is not unusual, 
it is surprising how well the metal concentrations detected fall into the 
chromium-related trend discussed above. It would seem that the all three 
contaminant sources must be very similar in nature. 

It is important to note that the elevated concentrations of such met­
als as aluminum and iron reflect active contamination sources rather than 
merely input from the soil matrix. This is evidenced by the fact that the 
detected concentrations in chromium-contaminated sanples are so much 
greater than those in Scinples containing little chromium. Additional evi­
dence for the absence of large soil matrix input is provided by the data in 
Table 1, Vî ich shows that these extremely high concentrations are only 
observed in shallow monitoring well sanples. Aluminum and iron (but not 
beryllium, nickel, or vanadium) were present at high concentrations in both 
lead-contaminated and non-lead-contaminated sanples; however, the concen­
trations are usually higher in the lead-contaminated sanples. 

Figures 8 and 9 show the areas of lead and chromium contamination of 
shallow groundwater in the vicinity of the PPC site, respectively. Two 
levels of contamination are shown: concentrations greater t han the Florida 
groundwater standard (50 ppb in each case) and concentrations greater than 
the detection limit (5 pp*) for lead, and 10 ppb for chromium), v^ch is 
assumed as the background level. Conparison of Figures 8 and 9 shows that 
the shallow lead and chromium cont:aminant plumes are almost identical in 
extent. More inportantly, neither plume has migrated very far from its 
respective source area or areas. 

Conparison of these figures with the extent of lead contamination of 
shallow soils shown on Figure 6 indicates that the areas of shallow ground­
water and soil contamination closely coincide. However, v^ereas lead 
apparently preferentially remains fixed in the soil phase, chromium and the 
associated metals are more readily nK±»ilized. Hence, lead and chromium 
exhibit similar concentration ranges in the groundwater despite extreme 
differences in their soil concentrations. The conparative immobility of 
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lead is believed to result from: 1) conplexation with the organic contami­
nants; 2) formation of relatively insoluble lead carbonate complexes; and 
3) its amphoteric prop)erties. The formation of organolead conplexes is 
inherent to the generation of oil reprocessing wastes (i.e., they were 
probably already formed even before dispxDsal), whereas organic conplexes of 
the other metals would not have been formed until the various species came 
into contact in the subsurface. Hence, it might be suspected that organo­
lead conplexes would predominate at the PPC site. The highest lead concen­
trations in shallow groundwater were in sanpling locations proximate to the 
primary and secondary disposal pit areas. 

To some extent, the more or less concentric distribution of the lead 
and chromium contaminant plume boundaries reflects the radial distribution 
of shallow flow components around the disposal pit area (see Figure 5). 
However, given the extremely flat hydraulic gradients and low groundwater 
flow velocities that characterize the shallow flow system, it is also prob­
able that the concentric distribution—as well as the very limited degree 
of lateral migration—reflects the fact that dispersion and diffusion 
rather than advection are the primary mechanisms of contaminant transport. 
This will be discussed in greater detail below. 

The culvert drain runoff sanples were contaminated with lead and chro­
mium. Although this pathway may be very significant with respect to chro­
mium contamination of shallow groundwater, it is believed to be secondary 
to the contaminated soils as a source for lead. 

The analytical results for the intermediate monitoring well and pri­
vate well samples indicate only limited vertical migration of contaminants 
into the more transmissive zones of the Biscayne Aquifer. Lead and chro­
mium concentrations were generally below detection limits. However, a lead 
concentration of 22 ppb was detected in an intermediate well installed in 
an area of high shallow groundwater contamination. In contrast, the 80 ppb 
chromium concentration detected in the northernmost intermediate well is 
not associated with high chromium levels in the shallow groundwater. It is 
believed that this contaminant was introduced directly into the intermedi­
ate groundwater system via the culvert drainage wells located on the north-
e m half of the site, all of v^ich contained very high concentrations of 
chromium, and lead. However, the culvert drainage wells are located down-
gradient of the chromium-contaminated intermediate well. Hence, dispersion 
and diffusion rather than advection are in this case also the most probable 
mechanisms of contaminant transport. The absence of comparatively elevated 
lead concentrations in the chromium-contaminated intermediate well probably 
reflects the reprecipitation of lead carbonate. 

Organics 

Organic contamination of groundwater at the PPC site is essentially 
restricted to the shallow zone (however, as in the case of the metals, the 
culvert drainage well sanples are highly contaminated with petroleum hydro­
carbons) . The shallow groundwater sanples exhibited sporadic occurrences 
of low to moderate concentrations of a variety of priority pollutant vola­
tile sp̂ ecies as well as the more complex long-chain alipiiatic hydrocarbons. 
The sanple from PMW06A, screened below the bottom of the primary disposal 
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pit, contained the highest total volatile concentration (1,198 p p b ) , i 
including 300 ppb acetone, 250 ppb 2-butanone, and 370 ppb ethanol (possi- ; 
bly derived from the isopropanol used to initially decontaminate the bail­
ers) . Dilution of this sanple was required, v*iich elevated the detection 
limits by a factor of 5 and possibly accounted for the elevated levels of 
acetone and methylene chloride. The remaining sanples all contained less 
than 264 ppb total volatile organics. ; 

The highest concentration of semi-volatile conpounds detected was | 
2,303 p p b , but this includes 480 ppb bis (2-ethylhexyl) pJithalate, a coninon I 
laboratory-derived contaminant, and 1,300 ppb molecular sulfur. Only two I 
other sanples contained greater than 1,000 ppb semi-volatiles (1,137 ppb, i 
including 780 ppb molecular sulfur, and 1,653 ppb, including 140 ppb molec- f 
ular sulfur and 194 ppi) total phenols). ; 

Figure 10 shows the primary area of total organic contamination I 
(>1,000 pp±i) across the PPC site. The extent of organic contamination of I 
shallow groundwater generally coincides with the lead and chromium ground­
water plumes (see Figures 8 and 9) as well as with the extent of organic i 
contamination in the shallow soils (see Figure 7). Hence, the processes 
that control the extent of the metal contaminant plumes in the shallow j 
groundwater also control the extent of organic contamination. However, ! 
comparison of the shallow groundwater and shallow soil organic concentra- | 
tions indicates that organics are even less mobile thcin lead (based on com- s 
parison of their respective concentrations in soils and groundwater). The I 
relative ininc±»ility of the organics is not surprising, given that long- | 
chain aliphatic petroleum hydrocarbons are by far the predominant organic [ 
contaminants on the PPC site. These conpounds are inherently less mobile \ 
than, for exanple, the priority pollutant organics by virtue of their I 
higher molecular weights. Moreover, the mobility of the long-chain hydro- I 
carbons is decreased even further by the depletion of the lower-molecular- j 
weight, more volatile conpounds required to maintain a less viscous conpo- I 
sition. Finally, the mobility of the long-chain hydrocarbons can also be i 
reduced if any polymerization has occurred, either during processing or 
after disposal. 

The priority pollutant analyses for the groundwater sanples were not 
as subject to interferences as were the soil sanple analyses. The primary 
reasons for this are the generally low total organic concentrations in the 
groundwater, as well as a much reduced number of detectable conpounds that 
produce interfering peaks. Consequently, in contrast to the corresponding 
soil sanple results, the results of the priority pollutant analyses for the 
shallow groundwater sanples are probably more representative of the actual 
occurrence of these compounds in the aqueous phase at the PPC site. The 
occurrence of low priority pollutant concentrations in the groundwater, in 
contrast to their presumed presence at significantly higher concentrations 
in the soils, probably reflects the fact that their mobilities are reduced 
via interaction with the more complex long-chain hydrocarbons. However, 
eventual degradation of these conpounds could lead to release of priority 
pollutant spiecies, and hence, an increase in groundwater contamination can­
not be dismissed as a potential long-term effect. 
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CCNTAMINANT TRANSPORT 

The factors that control contaminant transport at the PPC site include 
loading of contaminants into the subsurface, psartitioning of contaminant 
sp»ecies between the soil and groundwater, and mechanisms of contaminant 

§£: transport in groundwater. With resp>ect to contaminant loading, two asso­
ciations of chemical species are found at the PPC site: lead/petroleum 
hydrocarbons and chromium/associated metals. The inportance of this find­
ing is that it iirplies different sources and also different "source media." 
Lead and petroleum hydrocarbons are predominantly a signature of PPC-
derived wastes, vrfiereas the chromium and associated metals are apparently 
derived, for the most piart, from other sources. Moreover, lead and p)etro-
leum hydrocarbons appjear to have been primarily loaded as a relatively coh­
erent mass in viscous waste oil, sludge, and oil-saturated soils. In con­
trast, chromium and the associated metals seem more likely to have been 
primarily loaded in the form of more widely dispersed liquid wastes. The 
difference in source media suggests that chromium and the associated metals 
would inherently be present at proportionately higher concentrations than 
lead in groundwater, relative to concentrations in soils. 

Furthermore, due to the loading of lead and petroleum hydrocarbons in 
a coherent, low-permeability mass, these contaminants will not be 100% 
accessible to leaching by groundwater. This in itself would significantly 
reduce the partitioning of lead and petroleum hydrocarbons into the aqueous 
jiiase. However, its effect is enhanced by several other factors, namely: 

1. The presence of large paved areas that prevent the direct 
infiltration of rainfall; 

2. The formation of low solubility organolead and polymerized 
organic conplexes, which probably develop to a large extent 
during the waste-generating processes, and hence, are 
directly loaded into the system; 

3. The predominantly calcareous soil matrix, which favors the 
development of low solubility lead carbonate conplexes; 

4. The anpiioteric properties of lead; 

5. The depletion of the more mobile, lower-molecular-weight 
organic species during the waste-generating processes; this 
fractionation not only removes the most soluble organic 
species (including many of the priority pollutants), but 
also increases the viscosity of the residual long-chain 
aliphatic hydrocarbons by eliminating these "fluidizing" 
co«iponents; and 

6. The waste-generation processes specified above include not 
only those associated with the PPC operation, but also those 
vAiich generated the raw material wastes reprocessed by PPC 
(in particular, combusted motor oils). 
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Only the first three of these factors would affect the partitioning of 
chromium and associated metals, and in all cases the effect of these fac­
tors would be less severe with respect to chromium and its associated met­
als than with respect to lead and petroleum hydrocarbons. For exanple, the 
lack of directly infiltrating rainfall is less inportant because these con­
taminants have not been loaded as a coherent mass. Similarly, whereas 
organolead complexes probably have already formed in the reprocessed wastes 
before loading, formation of the organochromium and other organometallic 
conplexes requires that the organics and metals come into contact; further­
more, the magnitude of this effect is limited by the low permeability of 
the organic-rich sludges. Finally, the other possible metal carbonate com-
pounds are more soluble than lead carbonate. In sumnary, it is perhaps 
simplest to consider that the partitioning of lead and petroleum hydrocar­
bons occurs in transition from the soils to the groundwater, v̂ iereas the 
partitioning of chromium and the associated metals occurs in transition 
from the groundwater to the soils. 

The above discussion of partitioning considers factors that control 
the relation between groundwater contaminant concentrations and the corre­
sponding soil contaminant concentrations. However, it does rot adequately 
consider the factors that control the migration of contaminants away from 
the primary source areas. It is evident that such factors must exist, 
since despite all the mechanisms that would act to prevent initial parti­
tioning into the aqueous phase and favor re-fixation onto the soil matrix, 
localized occurrences of very high contaminant concentrations occur in the 
groundwater. Re-fixation processes (e.g., adsorption and precipitation) do 
not occur instantaneously, and hence, the degree to vrtiich migration of a 
given contaminant will actually be retarded is dependent not only on the 
retardation factor, but also on the groundwater hydraulic gradient and 
groundwater flow velocity. In other words, the limited contaminant plume 
extents at the PPC site not only require the presence of an inherent retar­
dation factor, but also a flat hydraulic gradient and low groundwater flow 
velocity—both of vrtiich characterize the lateral and vertical conponents of 
groundwater flow at the PPC site. If these flow parameters were not con­
trolling contaminant migration, the lead, chromium, and organic plumes 
would not correspond as closely as they do, since their mobilities (i.e., 
degrees of retardation) are different. Thus, lateral and vertical contami­
nant migration at the PPC site are as likely to be determined by dispersion 
and diffusion as by advection. 

The importance of dispersion and diffusion in controlling contaminant 
transport at the PPC site is suggested not only by the coincidence of all 
three contaminant plumes and their limited extent of migration, but also by 
the concentric distribution of these plumes around the primary source 
areas. In other words, there is absolutely no evidence of linear transport 
of contaminants from groundwater "hotspots," but rather elevated contami­
nant concentrations are radially distributed around these locations. This 
type of distribution is not consistent with advection as the controlling 
mechanism of contaminant transport. 

Although the relationships above unquestionably define the overall 
distribution of contamination at the PPC site, they cannot be invoked to 
explain the many anomalies that appear in the data set. These anomalies 
probably reflect such influences as surface water runoff contamination 
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sources and other local sources of contamination associated with current 
onsite activities; septic tank and sewer line leakage; and locally enhanced 
mobilization of contaminant and soil matrix species by acidic wastes 
derived from the use of the sulfuric acid process by PPC to reclaim used 
motor oil. However, these anomalies are minor when viewed from the per­
spective of the overall distribution of the contaminant load and the sys­
temic processes that shape it. 

CCNCLUSICNS 

Former recycling operations at the PPC site have resulted in extensive 
contamination of soils and groundwater by lead and petroleum hydrocarbons. 
In addition, other past and current site activities are loading these con­
taminants as well as chromium and associated metals directly into the 
groundwater system. Despite the different mobilities and soil concentra­
tions of these contaminants, they all exhibit similar concentration ranges 
in the groundwater, similar concentric distributions around the primary 
source areas, and similar limited degrees of offsite migration. These sim­
ilarities of contaminant occurrence are associated with: 1) the different 
loading histories, which—in combination with several other factors—limits 
the partitioning of lead and organics into the aqueous phase; and 2) the 
extremely flat hydraulic gradient and low groundwater flow velocity of this 
groundwater system, which result in dispersion and diffusion rather than 
advection acting as the primary mechanisms of contaminant transport. 
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by S.R. Peterson, R.J. Seme, A.R. Felmy, R.L. 
Erikson, K.M. Krupka and G.W. Gee 

Abstract 
A methodology is presented for investigating the 

chemical interactions of acidic solutions with sedi­
ments. This approach illustrates how geochemical 
modeling can be used, in parallel with characterization 
data for sediments from field and laboratory experi­
ments, to derive a composite description of the solu­
tion/ sediment interactions. The MINTEQ geochemi­
cal computer code was used to predict solid-phase 
reactions that might occur when acidic solutions con­
tact neutral sediments, which, in turn, may control the 
concentrations of certain dissolved components. Re­
sults of X-ray diffraction analysis of laboratory samples 
of sediments that have been contacted with acidic 
uranium mill tailings solutions suggest gypsum and 
jarosite precipitated. These same mineralogical 
changes were identified in sediment samples collected 
from a drained uranium mill evaporation pond (Lucky 
Mc mine in Wyoming) with a 10-year history of acid 
attack. Geochemical modeling predicted that these 
same phases and several amorphous solids not iden­
tifiable by X-ray diffraction should have precipitated in 
the contracted sediments. 

An equilibrium conceptual model consisting of an 
assemblage of minerals and amorphous solid phases 
was then developed to represent a sediment column 
through-which uranium mill tailings solutions were 
percolated. The MINTEQ code was used to predict 
effluent solution concentrations resulting from the 
reactions of the tailings solution with the assemblage 
of solid phases in the conceptual model. The modeling 

predictions were compared to the measured column 
effluent concentrations, and hypotheses were formed 
as to the probable mechanisms controlling the migra­
tion of selected contaminants. The conceptual model 
successfully predicted the concentrations of several 
of the macro-constituents (e.g., Ca, SO4, Al, Fe and 
Mn), but was not successful in modeling the concen­
trations of trace elements. The lack of success in pre­
dicting the observed trace metal concentrations sug­
gests that other mechanisms, such as adsorption, must 
be included in future models. The geochemical model­
ing methodology coupled with the laboratory and field 
studies should be applicable to a variety of waste 
disposal problems. 

Introduct ion 
Disposal of uranium mill tailings is likely the most 

difficult technical challenge presently faced in solving 
the nuclear waste problem (Cunningham 1978). The 
technical challenge lies in adequately handling mas­
sive volumes of leachable, low level radioactive wastes, 
which exceed the amount of any other wastes gener­
ated inthenuclearfuelcycle. The quanitity of uranium 
mill tailings in the United States is approximately 1.8 x 
10® metric tons and this amount is expected to double 
by the year 2007 (Oak Ridge National Laboratory 
1983). 

The seepage of acidic leachate from disposed tail­
ings is potentially hazardous at sites where wastes are 
disposed in impoundments with high permeability and 
low-acid neutralizing capacities, or with small dis­
tances between the tailings and existing water tables. 
In Canada, the Elliot Lake and Bancroft areas have 
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had the water quality adversely affected by the migra­
tion of tailings solution (Brown etal. 1981) and in the 
United States, contamination of surface and/or ground 
water has also occurred (e.g., Cannon City, Colorado 
[Cotter]; Ford, Washington [Dawn Mining]; Gas Hills, 
Wyoming [Union Carbide]). Details of these occur­
rences are described in a Mineral Resources Waste 
Management Team report (1980). 

To better understand such water quality degrada­
tion, we have used experimental and computer model­
ing techniques to assess the long-term environmental 
impact of leachate movement from uranium mill tail­
ings impoundments. Specifically, laboratory experi­
ments and geochemical computer codes were used to 
evaluate the migration potential of selected contami­
nants (both radioactive and toxic elements) from ura­
nium mill tailings leachate in contact with sediments 
and geologic liner materials. 

The principal issues addressed by our experimen­
tal and geochemical modeling study include: (1) the 
short- and long-term mineralogical and hydrological 
changes that occur when acidic tailings solutions 
contact sediments; (2) the identification of contami­
nants that will migrate from uranium mill tailings 
impoundments and the sediment/solution interactions 
responsible for the attenuation of these contaminants; 
and (3) the prediction of contaminant concentrations 
in the migrating solution and ground water systems. 

The specific issues discussed in this document 
are: 

• Can laboratory and geochemical modeling tech­
niques be used to simulate chemical processes that 
occur in the field? 

• Can a conceptual chemical model be used to 
predict the concentrations of selected contaminants 
that result from tailings solutions reacting with a sed­
iment column? 

A system consisting of uranium mill tailings solu­
tion, of low pH and high dissolved solids, in contact 
with clay sediments was chosen as a test for our 
predictive modeling study. In this system, precipita­
tion/dissolution of solid phases is expected to be the 
dominant mechanism controlling the concentrations 
of several dissolved constituents. The contaminant con­
centrations predicted by our conceptual model were 
compared to experimental data from laboratory flow-
through columns; the mineral phases predicted from 
the solution/mineral interactions were similarly com­
pared to laboratory studies and to field samples from 
an inactive tailings pond. 

Background and Objectives 
Crim et al, (1979) measured increases in the per­

meability of montmori l lonite clays subjected to 
extended contact with an acidic (pH < 1) tailings 
solution. These changes in permeability varied by 
more than two orders of magnitude, but tended to 
increase most dramatically after the pH of the effluent 
dropped below four (from an initial value near eight). 
Gee et al. (1980a, b) and Peterson et al. (1982) studied 

the effects of extended contact of acidic tailings solu­
tion (pH = 2) on the permeability of native clays from 
Morton Ranch mine in central Wyoming. Their results 
indicate the permeability of the clays gradually de­
creased with time during contact periods extending 
up to three years. Because the clay material exhibited 
little physical evidence of deterioration, they partly 
attributed the decreases in permeability to the precipi­
tation of iron and aluminum solid phases and possibly 
of secondary clay minerals stable at pH < 3. In addi­
tion, Relyea and Martin (1982) reported dramatic (up 
to three orders of magnitude) decreases in permeabil­
ity after contacting highly calcareous soils with acidic 
tailings solutions. They also attributed the decrease in 
permeability to the precipitation of solid phases. Lang-
muirand "ir=se (1981) predicted that amorphous ferric 
hydroxide would begin to precipitate around pH .2 in 
uranium mill tailings. This precipitation, as a slime, 
was thought to help reduce seepage away from the 
tailings impoundments. 

lon-speciation and solid-phase solubility calcula­
tions have been extensively used to gain a better 
understanding of the geochemical processes control­
ling the chemical composition of natural water. Several 
computer codes have been utilized to perform these 
calculations. Some of the more recent programs 
include MINEQL (Westall et al. 1976), PHREEQE 
(Parkhurst et al, 1980), WATEQ3 (Ball et al, 1981) and 
MINTEQ (Felmy et al, 1984), Several such computer 
programs have been successfully used to evaluate 
possible solid-phase controls on solution composition 
(Nordstrom et al. 1979), Gang and Langmuir 1974, 
Peterson and Krupka 1981, Peterson et al, 1982, and 
Deutschetal, 1982), Geochemical modeling involving 
ion-speciation and solubility calculations (Peterson 
and Krupka 1981; Peterson et al, 1982) was used to 
verify if precipitation of solid phases in laboratory 
permeability columns was thermodynamically possi­
ble, and if so, what solids would be expected to precip­
itate. The results of the modeling efforts were then 
compared to mineralogical characterization studies 
performed on laboratory and field samples. 

Little work, however, has been done in using geo­
chemical computer codes to predict the aqueous phase 
compositions of solutions resulting from interaction 
with an assemblage of solid phases in a flow-through 
system. During such chemical interactions, one or 
more solid phases may dissolve and thermodynami­
cally more stable solid phases precipitate as the solu­
tion composition changes. The new assemblage of 
solid phases can then be reacted with a new volume of 
influent solution and the process repeated. 

A hypothesized assemblage of solid phases can be 
used to represent heterogeneous geologic materials, 
which are permitted to dissolve or precipitate in 
response to changes in the aqueous media. This con­
ceptual model, in conjunction with the MINTEQ geo­
chemical code, is then used to simulate the contact of 
a specified solution with these geologic materials. The 
resultant compositions of the aqueous phase and the 
change in mass of each solid phase in the assemblage 
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Table 1 
Characterizat ion of 

the Mor ton Ranch Clay Sediment 

Table 2 
Composi t ion (in mgA') of Highland Mill 

(H.M.) Tailings Solutions Used in Permeability 
and Vacuum Extractor Columns 

Hi; 

Water content (g/g) (%) 
(after air drying) 

Particle density (g/cm-^) 

Particle Size 
Distribution (wt%) 

Sand (50-2000 fim) 
Silt (2-50 /um) 
Clay (<2 um) 

pH of saturated paste 

Eh of saturated paste 
(volts) 

EC of saturated extract 
(mmhos/cm) 

Organic matter (g/g) (%) 

CaCOj (g/g) (%) 

Cation exchange capacity 
(CEC) (meq/IOOg) 

4,10 

2,72 

12.0 
54,0 
34,0 

8,2 

-1-0,406 

0,70 
1.44 

0,3* 

31,6 

Constituent 

H.M. Tailings 
solution #1 

(used in permeability 
column) 

H.M. Tailings 
solution #2 

(used in vacuum 
extractor columns) 

'Average of eight measurements 

are calculated as successive pore volumes of solution 
interact with the solid phase assemblage. 

Materials and Methods 
The mineralogical alteration of sediments caused 

by contact with acidic tailings solution was evaluated 
from laboratory column experiments (Uziembloet al. 
1981, Peterson et al. 1982) and a study of field soil 
samples (Erikson and Sherwood 1982), The laboratory 
experiments involved the flow of Highland Mill tailings 
solution through Morton Ranch clay sediment for an 
838-day period. 

Table 1 lists the physical and chemical properties 
of the clay sediment obtained at the Morton Ranch 
mine in Wyoming, These materials were characterized 
using standard soil testing procedures as outlined in 
Black (1965a,b), Details of the experimental setup and 
methodology can be found in Gee et al, (1980a), 
Peterson et al, (1982), Seme et al, (1983) and Peterson 
etal . (1983), 

The compositions of the tailings solutions used as 
influent for the column experiments are given in Table 
2. The Highland Mill tailings solutions were taken from 
the Exxon Highland Mill in Wyoming, In general, the 
major cationic constituents were analyzed by induc­
tively coupled plasma emission spectroscopy and the 
concentrations of trace elements were determined by 
graphite-furnace atomic absorption. Anionic compo­
nents were analyzed by ion chromatography and titra­
tion; X-ray and -y-ray radio-analytical techniques were 

Li 
B 
HCOyCOa 
NO3 
F 
Na 
Mg 
Al 
Si 
P 
SO4 
CI 
K 
Ca 
V 
Cr 
Mn 
Fe 
Co 
Ni 
Cu 
Zn 
As 
Se 
Sr 
Mo 
Cd 
Sb 
Ba 
La 
Pb 
U 
pH 
Eh (mV) 

0,9 
0,19 
0,0 

16,5 
4,0 

343 
690 
600 
234 

30 
12,850 

97 
40 

537 
10,6 
2,7 

64 
2,215 

<1 
3,0 
2,3 
8.4 
3.50 
0.6 

15.7 
0,35 
0,04 

<1 

<0,05 
ND* 

<0,05 
40,0 

1,8 
910 

'ND - not determined. 

0.48 
0,19 
0.0 
8,5 
4.0 

364 
440 
396 
255 

6.8 
9,100 

330 
< 3 

483 
10.6 

1.5 
43 

560 
1 
1.7 
1.3 
3.9 
0.45 
1.18 
6,6 

<0,05 
0,04 

<1 
^<0,05 

5,0 
<0,04 

7,2 
2,19 

750 

used to measure radionuclide activities, A combination 
glass electrode was used to measure the pH of the 
tailings solutions and soil. The redox potential (e.g.. 
Eh) of the solution was measured using a combination 
platinum-reference electrode. The pH and Eh values 
Of the tailings solutions were determined on filtered 
(0,45 um membrane) samples. 

The interaction of Morton Ranch clay sediments 
and Highland Mill tailings solution was studied in the 
laboratory using permeability and vacuum extractor 
columns. The permeability column was packed with 
the sediment from Morton Ranch to 96 percent of 
maximum compaction as determined by a standard 
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compaction test (Black 1965a). This resulted in a bulk 
density of 1,76 g/cm^ for the sediment in this column,. 
The permeability column was leached with the High­
land Mill (H.M.) tailings solution (H.M. #1 in Table 2), 

The vacuum extractor columns were packed with 
sediment from Morton Ranch to a density of 1,25 
g/cm-^. The material in the vacuum extractor columns 
was packed to a lower density than that in the per­
meability column to speed the movement of solution 
through the columns. The vacuum extractor experi­
ments are described in Seme et al, (1983), and used 
solution H.M, #2 in Table 2 as a leachate. The contami­
nant concentrations found in the effluent solutions 
from these columns were compared to the modeling 
predictions. 

At the conclusion of the experiments, the sediment 
column was dissected into five sections and the min­
eralogy of each section identified. In addition, sedi­
ment samples were collected to a depth of 60cm below 
the bottom of an evaporation pond at the Lucky Mc 
Mill in Wyoming, which had been in contact with acidic 
mill tailings solution for approximately 10 years. 

The mineralogy of all sediment samples was deter­
mined from bulk and/or clay-sized fractions using 
powder X-ray diffraction techniques. The clay-sized 
fraction of the sediments was separated from the bulk 
samples by sedimentation (Jackson 1956,1979). X-ray 
diffractograms were obtained using CuKa radiation. 
The mineralogy of the field sediment samples from the 
Lucky Mc Mill was determined as a function of depth 
below the pond bottom, Mineralogical alteration of 
the sediments caused by reaction with the acidic 
leachates was evaluated by comparing diffractograms 
of contacted and uncontacted sediments. 

Computer Model ing 
The development of geochemical codes and their 

application to aqueous geochemical systems have 
been described in the reviews of Jenne (1981) and 
Mercer etal, (1981) and the compilation of geochemi­
cal modeling papers in Jenne (1979), 

For the modeling calculations discussed in this 
paper, the MINTEQ geochemical code (Felmy et al, 
1984) can be considered as having three parts: (1) a 
speciation submodel, (2) a solubility submodel, and 
(3) a mass transfer submodel. The calculations com­
pleted by each submodel, in turn, are dependent on 
the thermodynamic and reaction data stored in 
MINTEQ's thermodynamic data base. The sources of 
thermodynamic data in MINTEQ are described in 
Truesdell and Jones (1974), Ball et al, (1980, 1981), 
and in Krupka and Jenne (1982). 

The speciation submodel first calculates the activi­
ties for the uncomplexed and complexed cationic, 
anionic and neutral species, and the distribution of 
these species among their redox states for a given 
water composition. Activities of individual aqueous 
species are corrected for Ionic strength using the 
extended Debye-Huckel equation with two adjustable 
parameters (Truesdell and Jones 1974) or the Davies 
equation (Davies 1962, Ball et al, 1980). 

After calculating the aqueous speciation, the solu­
bility submodel then determines if the solution is at 
equilibrium with any of the minerals and other solids 
(including amorphous solids) in the MINTEQ ther­
modynamic data base. The solubility submodel calcu­
lates ion activity products (AP) from the activities of 
the aqueous species and the reaction stoichiometrics 
for solids contained in the MINTEQ data base. These 
activity products (AP) are then compared to the equi­
librium solubility products (K) stored in MINTEQ for 
these same solids, to test the assumption that certain 
of the dissolved constituents in the aqueous solution 
are in equilibrium with particular solid phases. Satura­
tion indices (log [AP/K]) are calculated to determine if 
the aqueous solution is at thermodynamic equilibrium 
(log [AP/U] - 0), oversaturated (log [AP/K] > 0), or 
undersaturated (log [AP/K] < 0) with respect to a 
certain solid phase. If a solution is computed to be at 
equilibrium with a particular solid, then it is possible 
that the solid is precipitating or dissolving at a suffi­
cient rate for it to control the concentration of certain 
of its constituents in that solution. If an aqueous solu­
tion is calculated to be oversaturated with respect to a 
certain solid phase, then it is inferred that kinetic 
and/or mineralogical factors prevent precipitation of 
the solid phase at a sufficient rate to significantly 
affect the concentration of dissolved constituents in 
the solution. 

The results from the solubility submodel are then 
used by the mass transfer submodel of MINTEQ. If the 
solubility submodel indicates that a given solution is 
oversaturated with respect to a solid phase considered 
in the conceptual chemical model of the system, the 
mass transfer submodel will "precipitate" that solid 
phase until the solution is at equilibrium (i.e., log 
[AP/K] = 0) with the solid. MINTEQ keeps track ofthe 
mass of precipitated material. If the solubility sub­
model computes a solution to be undersaturated with 
regard to a particular solid phase in the chemical 
model of the system, the MINTEQ mass-transfer sub­
model will "dissolve" that solid until solution equilib­
rium is achieved with respect to the solid, or until the 
finite mass of solid is completely dissolved. 

The interaction of the acidic tailings solution with 
the clay sediment material was simulated by reacting 
incremental pore volumes of solution (H.M. Tailings 
Solution #2 in Table 2) with a hypothetical assemblage 
of solid phases, i.e., our conceptual model of the sys­
tem. The solid phase assemblage consisted only of 
solids that could readily dissolve from the sediments 
or precipitate from solution. This was especially impor­
tant because each pore volume of solution in the 
vacuum extractor columns was in contact with the 
sediments for only 16 hours. Because the MINTEQ 
computer code assumes a 1-liter volume of solution, 
the initial column pore volume of solution was multi­
plied by a scalar to convert a pore volume of solution 
to 1 liter of solution. The mass of solid in the column 
was then multipled by this same scalar, 

Thesolid phases included in the conceptual chem­
ical model, their thermodynamic data and the sources 
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ifsr^' of these data are given in Table 3, Two of the most 
important criteria for selection of these solid phases 
were: (1) the rate of attainment of equilibrium of the 
solid with the solution, and (2) availability of accurate 
thermodynamic data for the solid. The rate of attain­
ment of equilibrium was evaluated by reviewing the 
experimental literature. If these data were unavailable, 
the solid was considered if it has been identified as 
having formed under conditions similar to those pres­
ent in these experiments. The only solid phase used in 
the chemical model to represent the sediment before 
contact with the acidic tailings solution was calcite 
(CaCOj); the mass of calcite being determined from 
the carbonate analyses of the sediment (Table 1), The 
other solids shown in Table 3 were allowed to precipi­
tate if they became oversaturated during the modeling 
simulation. The following constituents were included 
in the conceptual aqueous model: aluminum, calcium, 
carbonate, chlor ide, f luoride, iron, manganese, 
sodium, sulfate and magnesium. 

Results and Discussion 
Peterson et al, (1982) observed a decrease in per­

meability with time in laboratory permeability columns 
contacted with acidic uranium mill tailings solutions. 
These decreases in permeability were partially attrib­
uted to pore plugging resulting from the precipitation 
of minerals and amorphous solids. Other possible 
contributors to the decreases in permeability are 
examined in Peterson etal, (1982), In the first phase of 
this study (Peterson and Krupka 1981, Peterson et al, 
1982), geochemical modeling (ion-speciation and 

solubility computations) was used to verify if this pre­
cipitation was thermodynamically feasible, and if so, 
to predict which solids would be expected to precipi­
tate. The predicted solids were then compared to min­
erals observed in a laboratory permeability column 
and in sediment from the evaporation pond at the 
Lucky Mc mine. The objective of the second phase of 
our study was to predict the changing solution con­
centrations of selected contaminants as uranium mill 
tailings solutions flowed through sediments,' 

Model-Predicted Solids vs. Observed Solids 

X-ray Diffraction Analysis 
The uncontacted sediments consist of a mixture of 

sand, silt and clay. The minerals identified in the 
uncontacted Morton Ranch clay sediments are feld­
spar ([K, Na, Ca] [Al, Si]408), illite (K[AI, Mg, Fe]2[Si, 
AI]40io[OH]2[H20]), quartz (SiOs), and smectite ([Na, 
Ca]o,33[AI, Mg]2Si40io[OH]2 • nHjO), These minerals 
were also identified in the field samples of uncontacted 
Lucky Mc alluvium. However, the Lucky Mc alluvium 
is strongly calcareous (U.S, NRC 1977), and, in addi­
tion, contains calcite (CaCOj), dolomite ([Ca, Mg] 
[C03J2) and gypsum (CaS04 • 2H2O). The total car­
bonate content of this native alluvium is estimated to 
be approximately 20 percent (Erikson and Sherwood 
1982), No carbonate minerals were detected in X-ray 
diffractograms of Morton Ranch clay liner. 

The permeability column was dissected after ap­
proximately 18 pore volumes of Highland Mill tailings 
solution (Solution 1 in Table 2) had flowed through 

Table 3 
Summary of Solids Considered in the Conceptual Chemical Model 

Sol id Kedct ion 

Juroani te 

Hasdlumini te (A)(''' 

AI(0H)3(A) 

Gypsum 

Cdlcite 

Fe(0H)3(A) 

Siderite 
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Rnodocnrosite 
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4 A l 3 ' 

A l 3 -
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4 ^ " a ' Mu 
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Mn^* • C D j " t HnCU3 
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-23.98 

-10.38 

4.60 

8.48 
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10.55 
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the Morton Ranch clay liner over a period of 838 days. 
The extracted sediment was split into five sections 
perpendicular to the column axis; each section was 
0.9cm thick. 

The field sediment samples from the Lucky Mc mill 
were collected to a depth of 60cm while the evapora­
tion pond was temporarily drained. The sediment pro­
file was distinctly stratified with depth, based on color 
of the soil and measurement of the soil pH of the 
saturated pastes. 

The results ofthe mineralogical studies (Uziemblo 
et al. 1981; Erikson and Sherwood 1982; and Peterson 
et al. 1982) suggest similar mineralogical alterations 
occurred in the laboratory column experiments and at 
the Lucky Mc field site. For example, the mineralogical 
changes with depth at the Lucky Mc site are schemat­
ically illustrated in Figure 1. The sample designations 
assigned to the field sediment samples are based on 
the location and depth from the pond bottom, the 
locations and abbreviations used are layered surface 
(LS), red sand (RS), 7400, northeast corner (NEC) and 
pipeline (P). The widths of the bars in Figure 1 indicate, 
qualitatively, the relative increase or decrease 
in proportions of the various minerals as estimated 
from the peak intensities on the diffractograms. The 
shallower field samples (LS, RS, 7400) are character­
ized by the complete dissolution of carbonates (cal­
cite, dolomite) and the precipitation of two sulfates, 
jarosite and gypsum. Gypsum and jarosite were also 
identified as precipitates in the laboratory permeability 
column experiment. Although gypsum was present in 
the uncontacted Lucky Mc sediment, the number of 
X-ray peaks detected and the major peak intensities 
for gypsum significantly increased in the contacted 
samples. This suggests the formation of gypsum in 
the contacted soils in addition to that present in the 
uncontacted Lucky Mc sediment. Moreover, the X-ray 
diffraction data also indicate gypsum continues to 
form throughout the depth profile of the Lucky Mc 
evaporation pond (Figure 1) and throughout the per­
meability column. 

Jarosite, however, is most concentrated in the 
shallower sediment from the Lucky Mc site (Figure 1, 
LS sample) where the sediment and tailings solution 
coexist at low pH (—3,0). The relative proportion of 
jarosite to the other detected minerals decreases with 
depth below the evaporation pond as the soil pH 
increases to 5,0 (7400 sample). Jarosite was not 
detected in deeper samples where the soil pH was 
> 5,0, A similar trend was noted in the column experi­
ments (Peterson et al. 1982) in which jarosite was 
identified only in the two sections of soil nearest the 
influent end of the column. 

The silicate minerals smectite, illite, kaolinite, quartz 
and feldspar are present in both the uncontacted 
Lucky Mc and Morton Ranch soils and were also iden­
tified in all of the contacted samples. This suggests the 
silicate minerals in the two sediments were not dis­
solved to a large extent, when reacted with acidic 
tailings solutions over the time frame of the laboratory 
experiment (838 days) and operation of the evapora-

LAYEHED SUHFACE 
(LSI 

RED SAND 
(RSl 

30 cm 

NORTHEAST CORNER 

55 cm PIPELINE 

ALLUVIUM 

SOIL pH 

3.9: 

5.0 

6.2 

7.8 

a.2 

Figure 1. Mineralogical and soil pH profile as a 
function of deptf') beneath evaporation pond, Lucky 
Mc site. Gas Hills. Wyoming 

tion pond at the Lucky Mc mill (10 years). The dissolu­
tion of carbonates and precipitation of secondary 
sulfate minerals (gypsum and jarosite), however, are 
the dominant processes occurring in the sediments 
contacting acidic tailings solutions. The general agree­
ment between the mineralogical data from the labora­
tory and field results implies that field processes can 
be successfully simulated in the laboratory. 

Geochemical Modeling 
The solubil i ty controls calculated using the 

MINTEQ code for effluent solutions from the permea­
bility column are in good agreement with solid phases 
identified by X-ray diffraction analysis (Peterson et al. 
1982), Ion speciation and solubility calculations indi­
cated that the effluent solutions were in apparent 
equi l ibr ium with the solid phases Fe(0H)3(A), 
AI(0H)3(A), celestite (SrS04), anglesite (PbS04), gyp­
sum and alunite (Kal3[S04]2[OH]6). Thus, the model­
ing results suggest that these solids could be pre­
cipitating and/or dissolving rapidly enough to control 
the concentrations of certain of their dissolved 
components. 

The geochemical computer code computed all 
column effluent solutions, resulting from the interac­
tion of H.M. tailings solution with the sediments to be 
oversaturated with respect to K-, Na- and H-jarosites 
(KFe3[S04]2[OH]g, NaFe3[S04]2[OH]6, HFe3[S04]2 
[OHjg, respectively). These ion-speciation solubility 
calculations indicate the possibility of jarosite precipi­
tation in these columns, though the attainment of 
equilibrium appears to be inhibited by kinetic and/or 
other constraints. 

These results illustrate how geochemical modeling 
can be used, in parallel with mineralogical characteri-
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zation techniques performed on laboratory and field 
samples, to identify the chemical reactions that are 
occurring in the uranium mill tailings/sediment sys­
tem. The identification of jarosite and gypsum confirm 
the geochemical modeling predictions that these min­
erals formed when uranium mill tailings solutions con­
tacted these sediments. In addition, modeling pre­
dicted the precipitation of several solids that could not 
be identified by X-ray diffraction because of the amor­
phous nature of some of these solids or the limited 
amount of material that precipitated. 

A conclusion drawn from this portion of our work 
is that the geochemical modeling predictions and 
laboratory experiments were capable of simulating 
mineralogical changes that occurred in the field. Thus, 
the theoretical modeling predictions, laboratory exper­
imental work and field studies are complementary. 

Comparisons of Column Effluent Compositions with 
Model Predictions 

A conceptual chemical model was formulated to 
represent the passage of reacting incremental pore 
volumes of tailings solution through the sediments. 
The predicted concentrations of contaminants were 
then compared to the experimental data at each pore 
volume. Results will bediscussed for aluminum, man­
ganese and calcium to demonstrate the utility of this 
approach for our system. In the results presented here, 
the pH and Eh were fixed at the observed values for 
each pore volume. Additional modeling results are 
discussed in Peterson et al, (1983), 

— O — . AMOHlilAi BASALUM1NII6. JUR8AMIE 

- < ^ - AkOH,,(Al. BASALUMrMTE 

— £ i — EXPERIMENTAL 

— O — INFLUENT 

EFFLUENT PORE VOLUMES 

Figure 2. Predicted and experimental aqueous 
aluminum concentrations (M) with measured pH and 
Eh values 

controls for the dissolved aluminum concentrations. 
In these modeling results, amorphous aluminum hy­
droxide precipitates in the first pore volume and bas-
aluminite precipitates in pore volumes 2 through 9, 
The predicted aluminum concentrations are extremely 
close to the experimental results. Thus, a chemical 
model consisting of amorphous aluminum hydroxide 
and amorphous basaluminite provides an accurate 
model ofthe experimentally observed aluminum con­
centrations for the tailings solution/sediment system. 
Formation of amorphous basaluminite is supported 
by Nordstrom (1982), who concluded that amorphous 
basaluminite is likely to precipitate from acid sulfate 
solutions and may persist for long periods of time. 

m 
mi 
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it' 
i *: 

|:- 'f 
1;:: :t 

Aluminum 
Three aluminum solids (Table 3) were considered 

in the chemical model of the system: amorphous 
aluminum hydroxide [AI(OH)3(A)], amorphous bas­
aluminite [Al4(S04)OH,o • 5H20(A)] and jurbanite 
(AIOHSQ4 • 5H2Q), The predicted aluminum concen­
trations (moles/i', molarity [M]) obtained by using 
these solids as solubility controls for aluminum are 
represented by the square symbols in Figure 2, The 
predicted aluminum concentrations closely follow the 
experimental concentrations (triangle symbols) in the 
first five pore volumes having high pH values but do 
not show the large increase in aluminum concentra­
tions observed in the latter pore volumes for the exper­
imental system. One explanation for the depressed 
values of the predicted aluminum concentrations in 
the latter pore volumes is due to the calculated precip­
itation of jurbanite. Jurbanite is the most thermody­
namically stable solid phase (of the three considered) 
at these latter pore volumes, but could not be precipi­
tating at a sufficient rate to significantly affect the 
concentration.of dissolved aluminum. 

Therefore, jurbanite was excluded from our second 
chemical model of the aluminum system because of 
possible kinetic constraints. The second aluminum 
model contained only amorphous aluminum hydrox­
ide and amorphous basaluminite as potential solubility 

Manganese 

Predicted vs, experimental manganese concentra­
tions are shown in Figure 3, Rhodochrosite was the 
only manganese solid predicted to precipitate of those 
manganese solids considered in the chemical model 
(Table 3), In the chemical model, rhodochrosite pre­
cipitated in the first three pore volumes, began to 
dissolve at pore volume four, and completely redis-
solved at pore volume five. After the fifth pore volume, 
predicted manganese concentrations fell to the influ­
ent values. The experimental values show the same 
general trends as the predicted values, i,e,, lower 
concentrations than the influent values at early pore 
volumes, higher than influent values at intermediate 
pore volumes and concentrations that decrease toward 
the influent values at latter pore volumes. 

Therefore, a chemical model that Included the 
precipitation and dissolution of rhodochrosite, was 
able to predict the manganese concentration trends 
that were observed in the experimental data. The pre^ 
dieted manganese concentrations, however, did not 
exactly match the observed effluent curve. 

Calcium 
The chemical model included calcite and gypsum 
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Figure 3. Predicted and experimental manganese 
concentrations (M) with measured pH and Eh 

Figure 4. Predicted and experimental aqueous 
calcium concentrations (M) with measured pH and 
Eh values 

as possible solubility controls for calcium. 
The predicted and experimental concentrations of 

calcium are shown in Figure 4. The predicted calcium 
concentrations are always less than the experimental 
concentrations; this is exactly opposite of the pattern 
predicted for sulfate concentrations. In the first pore 
volume, the predicted calcium concentration is 0,01 
molar lower than the experimental value, and the pre­
dicted sulfate concentration approximately 0,01 molar 
higher than the experimental value. Thus, in both 
cases, the activity product of gypsum is being satisfied. 
Ion exchange or desorption of calcium from the sedi­
ments would not increase the predicted aqueous cal­
cium concentration because the calcium released from 
the sediments would precipitate as calcite and gypsum 
in the chemical model. 

Another possible explanation for the differences 
between the modeling and experimental systems is 
that the calcium carbonate phase actually present in 
the sediments was more soluble than end-member 
calcite. The high magnesium concentrations in the 
column effluents suggest the possible presence of a 
magnesium-substituted calcite, Magnesian calcites 
have a greater solubility than pure calcium carbonates 
(Thorstenson and Plummer 1977). The substitution of 
a magnesian calcite, for a pure end-member calcite, 
into the chemical model allowed us to predict the 
initial high concentrations of calcium that were 
observed in the experimental system. The dissolution 
of dolomite has been considered in other modeling 
studies of these systems (Peterson et al. 1983). The 
calcium-sulfate system demonstrates the ability of 
geochemical modeling to test the adequacy of pro­
posed mechanisms and to suggest additional plausible 
mechanisms. 

Conclusions 
Decreases in permeability noted in permeability 

columns were partially attributed to the precipitation 
of solid phases, which plugged the pores of sediments. 
Geochemical modeling predicts, and X-ray character­

ization confirms, that precipitation of solids from solu­
tion is occurring in the acidic tailings solution and 
sediment interactions studied. X-ray diffraction identi­
fied gypsum and an alunite-group mineral, such as 
jarosite, as having precipitated after acidic tailings 
solutions reacted with clay liners and sediments. Geo­
chemical modeling predicted that these same phases 
should be precipitating, along with several amorphous 
solids not identifiable by X-ray diffraction. The same 
mineralogical changes observed in the laboratory sed­
iment columns were found at a drained evaporation 
pond with a 10-year history of acid attack. The ob­
served minerals were also predicted, from geochem­
ical (thermodynamic) modeling, to form upon neutral­
ization of the acidic tailings solutions by the contacted 
sediments. This approach'illustrates how geochemical 
modeling can be used, in parallel with mineralogical 
characterization techniques performed on laboratory 
and field studies, to delineate the chemical reactions 
that may change the permeability of liner materials. 

Aqueous/sediment interactions are extremely com­
plex. Predictive geochemical modeling was effective 
in unraveling some of the predominant mechanisms 
controlling the concentrations of certain dissolved 
constituents. The geochemical modeling can be used 
to quantitatively evaluate; (1) the accuracy of theorized 
chemical models of complex aqueous/sediment inter­
actions, and (2) the predominant reactions affecting 
the composition of the aqueous phase. 

The precipitation/dissolution reactions considered 
in the conceptual model were capable of predicting 
the column effluent concentrations of several major 
constituents in the tailings solutions (e.g., SO4, Ca, Al, 
Mn, and Fe; Peterson et al, 1983), Sulfate concentra­
tions in the column effluents were generally one to 
two orders of magnitude above the secondary drinking 
water standards established by the U,S. Environmental 
Protection Agency. The conceptual model was able to 
predict these elevated concentrations. No solubility 
controls, however, were identified for the majority of 
the trace constituents. Many trace constituents appear 
to be contrpiled by adsorption on and/or co-precipita-
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tion with ferric oxyhydroxide solids (Seme etal. 1983). 
More work, namely incorporation of trace metal adsorp­
tion reactions, is necessary to predict the migration of 
other contaminants from uranium mill tailings solu­
tion. The geochemical modeling approach coupled 
with laboratory and field studies should be applicable 
to a variety of waste disposal problems. 
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PHYSICAL AND CHEMICAL ATTENUATION PROPERTIES OF TIDAL MARSH SOILS 
AT THREE MUNICIPAL LANDFILL SITES 

Steven E. Panter, Richard Barbour, Angelo Tagliacozzo 
Gibbs & Hill, Inc. 

11 Penn Plaza 
New York, N.Y. 10001 

ABSTRACT 

The hydraulic conductivity, (K), cation exchange capacity, 
(CEC), and total organic carbon, (TOC), of soils composed of 
clays and silts are thought to make them effective barriers to 
contaminants in groundwater, and media capable of sorbing heavy 
metals and organic compounds. Tidal marsh deposits consisting of 
silts and clays and underlying sands at three municipal landfills 
were tested for pH, CEC, TOC and K. Results were compared with 
heavy metal and organic compound concentrations measured in 
groundwater samples above and below the tidal marsh deposits. 
Evaluation indicated that the tidal marsh desposits were less 
effective in removing heavy metals than expected, but were 
effective in preventing migration of organic compounds into 
underlying sand deposits. Total volatile organics, (TVO), and 
total halogenated volatile organics, (TVHO), were reduced from 
72,440 ug/1 to 27 ug/1, and 867 ug/1 to <10 ug/1 in some cases. 
Organic carbon content in the tidal marsh deposits averaged 2.2%. 
Decomposition of the organic fraction yielded acids which reduced 
pH to as low as 3.3 Consequently, the tidal marsh deposits were 
ineffective in removing heavy metals, but remained effective as 
an hydraulic barrier. Our studies showed that the soils 
effectiveness to mitigate groundwater degradation from heavy 
metals and organics can be gauged by evaluating the soil's 
chemical and physical properties. 

INTRODUCTION AND PURPOSE Such factors include; 

Tidal marsh deposits 
consisting of organic silt 
and clay are generally con­
sidered effective hydraulic 
barriers to ground water 
flow and having the adsorp­
tive capacity to retain dis­
solved heavy metals and or­
ganics. However, natural 
factors may alter, negate 
or reduce these properties. 

• Soil pH, cation exchange 
capacity, and total organic 
carbon 

• Inclusions in the deposits 
(pockets of sand and/or shell 
fragments) 

• Discontinuities within the 
silt and clay deposit 
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• Hydraulic conductivity of 
deposits 

This paper addresses our 
findings on soil pH, CEC, and 
TOC and their effects on the 
adsorptive capacity of tidal 
marsh deposits. 

Gibbs & Hill completed a 
hydrogeologic study at three 
municipal landfills located 
in the New York Metropolitan 
area. The investigation aimed 
at assessing the impacts of 
landfill-generated leachate 
on local aquifers and bay 
waters. 

At each landfill, the 
stratigraphic sequence 
consisted of the following 
(see Figure 1): 

Figure 1 

LANDFILL STRATIGRAPHIC SEQUENCE 

Waste Layer 

Leachate Mound 

Tidal Marsh Deposits ^ 

Upper Glacial Sand 

"t^SL-'f^ean Sea Level 

• Water Table Aquifer: 
(Leachate Mound) 

• Confined Aquifers: Upper 
Glacial, Jameco, Magothy, 
and Lloyd (top to bottom) 

Of these aquifers, the study 
focused on the Upper Glacial. 

Ground water level measur-
ments within the aquifers varied 
as follows: 

• Leachate mound: 8' to 11' 
MSL (Mean Sea Level) 

• Upper Glacial Aquifer: -2 to 
-6' MSL 

The difference between 
piezometric heads caused a down­
ward driving force, which 
resulted in leakage of ground 
water and landfill leachate 
from the leachate mound into 
the Upper Glacial Aquifer, 
through the tidal marsh deposit. 

Chemical soil t 
performed on sample 
tidal marsh deposit 
Upper Glacial sands 
marsh deposits cons 
of silt and clay wi 
lenses of fine sand 
Organic content inc 
materials and layer 
Upper Glacial sands 
mainly of sand and 

esting was 
s from the 
s and the 
. The tidal 
isted primarily 
th occasional 
and shells, 
luded humic 
s of peat. The 
were composed 
gravel. 

• Municipal waste: 30' to 120' 
• Tidal marsh deposits: 5'-12' 
• Hydraulic fill: 5' 
• Wisconsin-Age glacial out-
wash sediments (Upper Glacial 
sand aquifer) to 150' 

• Other Pleistocene and Cret­
aceous Sediments 

• Pre-Cambrian crystalline 
bedrock 

The aquifers underlying 
each site are: 

Municipal refuse makes up 
the bulk of the material disposed 
at the landfills. Daily disposal 
rates run as high as 9,500 tons 
at the largest landfill, 297 
acres. Waste oil was applied to 
landfill roads in earlier years 
to control road dust. Illegal 
dumping of hazardous wastes 
occurred at all three sites; and 
5,000 fifty-five gallon drums 
containing wastes of paint pig­
ments and solvents, were recently 
unearthed at one location and 
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waste oil laced with PCB's 
at another. 

Aquifer between -110 and -140 
feet below mean sea level. 

APPROACH EVALUATION FACTORS/PROBLEMS 

Fifteen soil samples were 
obtained during the install­
ation of ground water 
monitoring wells. Samples 
were collected using a 
steel split-spoon sampler 
and undisturbed samples 
were retrieved using a 
brass thin wall "shelby" 
tube. 

Samples were sent to the 
lab and analyzed for: 

• pH 
• Cation Exchange Capacity 

(CEC) 
• Total Organic Carbon (TOC) 
• Hydraulic conductivity (K) 
• Grain size distribution and 

identification. 

Well water samples from 
above (U wells), and below (S 
wells), the tidal marsh depo­
sits were compared for heavy 
metals and organics. The 
results were then examined 
against soil sample test 
results, and the physical 
character of the tidal marsh 
deposits. We gauged the 
effectiveness of the tidal 
marsh deposits to filter 
heavy metals and organics 
based on these comparisons. 

A total of 55 wells 
were used in this study. 
Wells above the tidal marsh 
deposits numbered 32 and were 
located between +1.0 and -7.0 
mean sea level - just above 
the deposits. The 23 S wells 
were placed between -30 and-40 
feet below mean sea level in 
the Upper Glacial Aquifer. 
The remaining 10 wells were 
placed in the Upper Glacial 

A number of factors are 
extremely important to consider 
when assessing the potential of 
the deposits to mitigate wastes. 
First, the information obtained 
may be used to obtain a relative 
measure of effectiveness against 
chemical migration. Second, in 
order to properly evaluate the 
soil chemical data, it is essen­
tial to get an accurate picture 
of the deposits. 

Large voids, windows or sig­
nificant layers of coarse materials 
allow ready movement of leachate 
from one layer to another. If these 
are not recognized and their 
dimensions and character known, 
even favorable CEC, pH and TOC 
data may yield erroneous inter­
pretations. In addition, undis­
turbed samples should be examined 
to see what portions are the most 
frequently occurring, and which 
portions show the outside range 
of variability in the samples. 
Third, it is important to test CEC 
at ambient pH in addition to pH 7. 
This is important because the soils 
should be evaluated under in-situ 
conditions, conditions unlikely to 
change in the near future. 

One problem we had was the 
lack of leachate extraction analy­
ses on the soil samples. This 
information would have given a 
better account of where the metals 
and organics were moving and how 
much was being sorbed. 

RESULTS 
Cation Exchange Capacity 

The tidal marsh deposits 
samples had CEC values of 7.0 to 
237 milliequivalents (me)/100g 
soil, with most values falling 
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between 39 and 184 me/lOOg. 
These values are relatively 
high and were attributed to 
humus content of the soil. 

CEC values in the Upper 
Glacial sand ranged from 0.6 
to 59 me/lOOg, with an average 
CEC of 22 me/lOOg. 

Overall, CEC values in the 
tidal marsh deposits were one 
order of magnitude greater 
than in the Upper Glacial sands 
(See Table 1). 

TABLE lA 
TIDAL HARSH DEPOSITS 

SOILS CHEMISTRY: pH, TOC, CEC 

Sample 
Data 

WeLl So. 

pH 

TOC, ug/g 

CEC, 
neq/lOOg 
9 pH 7 

Material 
Type 

Landfill 1 

HF102D 

3.6 

27,100 

184 

ML-1 

IHFlll 

1 3.6 

114.900 

1 237 

IML-2 

HE201 

3.5 

1,600 

24 

SM-SC 

• 

Landfill 2 

HP203U 

5.5 

20.aoo 

175 

HL-CL 

HE202S 

3.5 

7,580 

39 

CL 

Landfill 3 

HE203S 

4.8 

1,010 

7 

ML-3 

IHE203S 

13.3 

125,500 

1 180 

IHL-4 

Hateriai Type: 

HL-2: 
SH-SC; 

f.L-CL: 
CL: 

ML-4: 

Soit grey sili, some clay, trace she!I fragmen-s. 
Soft grey silt, little clay, trace peat, 
Olive brown medium sand, some silt grading to well 
gr aded sand with trace silt, clay and gravel. 
Silt and Clay with an eight inch layer of shell fragments. 
Clay with some silt, trace fine sand, grading to fine 
sand and little silt. 
Si It with little clay and shel1 fragments, trace very 
fine sand. 
Si it and clay, 

TABLE IB 
UPPER GLACIAL SANDS AQUIFER 

SOILS CHEMISTRY: pH, TOC, CEC 

Sample 
Data 

Well No. 

pH 

TOC, ug/g 

CEC, 
meq/lOOg 
9 pH 7 

Material 
Type 

Landfill 3 Landfill 2 

HF102D' 

3.S 

550 

20 

SM-1 

I 1 
I I I 

HF115 IHF201S IHP201 |HP203 

( I I 
6.6 1 6.0 15.9 16.1 

I I I 
410 I 750 I 600 1 420 

I I I 
I I I 
I I I 

59 I 152** I 0.6 1 8 
i I I 

SM-2 ISP-SW ISW-SP I SW 
1 I I 

tiP204 

6.5 

960 

Landfill 3 
1 
I 

E202S IKE204S 
I 
I 8.3 
I 
I 780 
I 
! 

3.0 

320 

SM-4 ISM-SW 

Above Tidal Marsh Deposits - Sot part of Upper Glacial Sands 
Aquifer 

* Possible sample contamination 

Material Type: 

SM-l; Brown fine to medium sand, dense, little silt. 
SM~2; Brown mediun to coarse sand, moderately dense, little silt. 
SP-SW: Grey medium to coarse sand, slightly dense with trace silt 

and some gravel. 
SW~SP: Grey medium to coarse sand, slightly dense, trace silt and 

fine gravel. 
S'W; Fine to coarse sand with trace silt and fine gravel. 
SM^3: Olive brown medium to coarse sand, loose, with trace silt 

and brick fragments. 
SH-'4: Fine to medium sand with some silt. 
SM^SW: Fine CO coarse sand with trace S i l t . 

Soil pH 

Low values for soil pH 
(acid conditions) indicated in­
creased potential for mobility 
of metallic ions. 

Tidal marsh deposits samples 
exhibited soil pH values of 3.3 to 
5.5, with most of the samples being 
extremely acid (pH <4.5) (USDA, 
1951). pH in the Upper Glacial 
sands ranged from extremely acid to 
moderately alkaline (pH 3.0-8.3), 
but most samples were in the 
medium to slightly acid range 
(pH 5.6 to 6.6). 

Lower pH values in the 
tidal marsh deposits were attri­
buted to acids produced from 
decomposing organic matter. 

The pH in groundwater samples 
above the tidal marsh deposits 
ranged between 5.3 and 7.8. Below 
these deposits they ranged between 
6.2 and 7.4. 

Soil Organic Carbon 

The organic carbon content 
affects a soil's potential to 
remove contaminants by provid­
ing sites for ion exchange 
and adsorption, as well as en­
hancing its capacity to filter 
out suspended particles, such 
as PCB's (Weber et al, 1983). 

TOC content of the tidal 
marsh deposits ranged between 
0.10 to 2.7%, with a average of 
approximately 2.2%. 

The TOC of the Upper 
Glacial sands was much lower, 
ranging between 0.03 and 0.16%, 
with an average of 0.07%. 
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Relationship between pH, TOC and 
CEC 

A balance exists in the soil 
between the pH, CEC and organic 
matter content. The two compo­
nents of CEC are: 

• pH-independent CEC: 

This component is deter­
mined by the cations which are 
fixed in the soil mineral 
during formation. 

• pH-dependent CEC: 

This component is related 
primarily to the organic fraction 
of the soil, particularly organic 
functional groups associated 
with the humus. As the pH 
increases above 5, these groups 
increase their ability to adsorb 
metallic ions. 

The tidal marsh deposits in 
our study included both CEC com­
ponents. Four samples with TOC 
content greater than 1% had high 
CEC values of 175 to 237 me/lOOg. 
Three samples with less than 1% 
TOC content had CEC's of 7.0 to 
39 me/lOOg. 

The Upper Glacial sands had 
little or no organic matter 
content, and low CEC values. TOC 
ranged from 0.03 to 0.1% and CEC 
values ranged from 0.5 to 59. 
me/lOOg. Consequently, CEC values 
in the Upper Glacial sand layers 
were mostly pH-independent. 

Soil Attenuation Potential 

Soil attenuation potential 
results from a combination of 
chemical and physical factors. 
Due to the large differences in 
pH, CEC, TOC and physical charac- . 
teristics, attenuation in the 
tidal marsh deposits and Upper 
Glacial sands in our study 
differed as discussed below. 

Tidal Marsh Deposits 

Attenuation potential 

appeared to be limited. Despite 
thickness (5' to 12') and 
relatively high TOC >1%), the 
water quality data did not show 
any consistent reduction of heavy 
metals attributable to this layer, 
as evidenced by a comparison of 
heavy metal concentrations between 
water samples from above and below 
the tidal marsh deposits. 

At landfill 1, Ni 
trations at 102U were 5 
276 ug/1 at 102S. In w 
Cr concentration was 38 
while at 104S it was 32 
landfill 2, Sb concentr 
lOlU were 540 ug/1 and 
at lOlS. At 103U Cd wa 
and 38 ug/1 at 103S (Se 

concen-
0 ug/1 and 
ell 104U, 
ug/1, 
ug/1. At 
ations in 
500 ug/1 
s 28 ug/1 
e Table 2). 

Heavy metal concentrations in 
groundwater samples were generally 
one-order of magnitude greater 
than background bay water samples 
taken near the bay center and in­
let. Background bay water sam­
ples taken near the landfill were 
generally close in heavy metal 
content to the groundwater samples. 
Tidal fluctuations, which bring 
bay water through the Upper 
Glacial sands toward the land­
fills, may explain why some wells 
show concentrations of heavy 
metals which are greater below 
the tidal marsh deposits than 
above. It is also possible that 
very low pH levels are causing 
a release of metals at some 
locations. 

Measurements taken at moni­
toring wells above the tidal marsh 
deposits showed the effect of 
tidal fluctuations on the leachate 
mound to be negligible. Below 
the tidal marsh deposits ground 
water levels ranged between 0.95 
and 2.57 feet. 

l i 
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TABLE 2 

1981* GROUNDWATER QUALITY, { ug /1 i n d pH In u n i t s ) 

U N D f I L L 1 

w e l l , I St) I A3l Ba I Cdl Cr I Cu (Pb I Hg f NI I Sol Ag ) Tfi j zn IpH 
HF: 1(10011(2111 10)1 | U | 1(20)11201 I I U O I K O . I I I I u a i 1(21 K U O I K 100)1 I 

. 1 I j I I I I I I I I 
I I 

SI 100 I 
I I 

L I S I 
I I 

L I 101 
I I 

L I SO I L 

I I 
102 SI U60 I L I L I HOI 32 I L I 2X01 

103 Ul L I 
I I 

103 51 2U0 I 

10U Ul L 

I 
I 

I L I 

ion SI 220 I L I 
I I I 

201 Ul L 1 6 1 
I I I 

201 SI 220 I L I 
I I I 

L I 261 
I I 

L I 201 
I I 

L I 361 
I I 

L I 6 I 
I I 

L I 21 I 
I I 

I 51 I L I 
I I I 
I 76 I 1101 
I 

;u I 80 I 
I I I 

32 I 70 I 2001 
I I I 

U6 I 50 I 60 1 
I I I 

28 I 57 I 1701 
I I 

I 92 I 
I I 
I 50 I 
I I 
1276 I 

I I 
1210 I 

1270 I 
I I 
1198 I 
I I 
1198 I 
I I 

I 
U 1 

U I 
I 

L 
I 

I I 
I 8UI 

I 301 6 
I I 
1 521 6 
I I 
I 68 1 6 

I 
I 220 I 581 
I I I 

L 1 120 13581 
I I I 

L I 3U0 I 521 
I I I 

L I L I 761 
I I I 

L I 2U0 I U3I 
I I I 

w e l l , 1 Sb 1 AS 
Hf: 1 (100)1(21 

1 1 
1 

101 Ul 

101 St 

102 Ul 

102 SI 

103 Ul 

103 SI 

201 Ul 

201 SI 

203 Ul 

203 SI 
1 

510 

500 

200 

L 

L 

uoo 

L 

180 

L 

380 

L 

L 

6 

L 

L 

L 

L 

L 

L 

L 

LANOriLL 2 

Be 1 Cal Cr 1 Cu 1Pb 1 Hg 1 NI 1 Se1 Ag | Th IZn IpH 
( 1 0 I I | U ) 1 ( 2 0 ) I ( 2 0 ) I ( U O ) I ( 0 , 2 | I ( U O | I ( 2 ) I ( 1 | 0 ) I ( 1 0 0 ) I 1 

I l l l l I I I I I I 
1 

101 

181 

261 

L 1 

29 1 

381 

6 1 

lU I 

261 

361 
1 

62 

UB 

38 

L 

26 

52 

22 

20 

28 

Ii6 

50 

L 

L 

L 

L 

L 

L 

L 

L 

L 

1 1 
1 IHOI 

1 KOI 

1 1201 

1 L 1 

I 1001 

1 2201 

1 601 

1 1201 

1 1201 

1 1801 
1 1 

2 1112 

1 9U 

1 He 

1 L 

1 56 

1110 

I22>l 

1188 

1 60 

1 90 L 1 

L 

L 

L 

L 

L 

L 

mo 

L 

L 

L 

1 1 
1 721 6 .7 

I U6I 7.2 

1 281 7,2 

1 L 1 6 ,5 

1 621 7 ,0 

1 661 6 .7 

noui 7,U 

1 561 6 , 2 

1 961 7,0 

1 561 7 ,0 
1 1 

• Reduction and subsequent in­
creased mobility of cations 
caused by saturated (anerobic) 
conditions. 

• Physical gaps and inclusions of 
more permeable sediments in the 
tidal marsh deposits allow 
leachate to percolate directly 
into the Upper Glacial sands. 

Large differences in concen­
trations of total volatile or­
ganics were found in water above 
and below tidal marsh deposits. 
It appeared that the relatively 
high TOC content of the tidal 
marsh deposits caused this reduc­
tion; a result of the affinity of 
organic material in the deposits 
for hydrophobic compounds contain­
ed in leachate (See Table 3). 

TABLE 3 

. I Sb 
1(1001 

101 Ul L 
I 

101 SI luO 
I 

102 Ul 320 
I 

102 SI 760 
I 

103 Ul 120 
1 

103 511,560 
1 

202 Ul 220 
I 

202 Si L 
I 

203 Ul -

B« I Cdl 
|101I(U||( 

I I 
- I 201 

I I 
- I 6 I 

I I 
L I L I 

I I 
L I 181 

I I 
L I L I 

I I 
L I 101 

I I 
L I L I 

I I 
L I It6l 

1 1 
L I L I 

I I 
L I L I 

I I 
L I 301 

I I 
- I 301 

Cu IPb \ h 
:201 I(UO1 11 0 

I l _ 
I 

1001 

1 I 
I 80 I 
I I 
I L I 
I 1 
I SO I 
I I 
1 80 I 
I I 

60 I 
1 

L 1 
I 

L I 

Ag I Th IZn IpH 
(UOIIdOOll I 

I I I 

- I 661 
I I 

- 1 5UI 
I I 

L I 701 
I 1 

L I 961 
I I 

L I 821 
I I 

L I 721 
I I 

L IIUOI 
I I 

3H0 i n u i 
I I 

L 11321 
I I 

L I 5UI 
I 1 

- I 101 
I I 

- i 3 o m 
I I 

L = Less than detection limit 
( 1 = Detection Iini t 

The lack of contaminant 
removal by the tidal marsh de­
posits is believed to be due to; 

• High acidity in the tidal 
marsh deposits which lowers 
the effective CEC. 

TOTAL VOLATILE ORGANICS (TVO) 
TOTAL VOLATILE HALOGENATED 
ORGANICS (TVHO) 

L a n d ­
f i l l 

3 
3 

3 
3 

3 
3 

2 
2 

2 
2 

W e l l 

3 N 
3 N 

1 0 1 
101 

103 
103 

102 
102 

2 0 1 
2 0 1 

S 
U 

U 
S 

U 

s 
u 
s 
u 
s 

TVO 
( 1 0 ) 

246 
L 

4 9 , 0 8 3 
3 , 3 9 0 

L 
181 

1 ,540 
L 

7 2 , 4 4 0 
27 

TVHO 
( 1 0 ) 

L 
L 

3 1 , 7 7 5 
2 , 5 4 9 

L 
L 

82 
L 

867 
L 

High concentrations of Na, 
Al and Mn present in the bay 
water, and released from soil 
at low pH, compete for 
adsorption sites. 

L = Less than Detection Limit 
() = Detection Limit 
U = Well in Leachate Mound 
S = Well in Upper Glacial Sand 
Values in ug/1 
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Upper Glacial Sand 

The Upper Glacial sand layer 
has a very low potential for-
attenuating the passage of con­
taminants because of: 

• Large particles size (low clay 
content) and low CEC 

Weber, W.J., Jr., Voice, T.C, 
Pirbazari, M., Hung 
G.E., Ulanoff, D.M., 1983 
Sorption of Hydrophobic 
Compounds by Sediments, 
Soils and Suspended Soils 
II, Water Resources, Vol. 
No. 10, pp. 1443-1452. 

• Low organic matter content 

These factors result in a medium 
which has little or no capacity 
to attenuate wastes. 

SUMMARY 

Overall attenuation potential 
in the tidal marsh deposits was 
low. Unfavorable pH, high con­
centrations of competing ions, 
and anerobic conditions resul­
ted in deposits which have a low 
capacity to attenuate heavy metals 
in leachate. The tidal marsh 
deposits apparently accomplished 
some removal of dissolved organic 
compounds, but the most signifi­
cant effect was the physical 
restriction of the vertical flow 
of leachate from the landfill to 
Upper Glacial sand. 
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